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ABSTRACT 

The value of controlling nitrogen (N) and its impact on water quality are frequently 

contested, partly due to inconsistencies in the effects of N pollution depending on the 

form, amount, and seasonal conditions in which it is released to freshwater ecosystems.  

This thesis aims to shed light on some of those differential effects, and advance our 

understanding of the seasonal variation in the impacts and drivers of N pollution to 

prairie lentic and lotic environments.     

 In my first chapter, I evaluate the seasonal and differential effects (i.e., 

suppression vs stimulation) of NH4
+ on phytoplankton abundance, using 16 years of 

nutrient bioassay experiments, conducted bi-weekly during the open water season.  

Phytoplankton biomass was significantly affected by NH4
+ amendment in 44.8% of the 

experiments, and generalized additive models (GAMs) demonstrated that the the seasonal 

patterns of phytoplankton response showed a marked rise in the occurrence of both spring 

suppression and summer stimulation over the study period.  Binomial logit GAMs 

demonstrated that the likelihood of NH4
+ suppression of phytoplankton growth increased 

with abundance of siliceous algae, cryptophytes, and unicellular cyanobacteria, when 

water temperatures and soluble reactive phosphorus (SRP) concentrations were low, 

while stimulation of phytoplankton growth was more likely when chlorophytes and non-

N2-fixing cyanobacteria were abundant, and temperatures and SRP concentrations were 

high.   

 In my second chapter, I present the results of a series of 22 factorial urea and 

phosphorus (P) fertilization experiments, conducted monthly from ice-off to ice-

formation in 3000-L mesocosms.  These mesocosm experiments were also run in tandem 
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with NH4
+ bioassays to compare the seasonal effects of urea pollution with those of NH4

+.  

Results showed that addition of P alone had no significant impact on either 

phytoplankton abundance or community composition, but that urea, alone or concert with 

P, consistently increased abundance of cryptophytes, chlorophytes, and non-diazotrophic 

cyanobacteria in spring, and abundances of chlorophytes and non-diazotrophic 

cyanobacteria in the summer and early fall.  Comparison of urea mesocosms with NH4
+ 

bioassays demonstrated that urea lacked the inherent toxicity of NH4
+ in cool waters.  

 In my final chapter, I identify the temporal and spatial patterns in urea export 

along a 250-km lotic continuum in the NGP, using three years of data collected bi-weekly 

from May-September, and investigate the hydrologic, land use, and instream drivers of 

urea concentration.  I found that urea concentrations were elevated compared to 

previously studied lentic systems in this region, and ranged from 5.2 – 792.1 μg N L-1.  

Significant differences in longitudinal patterns of urea concentration emerged over the 

course of the open water period (F(6, 290) = 8.183, p < 0.001), and were mediated by 

interactions between hydrology, land use inputs, and internal processing.  Contrary to 

expectations, I detected no significant effect of wastewater effluent discharge on instream 

urea concentrations during low and moderate discharge rates.  Instead, average porewater 

urea concentrations ̅ = 528.5 μg N  L-1, SD = 229.8 μg N L-1) were over five times 

higher than instream concentrations, emphasizing the importance of hyporheic sources.   

 Together, these three studies provide a comprehensive assessment of how the risk 

of N pollution to water quality in the NGP varies across the open water season, and 

informs a series of recommendations, provided in Chapter 5, for future water quality 

management.   
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CHAPTER 1. INTRODUCTION 

1.1  General Background and Rationale 

Human activity has increased the pool of reactive nitrogen (Nr) in the biosphere over 10-

fold since the late 19th century (Galloway et al. 2004; Schlesinger 2009; Houlton et al. 

2012).  In turn, this increase has been linked to eutrophication of marine, coastal, and 

freshwater ecosystems, alike (Rabalais et al. 2002; Howarth and Marino 2006; Leavitt et 

al. 2006; Savage et al. 2010).  Though traditionally considered to be limited primarily by 

phosphorus (P) (e.g., Dillon and Rigler 1974; Schindler 1977; reviewed in Schindler 

2006), extensive evidence has shown that phytoplankton growth is also affected by inputs 

of N (e.g., Elser et al. 2007; Lewis and Wurtsbaugh 2008; Abell et al. 2010), particularly 

in systems already enriched with P (McCauley and Downing 1992; Leavitt et al. 2006; 

Bunting et al. 2007; Paerl et al. 2015).  However, despite increasing evidence of the 

effects on N on algal growth, debate persists over whether management of single (i.e., P) 

or dual (i.e., N and P) nutrient inputs should be implemented to maintain and improve 

water quality (Paerl et al. 2016; Schindler et al. 2016).  This is especially relevant to 

freshwater resources in the northern Great Plains (NGP), where waterbodies are enriched 

with P from over 100 years of intensive agriculture and naturally P-rich soils, and 

existing land use is dominated by N-intensive crops (Hall et al. 1999a).  As such, clear 

evidence on the conditions under which N further degrades water quality is necessary to 

inform effective management of freshwater resources in this region.   

 A central paradigm in limnology is Liebig's Law of the Minimum, a concept 

based on agricultural research and popularized by Justus von Liebig in 1840, which 
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proposes that the growth of primary producers is limited by the resource that is in lowest 

supply relative to demand (Sprengel 1937, as reviewed in Browne et al. 1942).  

Accordingly, over the past decades researchers have studied how changes in the relative 

availability of nutrients from ratios optimal for phytoplankton growth (e.g., Redfield 

1958) influence resource competition, community composition, and ultimately the 

structure and function of aquatic ecosystems (reviewed in Sterner and Elser 2002).  

Previously identified thresholds between P and N limitation of phytoplankton growth 

generally coalesce around a N:P mass ratio of ~20:1 (e.g., OECD 1982; Smith et al. 

1995; Guildford and Hecky 2000; Finlay et al. 2010; Donald et al. 2011); however, much 

of this research has been based on summer growth conditions.  In contrast, impacts of 

available N:P are expected to vary seasonally, as cellular requirements of N:P differ 

among phytoplankton taxa (Tilman et al. 1982; Klausmeier et al. 2004; Dickman et al. 

2006) and change with environmental conditions, such as light and temperature (Elrifi 

and Turpin 1985; Wynne and Rhee 1986; Sterner and Elser 2002).  As a result, 

understanding the seasonal dynamics of phytoplankton response to N pollution is needed 

to fully evaluate the timing and effectiveness of dual N and P versus P-only control 

initiatives, particularly in freshwater ecosystems already enriched with nutrients.   

 Of the bioavailable forms of N, ammonium (NH4
+) is classically considered the 

preferred form for phytoplankton growth because it can be synthesized directly into 

amino acids, and is more easily transported into the cell than other forms of N, such as 

NO3
-, which must be reduced before it can be incorporated into cellular structures (Finlay 

et al. 2010; reviewed in Glibert et al. 2016).  At the same time, excess inputs of NH4
+ 

have also been observed to have the paradoxical effect of repressing phytoplankton 
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growth under certain circumstances (Azov and Goldman 1982; Parker et al. 2012a; 

Dugdale et al. 2013; Glibert et al. 2016).  Although NH4
+ suppression of algal growth has 

mainly been observed in laboratory and marine systems, evidence suggests that 

suppression may be taxa specific, with cool-water adapted diatoms being more 

susceptible than cyanobacteria or chlorophytes (reviewed in Collos and Harrison 2014; 

Glibert et al. 2016).  However, little is known about the effects of excess NH4
+  on 

phytoplankton growth in freshwater ecosystems (e.g., Dai et al. 2012), even in 

agricultural and urban dominated catchments where runoff from crop production (Cade-

Menum et al. 2013; Corriveau et al. 2013) and discharge of wastewater effluents 

(Holeton et al. 2011; Cozzi et al. 2014; Kaushal et al. 2014) have resulted in instream 

concentrations of dissolved inorganic nitrogen (DIN) that frequently exceed thresholds 

for protection of aquatic life (CCME 2010, 2012; Waiser et al. 2011).  As such, increased 

understanding if, and under which conditions, excess N may have differential effects on 

phytoplankton growth and community composition is needed in order to effectively 

manage water quality in nutrient enriched freshwaters. 

 Fluxes of N to freshwater ecosystems have increased ~five-fold since the pre-

industrial period (Green et al. 2004) and have been caused primarily by the increased use 

of N-based fertilizers (Galloway et al. 2008).  In turn, fertilizer use has increased over 

100-fold in the last sixty years alone (Glibert et al. 2006).  Currently, over 50% of global 

N fertilizer is applied as urea because of its low cost, ease of manufacturing and 

transportation, and chemical stability compared to ammonium-nitrate fertilizers (Glibert 

et al. 2006).  Relative to other forms of N, assimilation of urea may be energetically 

advantageous, as its decomposition products include two molecules of NH4
+ and one 
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molecule of CO2 (Finlay et al. 2010), it can enter cells via diffusion rather than active 

transport (Valladeres et al. 2002), and does not require production and maintenance of 

specialized cellular structures (e.g., heterocysts and nitrogenases; Flores and Herrero 

2005; Finlay et al. 2010).  Recent studies show that fertilization of P-rich waters with 

urea stimulates growth of chlorophytes and non-diazotrophic cyanobacteria at the 

expense of N2-fixing cyanobacteria (Finlay et al. 2010; Bogard 2011; Donald et al. 2011), 

and that effects of urea pollution on summer phytoplankton biomass and community 

composition may be comparable to those of NH4
+ pollution (Donald et al. 2011, 2013).  

However, available research on the effects of urea on water quality in agricultural regions 

has been focused on late summer conditions (i.e., August-September; Finlay et al. 2010; 

Donald et al. 2011; Bogard et al. 2012), when diffuse urea fluxes associated with 

fertilizer application, tillage, and cultivation activities are likely to be limited by low 

seasonal precipitation and watershed exports (Pomeroy et al. 2007; Cade-Menum et al. 

2013; Corriveau et al. 2013).  Furthermore, it is unknown whether urea may selectively 

suppress phytoplankton growth under cool seasonal conditions, as has been observed in 

marine systems with its decomposition product, NH4
+ (Glibert et al. 2016).  Thus, 

detailed information on the impacts of urea pollution on phytoplankton growth and 

community composition across seasonal conditions, as well as the processes that 

influence its transformation (Siuda et al. 2016), is required to evaluate how 

environmental risks vary with the timing and form of N released to surface waters.  

 Despite emerging evidence of the impacts of urea on freshwater ecosystems 

(Glibert et al. 2006; Finlay et al. 2010; Donald et al. 2011; Belisle et al. 2016), limited 

research has been undertaken to identify the watershed sources and hydrologic, physico-
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chemico, and biogeochemical drivers that regulate its export to downstream receiving 

waterbodies.  Depending on agricultural practices and environmental conditions (e.g., 

addition of urease-inhibitors to fertilizer, or fertilizing immediately prior to irrigation or 

rainfall), as much as 40% of urea fertilizer applications can be lost to downstream aquatic 

ecosystems, particularly during pluvial periods (Siuda and Chróst 2006; Glibert et al. 

2006; King et al. 2017).  Once in the water column, phytoplankton uptake is generally 

considered to be the dominant loss process of urea (Mitamura and Saijo 1986; Glibert et 

al. 2006; Bronk et al. 2007; Solomon et al. 2010).  In contrast, heterotrophic bacteria are 

often considered net producers of urea (Mitamura and Saijo 1986; Berman and Chava 

1999; Solomon et al. 2010), although they may also act as a substantial sink, particularly 

in eutrophic waters (Park et al. 1997; Jørgenson 2006; Solomon et al. 2010; Ziegler 

2011).  In turn, the benthos may play a significant role in the availability of urea in the 

water column, as degradation of urea in the sediments can be higher than in either the 

periphyton or water column (Thorén 2007).  Further, recent evidence has shown that 

surficial sediments may also be a source of urea to the water column, particularly under 

warm temperatures and low hydrologic discharge rates (van Kessel et al. 2009; 

Tzilkowski 2013; King et al. 2017).  As such, export of urea is expected to be highly 

seasonal (Glibert et al. 2006), particularly in northern regions where fertilizer application 

tends to occur in spring when low temperatures, reduced microbial and enzymatic 

activity (Siuda and Chróst 2006), and elevated runoff (Pomeroy et al. 2007; Pham et al. 

2009) reduce urea hydrolysis to NH4
+ and favour terrestrial export (Swensen and Singh 

1997; Silva et al. 2005; Di and Cameron 2008).  With global populations projected to 

increase another 30% over the next 30 years (Millennium Ecosystem Assessment 2005), 
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use of nitrogen-based fertilizers is expected to continue to increase in order to meet food 

demands (Tilman et al. 2001; Millennium Ecosystem Assessment 2005; Borlug 2007), 

emphasizing the clear need to characterize the linkages between land use and instream 

urea concentrations, and the drivers of urea transport to downstream receiving waters.  

 

1.2  Thesis Objective and Organization  

The objective of my thesis is to advance our understanding of the impacts of N pollution 

on freshwater lakes and rivers.  My research focuses on the consequences of the amount, 

form, and timing of N pollution to water quality, and aims to provide information to 

refine management strategies and minimize the risks of further eutrophication in the 

NGP.  These topics are investigated in the following three chapters, and are presented as 

independent manuscripts.   

 In Chapter 2, I quantify the net effect of excess NH4
+

 supply on phytoplankton 

growth using data from 16 years of bi-weekly nutrient addition bioassay experiments, and 

evaluate how the effect varies through time with physico-chemical conditions and 

community composition.  Additionally, I provide evidence to support a hypothesized 

regulatory mechanism of NH4
+ suppression of phytoplankton growth in freshwater 

ecosystems.  In Chapter 3, I quantify the magnitude and variability of the seasonal effects 

of urea pollution on phytoplankton abundance and community composition in a P-rich 

hypereutrophic lake.  I assess the effects of urea, alone and in combination with P 

amendments, using large-scale (3000-L) mesocosm experiments, repeated monthly from 

April to November.  I also compare the results of these mesocosm experiments to those 
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from concurrently run NH4
+ bioassay experiments, to determine whether the form of N 

pollution, as urea and NH4
+, similarly affects phytoplankton abundance across seasonal 

conditions.  In Chapter 4, I quantify the seasonal patterns of urea export along a lotic 

continuum, based on three years of bi-weekly data collected during the open water 

season, with the aim of identifying the watershed sources and instream drivers of urea 

transport to downstream receiving waterbodies.  Finally, in Chapter 5, I provide a 

synthesis of the results, recommendations for water quality management, and avenues for 

future research.    
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CHAPTER 2.  STIMULATION OR SUPPRESSION: EVALUATION OF THE 

PHYSICAL, CHEMICAL, AND BIOLOGICAL FACTORS THAT CONTROL 

THE DICHOTOMOUS RESPONSE OF PHYTOPLANKTON TO AMMONIUM 

ENRICHMENT IN LAKES OF THE QU’APPELLE RIVER BASIN, CANADA 

2.1 Introduction 

Since the commercialization of the Haber-Bosch process in the 1940s, the global pool of 

manufactured nitrogen (N) has increased nearly 20-fold (Glibert et al. 2006, 2014a), 

resulting in large increases in runoff and atmospheric deposition of reactive N (Nr) to 

both freshwaters and coastal marine ecosystems (Duce et al. 2008; Holtgrieve et al. 

2011).  The combined effects of near-exponential increases in use of N-based agricultural 

fertilizers and growth of storm- and waste-water effluent discharge (Bernhardt et al. 

2008) have resulted in a more than double increase in total N-loads entering downstream 

river basins in many parts of the world (Green et al. 2004).  In turn, not only have 

increases in total N fluxes intensified eutrophication of many coastal (Rabalais et al. 

2002; Howarth and Marino 2006) and freshwater systems (Leavitt et al. 2006; Bunting et 

al. 2007; Glibert et al. 2014a; Paerl et al. 2015), but there has been a shift to increasing 

loads of chemically reduced forms of N, including ammonium (NH4
+), urea, and other 

organic forms, relative to chemically oxidized forms (i.e., nitrate [NO3
-]; Glibert et al. 

2006, 2014a, 2016, 2017).  With a growing global population, an anticipated doubling of 

fertilizer N production (Glibert et al. 2006, 2014a), and an escalating need for enhanced 

food production, the pool of Nr will roughly double again by 2050 (Galloway et al. 
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2008), emphasizing the need to better understand the impact of N pollution on freshwater 

and coastal marine resources.   

 While an extensive body of literature has shown that increasing loads of N may 

promote eutrophication and the development of harmful algal blooms (HABs) in marine 

systems (Glibert et al. 2006, 2014a; Howarth and Marino 2006; Zehr and Kudela 2011), 

the role of N in eutrophication of freshwater systems is often contested (Schindler et al. 

2008; Paerl and Scott 2010; Schindler et al. 2016; Paerl et al. 2016).  In part, different 

viewpoints reflect observations that phytoplankton response to N varies with the 

chemical form of added N (Glibert et al. 2014a, 2016), composition of the phytoplankton 

assemblage, and limnological conditions at the time of fertilization (Donald et al. 2011; 

Harris et al. 2014; Hayes et al. 2015).  For example, while NH4
+ is often considered to be 

most energetically favourable for cellular growth (Turpin et al. 1985; Raven et al. 1992; 

Flores and Herrero 2005) and has long been considered to be the preferred form of N 

(Ludwig 1938; Harvey 1953; McCarthy 1981; Raven et al. 1992), in situ primary 

production may also be selectively stimulated by fertilization with NO3
-
 and urea (Lomas 

et al. 1999a; Finlay et al. 2010; Glibert et al. 2006, 2014b) or even inhibited or 

suppressed by exposure to NH4
+ (reviewed in Dortch 1990; Flynn et al. 1997; Glibert et 

al. 2016).  Understanding the environmental and community characteristics under which 

NH4
+, and other forms of N, influence not only primary production but also 

phytoplankton biodiversity in freshwater and marine systems is needed to make effective 

water quality management decisions.   
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 The extent to which NH4
+

 may be stimulatory or suppressive to phytoplankton 

growth varies with ambient N concentration and phytoplankton community composition, 

among many other factors (Azov and Goldman 1982; Dugdale et al. 2007, 2013; Parker 

et al. 2012a; Glibert et al. 2016).  In vitro studies show that the threshold concentration 

for growth inhibition by NH4
+ varies widely within and amongst major taxonomic 

phytoplankton groups (reviewed in Collos and Harrison 2014; Glibert et al. 2016).  

Laboratory and field studies suggest that there are two primary mechanisms which may 

lead to suppression of growth, including direct toxicity from ammonia (NH3) which 

forms at high pH (Azov and Goldman 1982; Drath et al. 2008), or from the repressive 

effects of NH4
+ on nitrate (NO3

-) metabolism and maintenance of the energy balance of 

the cell (Lomas and Glibert 1999a; Glibert et al. 2016).  However, most unialgal in vitro 

studies do not consider the effects of rapid laboratory acclimation to added NH4
+, nor that 

species interactions in natural phytoplankton assemblages may modulate effects of NH4
+ 

suppression (Collos and Harrison 2014).  As such, studies are needed to unravel these 

mechanisms and identify the conditions under which NH4
+ either suppresses or stimulates 

phytoplankton abundance in natural communities, especially in freshwater lakes where 

anthropogenic NH4
+ and pH are increasing, but far less is known regarding these effects 

relative to marine ecosystems (Lomas et al. 1999a, b; Hall et al. 2005; Dugdale et al. 

2007, 2013; Parker et al. 2012a, b; Glibert et al. 2016). 

Direct inhibition of growth of phytoplankton by NH4
+ and NH3 may arise because un-

ionized NH3 may disrupt electrochemical gradients and photophosphorylation at high pH 

(Supporting Information Figure S2-1a, S2-1b).  Although ionic NH4
+ is dominant in 

circumneutral freshwater and marine systems, the relative abundance of NH3 increases 
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with pH, and to a lesser extent temperature, from 3.8% at pH 8.0 to 28.5% at pH 9, as the 

pKa is 9.25 (Trussell 1972).  Unlike NH4
+, un-ionized NH3 is lipid soluble and can 

diffuse into the cytoplasm where it can inhibit Photosystem II (PSII) by interacting with 

carboxylate groups coupled to the Mn4CaO5 cluster of the O2 evolving center (Supporting 

Information Figure S2-1b) (Azov and Goldman 1982; Britt et al. 1989; Boussac et al. 

1990; Tsuno et al. 2011; Hou et al. 2011; Apudo et al. 2016).  Although further research 

is needed to identify the unique intracellular effects of NH3 and NH4
+ (Collos and 

Harrison 2014), this pattern suggests that inhibition of phytoplankton growth should be 

more pronounced in lakes where pH and temperature are elevated.   

 The more environmental relevant route for NH4
+ suppression of growth is the 

reduction of phytoplankton productivity through disruption of pathways by which energy 

balance and redox of the cell is maintained, particularly NO3
- transport and assimilation 

(Supporting Information Figure S2-1a, S2-1c). This has been well documented in marine 

diatoms at environmentally relevant concentrations of NH4
+ (Lomas and Glibert 1999a, b; 

Parker et al. 2012a; Dugdale et al. 2013; Glibert et al. 2014b, 2016).  Under conditions of 

steady state or balanced growth, the assimilation of N and carbon (C), through 

photosynthesis, are generally in balance.  However, when photosynthetic cells (from 

phytoplankton to higher plants) are in conditions where there is an imbalance in uptake or 

assimilation of C relative to N, they have various processes by which they up-regulate or 

down-regulate metabolism in order to rebalance energy and nutrient acquisition and 

assimilation (Glibert et al. 2016).  One such mechanism is the use of NO3
- as an oxidant 

to dissipate the periodic overflow of electron energy through the activity of nitrate 

reductase (NR; Supporting Information Figure S2-1c). This process produces nitrite 
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(NO2
-), NH4

+ or even organic N compounds that may be released from the cell without 

contributing to growth (Lomas and Glibert 1999a,b). This dissimilatory NO3
- reduction 

(DNR) is often expressed at low temperatures or during shifts from low to high light, 

when C uptake and metabolism may be limited by temperature and when cells are unable 

to buffer sudden changes in the flow of electrons from the light reactions. The process of 

DNR may allow for dissipation of these ‘excess’ electrons that can otherwise be 

damaging to photosynthesis and cause photoinhibition or growth suppression.  However, 

the DNR pathway may be suppressed by NH4
+, which blocks the transport of NO3

- across 

the cell membrane, hastens the decay of existing NR and blocks further assimilation of 

new NR (Glibert et al. 2016; Supporting Information Figure S2-1c).  Once repression of 

NR occurs, the cell loses one of its important pathways for dissipation of excess electrons 

and maintenance of electrochemical gradients (Kobayashi et al. 2005; Kamp et al. 2011; 

Rossenwasser et al. 2014; Glibert et al. 2016).  The DNR mechanism has been shown to 

be particularly pronounced for diatoms, which are often found in cool spring blooms or 

upwelling conditions (Lomas and Glibert 1999a; Glibert et al. 2014b, 2016).  Under such 

conditions, exposure to NH4
+ at concentrations in excess of those that can be directly 

assimilated, may reduce both the assimilatory and dissimilatory pathways of NO3
- 

(Glibert et al. 2014b).  Accordingly, we can hypothesize that phytoplankton growth 

suppression may occur in lakes with increasing N pollution.  

 Physiological studies also suggest that phytoplankton sensitivity to NH4
+ also 

varies greatly among phytoplankton species.  In their review of unialgal studies and their 

sensitivity to NH4
+, Collos and Harrison (2014) found that diatom growth exhibited the 

greatest inhibition by NH4
+, followed by cyanobacteria and dinoflagellates, whereas 
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chlorophytes were the least sensitive to NH4
+. Larger-scale marine studies have also 

recorded either repression of NO3
- uptake and metabolism and/or suppression of diatom 

growth by NH4
+ perturbations, including NH4

+ pollution (Yoshiyama and Sharp 2006; 

Wilkerson et al. 2006; Dugdale et al. 2007; Xu et al. 2012; Parker et al. 2012a, b).  

Repression of NO3
- metabolism by NH4

+ is a phenomenon long documented in the 

marine literature (e.g., Morris and Syrett 1963; Dortch 1990; Cochlan and Harrison 1991; 

Lomas and Glibert 1999a). The net effect is that chlorophytes, cyanobacteria, and 

dinoflagellates (in marine systems) are favored under NH4
+ enriched conditions 

(reviewed by Collos and Harrison 2014; Glibert et al. 2016).  Further, summer 

experiments in eutrophic freshwaters and coastal lagoons demonstrate that NH4
+ favours 

growth of toxic non-N2-fixing cyanobacteria at the expense of diazotrophic taxa 

(McCarthy et al. 2009; Finlay et al. 2010; Donald et al. 2011; but see Dai et al. 2012; 

Shangguan et al. 2017a).  This has been shown to be, at least in part, because NH4
+ 

uptake inhibits NtcA transcription promoter activity and suppresses formation of 

heterocysts, while stimulating production of some phytoplankton toxins (Herrero et al. 

2001; Flores and Herrero 2005; Harris et al. 2016; reviewed in Glibert 2017).  As 

cyanobacteria are usually most common in warm, P-rich waters (Paerl and Scott 2010), 

these studies suggest that stimulation effects of NH4
+ should be most pronounced in lakes 

during late summer when non-N2-fixing species become more prevalent.  

 To better understand the potential for differential effects of NH4
+ on natural 

phytoplankton assemblages, I evaluated 241 bioassay experiments, which were 

conducted over a 16 year period, wherein NH4
+ was added in excess of growth 

requirements.  Given the perceived preference of phytoplankton for NH4
+ at the time this 
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study was designed, I expected that these experiments would provide a measure of the 

stimulation of productivity by added N; even though suppression or repression of growth 

had been documented, it was not an expected outcome given the few data for lake 

systems at that time. These experiments were conducted biweekly during May-August 

over 16 years in two eutrophic lakes.  These shallow, solute-rich, hardwater lakes are 

characteristic of inland lakes of continental interiors (Finlay et al. 2015), water bodies 

which comprise ~50% of inland waters by volume (Hammer 1986).  Although water 

security in these regions is already considered to be at high risk, lakes and rivers are 

expected to receive more NH4
+ pollution in the future due to continued urban growth and 

intensification of agricultural production (Vörösmarty et al. 2010).  Consequently, my 

main objectives were to quantify the net effect of excess NH4
+

 supply on phytoplankton 

growth, and evaluate how this pattern varies through time with physico-chemical 

conditions and community composition.  Secondly, I sought to determine whether effects 

of NH4
+ were more consistent with pH-, temperature- or community composition-

mediated regulatory mechanisms. The magnitude of change observed, the extent to which 

suppression of growth occurred, and the changes in the effects of the NH4
+enrichments 

over time that were documented were not expected. 

 

2.2 Methods 

Study area 

The two study lakes, Buffalo Pound Lake and Wascana Lake, are located within the 

Qu’Appelle River basin, a catchment which drains 52,000 km2 in southern Saskatchewan, 
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Canada (Figure 2-1).  Land use within the catchment is largely agricultural, with smaller 

areas of undisturbed grassland, surface waters and urban centers (Hall et al. 1999a; Finlay 

et al. 2015).  Regional climate is characterized as cool-summer humid continental 

(Köppen Dfb classification), with short summers (mean 19°C in July), cold winters 

(mean -16°C in January), and low annual temperatures (~1°C) with high seasonal 

variability (Leavitt et al. 2006).  Regional climate warming has increased mean 

temperatures ~2oC since 1900, resulting in a 35-day decline in ice cover, mainly 

expressed by earlier dates of ice melting (Finlay et al. 2015).  Spring snow melt accounts 

for 80% of annual surface runoff (Pham et al. 2009), leading to seasonally variable, but 

moderately low, water residence times (< 0.7 yr) (Table 2-1).  Both lakes are shallow and 

polymictic (McGowan et al. 2005), with a highly eutrophic status arising from elevated 

nutrient influx from naturally-fertile soils and regional agriculture (Patoine et al. 2006).  

Typical of hardwater lakes in the northern Great Plains (NGP), both Buffalo Pound and 

Wascana lakes are characterized by high summer pH (mean 8.9-9.0; maximum < 10.5) 

(Finlay et al. 2015); however the basins exhibit contrasting mean summer ratios of total 

dissolved nitrogen (TDN): soluble reactive phosphorus (SRP) of 29.9 and 5.8, 

respectively (Table 2-1). 

 Buffalo Pound Lake is a shallow natural water body that has been managed since 

the mid-1960s to supply water to the cities of Regina and Moose Jaw (Hall et al. 1999b).  

Beginning in 1967 and increasing at irregular intervals to the present, Buffalo Pound has  
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Figure 2-1.  Map of the Qu’Appelle River drainage basin including Buffalo Pound Lake 
and Wascana Lake, Saskatchewan, Canada.  Buffalo Pound receives water from Lake 
Diefenbaker and drains to the east via the Qu’Appelle River, whereas Wascana Creek 
drains into Wascana Lake within the City of Regina (black) before reaching a confluence 
with the Qu’Appelle River.  Heavy outline indicates maximum extent of drainage basin, 
while white and grey shading indicates contributing and non-contributing areas during 
the median flow year, respectively.  
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Table 2-1.  Morphometric, chemical, and biological characteristics of the two study lakes.  Data are mean values (standard deviation, 
in parentheses) of measurements taken between May - August of 1996 - 2011.  Abbreviations represent maximum depth (Z max), total 
dissolved- and soluble reactive phosphorus (TDP, SRP), total dissolved nitrogen (TDN), dissolved organic and total inorganic carbon 
(DOC, TIC), and chlorophyll a (Chl a).   

Lake Area 
(km2) 

Volume 
(106 m3) 

Water 
residence 

(yr) 

Zmax 
(m) 

TDP 
(µg P L-1)

SRP 
(µg P L-1)

TDN 
(µg N L-1)

DOC 
(mg  L-1)

TIC 
(mg L-1) 

Conductivity
(µS cm-1) 

pH Secchi 
depth 
(m) 

Chl a 
(µg  L-1)

Buffalo 
Pound 

29.1 87.5 0.7 4.3 

(0.3) 

29.0 

(21.1) 

16.3 

(19.5) 

488.6 

(142.4) 

7.5 

(4.2) 

32.1 

(4.8) 

477.0 

(211.4) 

8.9  

(0.6) 

1.2 

(0.7) 

32.5 

(39.7) 

Wascana 0.5 0.7 0.15 3.4 

(0.6) 

325.4 

(206.7) 

254.5 

(196.5) 

1423.3 

(668.2) 

18.0 

(7.7) 

41.7 

(12.3) 

938.3 

(418.9) 

9.0 

(0.7) 

0.8 

(0.5) 

44.8 

(44.5) 
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received surface flow from Lake Diefenbaker, a mesotrophic reservoir located west on 

the South Saskatchewan River (Figure 2-1).  In contrast, Wascana Lake was created by 

the impoundment of Wascana Creek in 1883, but was subsequently deepened to ~2 m in 

the 1930s and to 7.5 m in 2004 (Hughes 2004).  Despite contrasting histories, the lakes 

exhibit similar patterns of plankton phenology (McGowan et al. 2005; Dröscher et al. 

2009; Vogt et al. 2011), with high vernal densities of diatoms, cryptophytes and copepods 

(Diaptomus thomasi, Leptodiaptomus siciloides) giving way to a pronounced clearwater 

phase, characterized by abundant large-bodied Daphnia spp. (D. pulicaria, D. galeata 

mendotae, D. magna), during June, and regular summer blooms of both N2-fixing 

(Anabaena, Aphanizomenon) and non-N2-fixing cyanobacteria (Planktothrix, 

Microcystis) (Patoine et al. 2006; Finlay et 2010; Donald et al. 2011, 2013). 

 

Field methods 

Both lakes were sampled biweekly between May and August of 1996-2011 as part of the 

Qu'Appelle Valley Long term Ecological Research program (QU-LTER). Depth-

integrated whole water samples were collected by pooling Van Dorn water bottle casts 

taken each 0.5 m below the surface, and used for bioassay experiments, water chemistry, 

chlorophyll a (Chl a), and phytoplankton community composition (see below).  Surface 

pH was measured immediately using a calibrated (three standard) handheld Oakton 

pHTestr 10 meter (accuracy ± 0.1 unit), while lake transparency (m) was measured using 

a 20-cm diameter Secchi disk.  Temperature (°C), conductivity (µS cm-1), and oxygen 
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profiles (mg O2 L
-1) were measured at 0.5-m intervals, using a YSI model 85 meter 

(Yellow Springs, Ohio, USA).  

 

Laboratory methods 

Depth-integrated water samples were filtered through a 0.45-µm pore membrane filter 

and analyzed at the University of Alberta Water Chemistry Laboratory for concentrations 

of soluble reactive phosphorus (SRP, μg P L-1), total dissolved phosphorus (TDP, μg P L-

1), and total dissolved nitrogen (TDN, μg N L-1) (Patoine et al. 2006; Finlay et al. 2015).  

Particulate organic matter (phytoplankton and detritus) was filtered onto GF/C glass-fibre 

filters (nominal pore size 1.2 μm) and frozen (-10°C) until analysis for Chl a by standard 

trichromatic assays (Jeffrey and Humphrey 1975) and biomarker pigments by high 

performance liquid chromatography (HPLC) (Leavitt and Hodgson 2001).  Carotenoids, 

chlorophylls and their derivatives were isolated and quantified using a Hewlett Packard 

model 1100 HPLC system that had been calibrated with authentic standards (Leavitt et al. 

2006).  All HPLC pigment concentrations were expressed as nmol pigment L-1 before 

calculation of pigment relative (%) abundance.  HPLC analyses were restricted to 

abundant taxonomically-diagnostic pigments including fucoxanthin (siliceous algae), 

alloxanthin (cryptophytes), Chl b (chlorophytes), echinenone (total cyanobacteria), 

myxoxanthophyll (colonial cyanobacteria), canthaxanthin (Nostocales cyanobacteria), 

aphanizophyll (N2-fixing cyanobacteria), and β-carotene (all phytoplankton).  In addition, 

lutein (chlorophytes) and zeaxanthin (cyanobacteria) were not separable on the HPLC 
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system, thus the combined value was used as a measure of bloom-forming taxa (Leavitt 

and Hodgson 2001; Leavitt et al. 2006). 

 

Ammonium amendment experiments 

Nutrient enrichment experiments were conducted biweekly in each lake from May-

August of 1996-2011.  Bioassays were used to estimate temporal variation in the effects 

of NH4
+ on phytoplankton growth, measured as changes in Chl a content over    72 h 

(Finlay et al. 2010; Donald et al. 2011).  Briefly, six acid-washed 250-mL bottles were 

filled with 243-μm screened, depth-integrated water (see above) and triplicate bottles 

amended with either 0.032 M NH4Cl (N treatment) or no addition (control).  This large 

addition was expected to yield a maximal stimulation response, and suppression effects 

were not originally anticipated when these experiments were designed.  Bottles were 

incubated in the laboratory for three days at ambient lake temperatures and under a 12 h : 

12 h light : dark regime with irradiance equivalent to that experienced at Secchi depth  

(Finlay et al. 2010; Donald et al. 2011).  After incubation, phytoplankton were filtered 

onto GF/C filters and processed for estimates of Chl a concentration using the 

trichromatic analyses detailed above.  Phytoplankton response to NH4
+ was recorded as 

absolute (treatment – control; μg Chl a L-1) or relative (%) changes in Chl a 

concentration in N treatments compared with control treatments.  Both HPLC and 

trichromatic estimates of phytoplankton abundance have previously shown to be highly 

and linearly correlated with those derived from direct microscopic enumeration in these 

study lakes (Donald et al. 2013). 
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Numerical analyses 

Generalized additive models (GAMs; Wood 2006; Wood et al 2016) were used to 

estimate long-term trends in Chl a response to fertilization with NH4
+, as well as in the 

physico-chemical and phytoplankton community characteristics recorded at the onset of 

each bioassay experiment.  The conditional distribution of the response in each GAM was 

assumed to be a gamma distribution for positive, continuous responses, and a Tweedie 

distribution for non-negative continuous responses (such as the phytoplankton pigment 

concentration).  GAMs included marginal smooth terms of day of year (DoY) for the 

within-year (seasonal trend) and year for the between year (long-term trend) components. 

Additionally, a smooth interaction between these two components was allowed through 

the use of a tensor product smooth created from the two marginal smooths.  In practical 

terms, this tensor product smooth allows for the seasonal trend in the response to 

smoothly vary in time with the long-term trend. Smoothness selection was performed 

using the residual maximum marginal likelihood (REML) method of Wood (2011), with 

penalties on both the null and range space of the smoothing matrices to perform variable 

selection in the models (Marra and Wood 2011). 

 I conducted t tests (with pooled variance and Welch's approximation to the 

degrees of freedom), on the results of each bioassay experiment to detect if Chl a was 

significantly stimulated or suppressed by NH4
+amendments compared with controls. To 

control for multiple comparisons, p values for the set of tests performed were adjusted to 

control the false discovery rate (FDR).  Mann-Whitney U tests were used to evaluate 

differences in the initial conditions of select abiotic and biotic parameters (i.e., 
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temperature, pH, Secchi depth, TDN:SRP, SRP, and relative pigment biomarker 

abundance) between the significantly (p < 0.05) stimulated and suppressed experiments. 

Spearman rank correlations were used to evaluate the presence of monotonic trends in, as 

well as relationships between, select physico-chemical parameters. 

 Binomial GAMs with logit link function were used to test hypotheses about 

relationships between selected abiotic (physico-chemical) and biotic (phytoplankton 

abundance) covariates and the probability of suppression or stimulation in response to 

NH4
+ fertilization. Only those bioassay experiments where N had a statistically 

significant (as determined via t-tests, above) suppressing or stimulating effect on Chl a 

were used in the binomial GAMs, as well as their initial abiotic and biotic characteristics. 

Abiotic covariates in the binomial GAMs included Secchi depth, water temperature, pH, 

TDN, and SRP. Biotic covariates included biomarker pigments from siliceous algae 

(fucoxanthin), cryptophytes (alloxanthin), chlorophytes (Chl b), total cyanobacteria 

(echinenone), Nostocales cyanobacteria (canthaxanthin), and the combination of bloom-

forming chlorophytes and cyanobacteria (lutein-zeaxanthin). Other pigments were not 

included because they were redundant given the selected biomarkers and exhibited less 

uniform occurrence among experiments. Separate binomial GAMs were run on the sets 

of abiotic and biotic covariates, with selection among covariates within their set 

performed using the double penalty method (Marra and Wood 2011). Each model 

allowed for lake-specific effects of each covariate via factor-smooth-interactions, and 

those covariates that had statistically significant effects in one or both lakes were 

reserved. Finally, significant covariates from the respective abiotic and biotic models 

were retained for a final binomial GAM, where again the double penalty approach was 
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used for covariate selection. The statistical significance of covariates included in this 

final model should be interpreted with care; the test for significance in this model did not 

account for the prior selection of covariates in the separate abiotic or biotic binomial 

GAM fit. 

 Mann Whitney U tests were conducted in SYSTAT v. 13, and Spearman rank 

correlations were conducted in TIBCO Spotfire v. 6. All other analyses were conducted 

in R version 3.3.0 (R Core Team 2016), with the mgcv package v. 1.8-15 (Wood 2016) 

   

2.3 Results 

Limnological conditions 

Surface water pH increased during each summer and throughout the study period in both 

study lakes (Figure 2-2a, b), consistent with regional patterns observed elsewhere (Finlay 

et al. 2015).  Mean pH was similar in Buffalo Pound (9.0) and Wascana Lake (8.9), and 

increased by ~1 unit during summer in most years and both lakes.  Analysis of fitted-

response splines (Figure 2-2c, d) and Spearman rank correlations revealed that water 

temperatures in early May declined ~2oC since 1996 (Spearman rs = -0.37, p < 0.05) in 

both lakes, but did not vary consistently at other times of the year.  In all years, water 

transparency (as Secchi depth) was greatest in spring in Buffalo Pound (Figure 2-2e), but 

changed through time in Wascana Lake, with a pronounced clearwater phase during June 

in 1996 (Dröscher et al. 2009), which moved earlier towards spring by 2011 (Figure 2-

2f). 
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Figure 2-2.  Fitted curves showing seasonal trends in limnological characteristics, 
including pH, maximum temperature (˚C), Secchi depth (m), soluble reactive phosphorus 
(SRP; µg P L-1), total dissolved nitrogen (TDN; µg N L-1), and TDN:SRP, between 1996 
- 2011 in Wascana Lake and Buffalo Pound.  Note difference in y-axis scales between 
lakes.  X-axis shows day of year (DoY) between spring and fall.  (Original in colour.) 
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Temporal trends in nutrient concentrations were markedly different between the 

two study lakes (Figure 2-2).  Mean (+ SD) SRP concentrations were 15-fold lower in 

Buffalo Pound (16.3 + 19.5 μg P L-1, range 1.0 - 156.0 μg P L-1) than in Wascana Lake 

(254.4 + 196.5 μg P L-1, range 7.0 - 954.0 μg P L-1), with differences among seasons 

declining over the 16 years in Buffalo Pound (Figure 2-2g) but not in Wascana Lake 

(Figure 2-2h).  In contrast, TDN concentrations in Buffalo Pound exhibited a monotonic 

increase through the summer and little variation among years (Figure 2-2i), whereas 

Wascana Lake exhibited strong seasonal declines in TDN during the 1990s and less 

seasonality thereafter (Figure 2-2j).  Due to contrasting trends in individual nutrients, 

ratios of TDN:SRP varied substantially through time and among lakes.  In Buffalo 

Pound, TDN:SRP mass ratios (56.6 + 57.8) varied by an order of magnitude over the 16 

year period (Figure 2-2k), whereas ratios were more consistent among seasons in 

Wascana Lake (13.2 + 26.7) and exhibited little directional change during the monitoring 

period (Figure 2-2l). 

 

Phytoplankton phenology  

On average, Buffalo Pound and Wascana lakes both exhibited similar patterns of seasonal 

phytoplankton ontogeny typical of shallow eutrophic lakes (Figure 2-3).  In both cases, 

spring phytoplankton assemblages composed mainly of diatoms (as fucoxanthin) and 

cryptophytes (alloxanthin) were replaced in late-summer by communities composed 

mainly of chlorophytes, colonial cyanobacteria, and, during August, diazotrophic 

cyanobacteria (Figure 2-3).  However, despite these similarities, analysis of fitted splines 
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Figure 2-3. Average relative pigment abundance at both study lakes between 1996 - 
2011.  (Original in colour.) 
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for individual biomarker pigments showed that the patterns of seasonal abundance of 

phytoplankton groups changed over the course of the 16-year study (Figure 2-4).  For 

example, although annual patterns of total phytoplankton abundance (as Chl a; Figure 2-

4a) have been similar in Buffalo Pound since 1997, the abundance of spring siliceous 

algae (largely diatoms) has declined ~50% in recent years (fucoxanthin; Figure 2-4b), as 

have those of cryptophytes (alloxanthin; Figure 2-4c), while mid-summer abundances of 

chlorophytes (Chl b; Figure 2-4h) and potentially N2-fixing cyanobacteria 

(aphanizophyll; Figure 2-4g) have increased.  In Wascana Lake, the abundances of 

siliceous algae (Figure 2-4b) and cryptophytes (Figure 2-4c) have increased throughout 

the open water season, particularly during spring.  Chlorophytes have also become more 

abundant in the spring in Wascana Lake, while total cyanobacteria (echinenone; Figure 2-

4d), colonial forms (myxoxanthophyll; Figure 2-4e) and potentially N2-fixing taxa 

(canthaxanthin and aphanizophyll; Figure 2-4f, Figure 2-4g) have shifted seasonally, 

occurring earlier in the summer and at increasing magnitudes in recent years.  Finally, 

changes in seasonal and temporal concentrations of β-carotene (Figure 2-4h) followed 

similar patterns to the trichromatic measure of total phytoplankton abundance in both 

lakes (Figure 4a), demonstrating alignment between trichromatic and HPLC methods. 

 

Ammonium amendment experiments 

Phytoplankton responses (as Chl a) to fertilization with NH4
+

 ranged from a 2691% 

increase (mean of stimulated responses = 188.1 + 365.8%) to a 160% suppression (mean 

of suppressed responses = 54.5 + 25.7%).  A significant increase in mean  
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Figure 2-4. Fitted response plots showing seasonal trends in chlorophyll and carotenoid 
pigment concentrations, representing chlorophyll a, fucoxanthin (siliceous algae, largely 
diatoms), alloxanthin (cryptophytes), echinenone (total cyanobacteria), myxoxanthophyll 
(colonial cyanobacteria), canthaxanthin (Nostocales cyanobacteria), aphanizophyll (N2-
fixing cyanobacteria), chlorophyll b (chlorophytes), lutein + zeaxanthin (chlorophytes 
and cyanobacteria), and β-carotene (all phytoplankton) between 1996 - 2011 in Wascana 
Lake and Buffalo Pound.  All pigments are quantified using HPLC in nmol L-1, except 
trichromatic determinations of Chl a (μg L-1).  X-axis denotes day of year (DoY) between 
spring and fall.  (Original in colour.) 
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 phytoplankton abundance relative to control trials was observed in 55 experiments 

(FDR-adjusted p < 0.05), whereas abundance declined significantly in 53 experiments 

(FDR-adjusted p < 0.05).  Overall, the frequency of stimulation of phytoplankton 

abundance by NH4
+ was similar among months (May = 11, June = 16, July = 14, August 

= 12), whereas phytoplankton suppression was recorded most frequently during 

experiments conducted in May (21), with decreasing occurrences in June (16), July (12) 

and August (4). 

 The GAM-fitted splines shows that the magnitude of seasonal phytoplankton 

response to NH4
+ amendment increased during the 16-year study period (Figure 2-5).  

During the first five years of experiments, addition of NH4
+ mainly increased 

phytoplankton abundance, particularly during spring in Wascana Lake (Figure 2-5b).  

However, in both lakes, stimulation of growth by NH4
+ shifted to a progressively later 

date during summer, while growth suppression intensified during spring.  In general, the 

magnitude of response to added NH4
+ was always greater in Wascana Lake (Table 2-1; 

Figure 2-5), where ratios of TDN:SRP were consistently lower than those of Buffalo 

Pound. 

 

Predictors of phytoplankton response to ammonium addition  

Three separate binomial logit GAMs were used to identify how the probability of 

suppression or stimulation of phytoplankton by added NH4
+ varied as a function of 

ambient physico-chemical conditions at the time of the experiment (i.e., abiotic model; 

Supporting Information Figure S2-2), initial phytoplankton composition (i.e., biomarker  
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Figure 2-5.  Fitted curves of Chl a (μg L-1) response to NH4
+ amendment (absolute 

change from controls) in bioassay experiments conducted at Buffalo Pound (a) and 
Wascana (b) lakes during the open water seasons of 1996 (darkest lines) to 2011 (lightest 
lines).  X-axis shows day of year (DoY) between spring and fall.  (Original in colour.) 
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Figure 2-6.  Partial plots of significant binomial GAM covariates (including abiotic and 
biotic predictors) of bioassay response.  The y-axis denotes the increased likelihood of 
suppression as values increase above the origin (y > 0), and increased likelihood of 
stimulation as values decrease below the origin (y < 0).  Significant by-lake covariates 
are show in blue (Buffalo Pound) and pink (Wascana), while variables not separated by 
lake are shown in yellow.  Dashed lines represent 95% confidence interval around the fit.  
Abbreviations include chl B (chlorophyll b), SRP (soluble reactive phosphorus), and 
maxTemp (maximum temperature).  (Original in colour.) 
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Table 2-2.  Summary of abiotic model output and significant predictors of the 
dichotomous response of phytoplankton abundance to NH4

+ amendment (p < 0.05 in 
bold).  Units are in °C (temperature), μg P L-1 (SRP), and μg N L-1 (TDN). 

Variable Lake(s) 
Effective degrees 

of freedom 

Reference 
degrees of 
freedom 

ᵪ2 p-value 

pH Buffalo Pound 2.320e-06 4 0.0 0.579 

pH Wascana 2.162e-05 4 0.0 0.461 

log10(Secchi depth) Buffalo Pound 9.842e-06 4 0.0 0.634 

log10(Secchi depth) Wascana 2.176e-05 4 0.0 0.658 

Temperature Buffalo Pound 1.233e-05 4 0.0 0.644 

Temperature Wascana 1.548e+00 4 8.4 0.003 

log10 (SRP + 1) Both 1.819e+00 4 7.0 0.014 

log10(TDN + 1) Buffalo Pound 5.793e-06 4 0.0 1.000 

log10 (TDN + 1) Wascana 3.535e-06 4 0.0 0.850 
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model; Supporting Information Figure S2-3), or both (Figure 2-6).  The abiotic model 

explained 19.5% of the deviance in probability of significant NH4
+ effects (Supporting 

Information Figure S2-2), with concentrations of SRP (both lakes) and water temperature 

(Wascana) being retained as significant (p < 0.05) predictors (Table 2-2).  Specifically, 

the probability of growth inhibition was greatest when water was cool and SRP levels 

were low, while significant stimulation by NH4
+ was more likely in warm nutrient rich 

waters, although significant effects of temperature were restricted to Wascana Lake 

(Table 2-2).  In contrast, binomial logit GAMs parameterized using only biomarkers 

retained all six phytoplankton pigments (Supporting Information Figure S2-3; Table 2-3), 

while explaining 40.0% of deviance in the probability of significant community response 

to added NH4
+.  In this case, the probability of growth suppression increased with the 

concentration of pigments from siliceous algae (largely diatoms, fucoxanthin), 

cryptophytes (alloxanthin) and total cyanobacteria (echinenone), and while the 

probability of stimulation increased with chlorophytes (Chl b) and a mixture of 

chlorophytes and cyanobacteria (lutein-zeaxanthin), although the magnitude and 

significance of effects varied slightly among lakes (Table 2-3; Supporting Information 

Figure S2-3).  Unlike other parameters, effects of NH4
+ enrichment on Nostocales 

cyanobacteria (canthaxanthin) were inconsistent among lakes, with elevated pigment 

concentrations associated with higher and more variable probability of significant growth 

inhibition by NH4
+ in Buffalo Pound Lake, but with higher pigment concentrations 

associated with growth enhancement by NH4
+ in Wascana Lake (Supporting Information 

Figure S2-3).  
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Table 2-3.  Summary of biotic model output and significant pigment biomarker predictors of the dichotomous response of 
phytoplankton abundance to NH4

+ amendment (p < 0.05 in bold). All units are in nmol L-1. 

Variable Lake 
Effective 
degrees of 
freedom 

Reference 
degrees of 
freedom 

ᵪ2 p-value 

log10(fucoxanthin+1) Buffalo Pound 2.803e-05 4 0.000 0.455 

log10(fucoxanthin+1) Wascana 1.520e+00    4 5.048 0.029 

log10(alloxanthin+1) Buffalo Pound 8.735e-01      4 4.753 0.016 

log10(alloxanthin +1) Wascana 8.132e-01 4 3.587 0.029 

log10(Chl b+1) Buffalo Pound 9.454e-05 4 0.000 0.317 

log10(Chl b +1) Wascana 8.570e-01 4 4.305 0.014 

log10((lutein + zeaxanthin) +1) Buffalo Pound 1.825e+00 4 11.133 <0.000 

log10((lutein + zeaxanthin) +1) Wascana 3.483e-01 4 0.547 0.191 

log10(canthaxanthin+1) Buffalo Pound 1.331e+00 4 6.295 0.010 

log10(canthaxanthin+1) Wascana 8.226e-01 4 3.360 0.026 

log10(echinenone+1) Buffalo Pound 1.243e-05 4 0.000 0.493 

log10(echinenone +1) Wascana 1.908e+00 4 8.146 0.005 
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The overall binomial logit GAM, parameterized with the significant factors 

identified from individual abiotic and biotic GAMs, explained 47.4% of the deviance in 

the probability of significant community response to added NH4
+ (Figure 2-6).  Model 

analysis showed that the likelihood of suppression increased with cryptophyte and total 

cyanobacteria abundance in both lakes, and was predicted by low temperatures in 

Wascana Lake, but not in Buffalo Pound (Table 2-4; Figure 2-6).  In contrast, the 

likelihood of NH4
+ stimulation of phytoplankton growth increased with abundance of 

chlorophytes (as Chl b, in Wascana), the sum of chlorophytes and cyanobacteria (as 

lutein-zeaxanthin, in Buffalo Pound), and warm temperatures (in Wascana alone) (Table 

2-4; Figure 2-6).  In addition, effects of initial SRP concentration on phytoplankton 

abundance were marginally significant (p < 0.10) in both lakes (Table 2-4), with NH4
+ 

suppression most likely to occur when SRP was low, and NH4
+ stimulation most likely to 

occur when SRP concentrations were high (> 50 μg P L-1; Figure 2-6). 

 

2.4 Discussion 

Physiological, field, and theoretical studies suggest that fertilization of waters with NH4
+ 

will either suppress or enhance phytoplankton growth depending on species assemblage 

and cell physiological state (e.g., Lomas and Glibert 1999; Donald et al. 2011, 2013; 

Collos and Harrison 2014; Glibert et al. 2016), as well as environmental conditions, 

including pH (Azov and Goldman 1982; Drath et al. 2008; Tsuno et al. 2011), light and 
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Table 2-4.  Summary of overall (i.e., combined abiotic and biotic parameters) model output of the dichotomous response of 
phytoplankton abundance to NH4

+ amendment, with significant predictors (p < 0.05) in bold.  Units are in nmol L-1(all pigments), °C 
(temperature), and μg P L-1 (SRP).  

Variable Lake 
Effective 
degrees of 
freedom 

Reference 
degrees of 
freedom 

ᵪ2 p-value 

log10(fucoxanthin+1) Buffalo Pound 2.086e-06 4 0.000 0.597 

log10(fucoxanthin+1) Wascana 1.712e+00 4 3.166 0.129 

log10(alloxanthin+1) Buffalo Pound 9.073e-01 4 7.114 0.004 

log10(alloxanthin +1) Wascana 8.370e-01 4 3.719 0.029 

log10(Chl b+1) Buffalo Pound 2.203e-06 4 0.000 0.835 

log10(Chl b +1) Wascana 7.519e-01 4 2.105 0.074 

log10((lutein + zeaxanthin) +1) Buffalo Pound 9.341e-01 4 10.712 <0.000 

log10((lutein + zeaxanthin) +1) Wascana 2.093e-06 4 0.000 0.782 

log10(canthaxanthin+1) Buffalo Pound 1.409e-05 4 0.000 0.436 

log10(canthaxanthin+1) Wascana 2.649e-06 4 0.000 0.476 

log10(echinenone+1) Buffalo Pound 8.460e-01 4 4.155 0.024 

log10(echinenone +1) Wascana 1.911e+00 4 6.750 0.015 

Temperature Buffalo Pound 1.567e-06 4 0.000 0 0.771 

Temperature Wascana 8.993e-01 4 6.403 0.006 

log10(SRP + 1) Both 1.369e+00 4 2.998 0.099 
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temperature (Lomas and Glibert 1999a; Glibert et al. 2016).  Two distinct mechanisms of 

growth suppression were evaluated herein, direct toxicity and interference of NH4
+/NH3 

with photosystem II at elevated pH, and NH4
+ suppression or repression of NO3

- 

metabolism, which, especially during periods of low temperature in combination with 

increasing irradiance, may play a role in energy balance (Glibert et al. 2016).  Analysis of 

241 individual fertilization experiments conducted in two eutrophic lakes over 16 years 

provided little support for the hypothesis that high pH and warm water combine to cause 

widespread inhibition of phytoplankton growth through the effects of un-ionized NH3 on 

photosynthesis (Azov and Goldman 1982; Tsuno et al. 2011; Hou et al. 2011).  Instead, 

late summer assemblages experienced temperatures > 25oC (Figure 2-2c, d), yet were 

often stimulated by elevated concentrations of NH4
+ (Figure 2-5).  Rather, data were 

consistent with the energy balance hypothesis related to NO3
- metabolism (Lomas and 

Glibert 1999a; reviewed in Glibert et al. 2016).  The analysis of binomial logit GAMs 

showed that phytoplankton growth inhibitition occurred more frequently under conditions 

of cool water and, more marginally, by low P content (Table 2-2; Supporting Information 

Figure S2-2), conditions common during spring blooms (Lathrop and Carpenter 1992; 

McGowan et al. 2005; Vogt et al. 2011).  The importance of phytoplankton community 

composition in dictating net community response to added NH4
+ was further reinforced 

by GAMs (Figure 2-6; Figure 2-7) which showed that chlorophytes, and likely non-N2-

fixing cyanobacteria (Figure 2-4), benefit from amendment with NH4
+, as seen earlier in 

these and other eutrophic lakes (Leavitt et al. 2006; Donald et al. 2011; Dolman et al. 

2012; Paerl et al. 2016), while cryptophytes and diatoms are more likely to be suppressed 

(Figure 2-6).    
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Figure 2-7.  Conceptual model of significant physico-chemical and phytoplankton 
community predictors of dichotomous phytoplankton response to NH4

+ amendment in (a) 
Buffalo Pound and (b) Wascana Lake.  Horizontal arrows denote the increasing 
magnitude of suppression or stimulation.  Abbreviations include SRP (soluble reactive 
phosphorus).  (Original in colour.) 
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An unexpected finding of this study was that not only was the magnitude of mid-

summer stimulation enhanced with NH4
+ enrichment over time, but the magnitude of 

growth suppression during spring increased during the past decade (Figure 2-5). These 

trends are consistent with effects of global climate change which has advanced ice melt 

(Finlay et al. 2015), altered runoff and, in contrast to global warming trends, actually has 

reduced spring temperatures (Betts et al. 2016).  The decadal patterns of change include 

earlier and more intense blooms of the summer chlorophytes and non-N2-fixing 

cyanobacteria, taxa that tend to prefer NH4
+ as an N source (Paerl and Scott 2010; Paerl 

and Paul 2012; Collos and Harrison 2014; Glibert et al. 2016), and fewer diatom blooms, 

especially in Buffalo Pound.  Together these observations suggest that the seasonal 

effectiveness of nutrient management techniques to control N pollution laden with NH4
+ 

may vary with future climate warming. 

 

Physico-chemical control of phytoplankton growth suppression 

Previous physiological research hypothesized that exposure to NH4
+ at pH > 9 may 

inhibit phytoplankton growth because its un-ionized form, NH3, is abundant under 

alkaline conditions (Trussell 1972), and may inhibit photosystem II (Azov and Goldman 

1982; Britt et al. 1989; Boussac et al. 1990) or accumulate in the cell and cause other 

metabolic damage.  However, although pH exceeded 9 after mid-summer in both lakes 

(Figure 2-2a, b) and temperatures were greater than 25oC (Finlay et al. 2015), 

phytoplankton abundance as Chl a was stimulated, not suppressed in response to NH4
+ 

amendment, particularly during the past 10 of the 16 years of the study (Figure 2-5).  
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Furthermore, there was no significant difference (p > 0.05) between the pH of 

experiments in which NH4
+ suppressed phytoplankton growth and those that enhanced 

their abundance (Table 2-5).  Due to the fact that phytoplankton community composition 

was quantified using ubiquitous biomarker pigments (Leavitt and Hodgson 2001), it is 

not possible to fully evaluate whether species replacements occurred at high pH in 

response to NH4
+ amendment (e.g., Donald et al. 2013). However, because phytoplankton 

biomass and gross community composition changes rapidly (< 4 days) in response to 

NH4
+ fertilization under field conditions in both fresh and marine waters (Finlay et al. 

2010; Donald et al. 2011; Glibert et al. 2014b; Shangguan et al. 2017b), it is reasonable to 

conclude that exposure to elevated pH alone is insufficient to intitiate large-scale 

suppression of phytoplankton in these experiments with natural assemblages.  The 

concentration of N at the time of NH4
+ dosing may also be a factor.  It has been 

previously shown that higher plants and macrophytes have higher tolerance for NH4
+ 

toxicity when previously exposed to eutrophic N conditions compared to those growing 

in low N conditions (Apudo et al. 2016).  The relative proportions of NO3
- and NH4

+are 

also important, as increasing concentrations of NH4
+  are required to repress NO3

- 

metabolism as internal concentrations of NO3
- rise (Glibert et al. 2016; Glibert 2017).  

The conditions and thresholds at which toxicity symptoms may become manifested are 

well documented to vary significantly among plant species, including macrophytes 

(Britto and Kronzucker 2002; Cao et al. 2011; Luo et al. 2012; Yuan et al. 2013; Apudo 

et al. 2016), and it is possible that the NH4
+ additions made were insufficient to elicit a 

pH-mediated response in these lake phytoplankton. If that were the case, however, it 

would underscore that such a mechanism does not appear to be operating in situ  
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Table 2-5.  Summary statistics from Mann-Whitney U tests on pH (all dates), TDN:SRP (all dates), and relative abundances of select 
cyanobacterial pigment biomarkers (July and August; i.e., during period of peak cyanobacterial abundance) between stimulated and 
suppressed experiments.  Statistically significant values denoted in bold (p < 0.05) or italics (p < 0.10).   

Pigment p-value 
Mann-Whitney 
U test statistic 

Chi-square 
approximation 

df Group Count Rank sum 

pH  0.57  1494.50 0.324 1 Stimulated 53 2925.50 

     Suppressed 53 2745.50 

TDN:SRP  0.023  509.00 5.186 1 Stimulated 34 1104.00 

     Suppressed 43 1899.00 

Canthaxanthin  <0.001 67.50 13.258 1 Stimulated 26 418.00 

     Suppressed 14 484.50 

Aphanizophyll 0.440 155.00 0.596 1 Stimulated 26 506.00 

     Suppressed 14 314.00 

Myxoxanthophyll 0.065 137.00 3.397 1 Stimulated 26 488.00 

     Suppressed 14 415.00 

Echinenone <0.001 86.50 9.907 1 Stimulated 26 437.50 

     Suppressed 14 465.50 
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in these systems, as TDN concentrations did not (with rare exception) reach values equal 

to those added in the NH4
+ enrichments. 

 Binomial logit GAMs using abiotic variables alone (Table 2-2), or combined 

abiotic and biotic parameters (Table 2-4; Figure 2-6), showed that temperature, and 

secondarily P concentration, were important physico-chemical predictors of the response 

of natural phytoplankton assemblages to the enrichment levels of NH4
+ provided in this 

study, particularly in Wascana Lake. These findings are consistent with observations 

from coastal marine ecosystems (Lomas and Glibert 1999a; Parker et al. 2012a; Dugdale 

et al. 2013; Glibert et al. 2014b, 2016 among others) and in vitro physiological studies 

(Long et al. 1994; Lomas and Glibert 1999b; Glibert et al. 2016) that suggest that 

sensitivy to NH4
+ suppression may be elevated under conditions of low temperature 

stress. Cool temperatures can be stressful because the biophysical light reactions of 

photosynthesis are not temperature sensitive, but the biochemical reactions (e.g., Calvin 

Cycle reactions) are temperature sensitive. At low temperatures, while C uptake and 

metabolism may be limited by temperature, NO3
- uptake and reduction remains relatively 

high, due to the differences in temperature optima between Rubisco and NR (Kristiansen 

1983; Gao et al. 1983; Lomas and Glibert 1999a,b).  This allows DNR to function as a 

dissipatory mechanism, buffering the flow of electrons and protecting the chloroplast 

electron transport chain from over-reduction. When the metabolism of NO3
- reduction is 

repressed by elevated NH4
+, this mechanism of cellular energy balance is disrupted.  

Under cool temperatures when NH4
+ is the primary N substrate, the cell balances its 

redox disproportionately through photorespiration, as the NO3
-/NO2

- reduction pathways 

are not available (Glibert et al. 2016). Photorespiration provides no net gain in C or 
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energy for the cell (i.e., no net growth) and it imposes other cellular costs in terms of the 

repair, quenching, and other functions impeded by increased oxygenase activity (Raven 

2011). Photorespiration increases in response to growth on NH4
+ are now well 

documented for diatoms (Parker and Armbrust 2005; Allen et al. 2006; Shi et al. 2015) as 

well as higher plants (Britto and Kunzucker 2002). These effects may be particularly 

pronounced for cool-water diatoms and cryptophyes compared with chlorophytes and 

colonial cyanobacteria as the latter may have alternative mechanisms for cellular energy 

balance, including higher rates of Mehler activity as well as a different suite of accessory 

pigments (Litchman 2000; Schwaderer et al. 2011; Glibert et al. 2016).  Further, I infer 

that effects of water temperature and light may have interacted with community 

composition to explain differences in NH4
+ enrichment effects among lakes (Table  2-2, 

2-3, and 2-4), as sensitive diatoms and cryptophytes were more abundant in Wascana 

Lake than in Buffalo Pound (Figure 2-4b, c).  

 

Effects of phytoplankton community composition on ammonium suppression of growth 

Comparison of GAMs run with biomarkers and abiotic factors showed that variation in 

phytoplankton community composition explained the largest proportion of the deviance 

(~ 40%) in net response to NH4
+ (Figs. 2-7, Supporting Information Figure S2-3), with 

the degree of growth suppression increasing with the abundance of diatoms (as 

fucoxanthin), cryptophytes (as alloxanthin), and possibly unicellular cyanobacteria (total 

N2 and non-N2 fixing cyanobacteria as echinenone).  Diatoms and cryptophytes are 

common during spring in the Qu’Appelle study lakes (McGowan et al. 2005; Vogt et al. 
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2011; Donald et al. 2013) and other eutrophic freshwaters (Reynolds 1984; Sommer et al. 

1986; Lathrop and Carpenter 1992), particularly in Wascana Lake (Figure 2-4b, c).  I 

infer that the siliceous algal biomarker fucoxanthin represents mainly diatoms in this 

study because previous microscopic enumeration demonstrates that other fucoxanthin-

containing taxa (chrysophytes, some dinoflagellates) are rare during spring (Patoine et al. 

2006; Finlay et al. 2010; Donald et al. 2013; P.R. Leavitt unpub. data).  Similarly, I infer 

that the increased likelihood of growth suppression with total cyanobacteria (as 

echinenone), but not colonial cyanobacteria (as myxoxanthophyll or aphanizophyll), 

suggests that the unicellular cyanobacteria alone (not the colonial forms) were suppressed 

by addition of NH4
+ (Table 2-4).  Such pico-cyanobacteria are ubiquitous in eutrophic 

lake ecosystems and are often abundant in spring (Mózes et al. 2006; Cai and Kong 

2013). 

 Of the phytoplankton groups that were associated with growth suppression by 

NH4
+ (Figure 2-6), diatoms are best understood (Glibert et al 2016), and are known to 

prefer NO3
- over NH4

+ as an N source (Lomas and Glibert 1999b; Domingues et al. 2011; 

Donald et al. 2011).  Diatoms are well adapted to use NO3
- and exhibit an easily-induced 

NR (Blomqvist et al. 1994), higher density of NO3
- uptake transporters (Glibert et al. 

2016), a capacity to store NO3
- in internal vacuoles (Lomas and Glibert 2000), and the 

ability to respire NO3
-
 under dark or anoxic conditions (Kamp et al. 2011).  DNR of 

cellular NO3
- is particularly important in providing diatoms with resilience to photo-

inhibition of growth (Zhang et al. 2012), as their unusually efficient light-harvesting 

mechanisms can result in oxidative damage and reduced cell growth at low temperatures 

where enzymatic repair is slowed (Litchman 2000; Schwaderer et al. 2011).  Under 
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spring-like conditions of cool water and rapidly rising irradiance, exposure to NH4
+ both 

reduces NO3
- uptake and DNR activity resulting in photo-inhibition of growth (reviewed 

in Glibert et al. 2016). 

 While literature on cryptophyte response to NH4
+ is limited (Donald et al. 2013), 

results of this study suggest that NH4
+ inhibition of cryptophytes also occurs in well-lit 

cool surface waters (Figure 2-3c-f).  Laboratory studies indicate that thresholds for NH4
+ 

toxicity in cryptophytes may be similar to those of diatoms (Collos and Harrison 2014), 

while field experiments suggest that cryptophytes and diatoms are equally suppressed by 

excess NH4
+ and stimulated by fertilization with NO3

- (Donald et al. 2013), although both 

sets of results are dependent on the environmental conditions of growth.  Given that both 

phytoplankton groups are common in spring (McGowan et al. 2005), and that 

cryptophytes are also adapted to exploit low-light environments in eutrophic lakes 

(Arvola et al. 1991), such as deep chlorophyll maxima (Gervais 1998), I infer that 

cryptophytes may also use DNR to reduce photo-inhibition under vernal conditions 

(Supporting Information Figure S2-1b).  However, additional physiological research is 

required to confirm these hypotheses.  

 Results from the biomarker and overall GAMs suggest that the response to NH4
+ 

amendment varied among cyanobacterial groups (Supporting Information Figure S2-3, 

Figure   2-6).  For example, increased growth suppression by NH4
+ was predicted by high 

abundance of total cyanobacteria (echinenone in Table 2-4), but not by biomarker 

pigments from colonial cyanobacteria (myxoxanthophyll, aphanizophyll) or those found 

in a combination of chlorophytes and total cyanobacteria (lutein-zeaxanthin), suggesting 

that the unicellular cyanobacteria of these lakes were suppressed by NH4
+.  By virtue of 
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their small radius, unicellular cyanobacteria may experience more cellular damage when 

exposed to high energy irradiance than do large cells or colonial taxa (Garcia-Pichel 

1994).  Further, exposure to NH4
+ hinders photo-protective mechanisms in cyanobacteria 

as it does in all taxa (Dai et al. 2008; Collos and Harrison 2014), particularly under low 

ambient temperatures (Lomas and Glibert 1999; Schwaderer et al. 2011; Collos and 

Harrison 2014; Kovács et al. 2016).  In cyanobacteria, different abilities to take up and 

assimilate NO3
- and NH4

+ have been reported for those cells that fix N2 vs those that do 

not (e.g., Flores and Herrero 1994). Moreover, even within the picoplankton 

cyanobacteria that do not include the N2-fixing cyanobacteria, there is wide diversity in 

ability to use NO3
- or NH4

+ (Glibert et al. 2016).  Although the presence of canthaxanthin 

from Nostocales cyanobacteria was a marginal predictor of growth inhibition in Buffalo 

Pound Lake (Supporting Information Figure S2-3), this relationship was highly variable 

(wide confidence interval), and reversed in Wascana Lake experiments (i.e., increased 

likelihood of stimulation; Supporting Information Figure S2-3).  Such high variability 

may arise between sites because Nostocales are facultative N2-fixers, whose growth can 

be inhibited by addition of NH4
+ (Herrero et al. 2001; Flores and Herrero 2005; Dai 2008; 

Donald et al. 2013).  Further resolution of the mechanisms underlying differential 

response of cyanobacteria to added NH4
+ will require more complete microcosm or 

molecular identification of species responses to N fertilization.   
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Physico-chemical control of phytoplankton growth stimulation 

Consistent with previous literature, analysis of fertilization experiments using binomial 

logit GAMs suggests that warm temperatures enhanced growth stimulation by NH4
+ (p < 

0.05) (Kosten et al. 2012; Dai et al. 2012; Beaulieu et al. 2013).  In general, optimal 

temperatures for cyanobacteria and chlorophytes ranges from 25 to 35°C (Lürling et al. 

2013), which is the same range observed during late summer (Figure 2-2c, d) when 

addition of NH4
+ stimulated phytoplankton growth (Figure 2-5).  At these temperatures, 

nutrient uptake rates are increased, while the susceptibility of phytoplankton to 

photoinhibition declines (Edwards et al. 2016), possibly because enzymatic repair 

mechanisms are more effective at high temperatures (Roos and Vincent 1998), and the 

temperature optima for NH4
+ assimilating enzymes and that of Rubisco are comparatively 

high compared to those of NO3
- reduction and assimilation (Lomas and Glibert 1999a,b).  

Although the GAM parameterized only with abiotic parameters (Supporting Information 

Figure S2-2) suggests that the likelihood of stimulation by NH4
+ increases at > 50 μg 

SRP L-1 (p  < 0.01; Table 2-2), consistent with thresholds identified from month-long 

mesocosm experiments (Donald et al. 2011) and whole-lake mass balances (Leavitt et al. 

2006), P effects were only marginally significant (p  < 0.10) in the GAM parameterized 

with both biomarker and abiotic factors (Tables 2-2, 2-3, and 2-4; Figure 2-6). The pre-

exposure of phytoplankton to different levels of TDN prior to the NH4
+ enrichment 

conditions is also a factor to consider; while data on the relative concentrations of NH4
+ 

and NO3
- in the water over time are not available, pre-exposure history and the balance of 

reduced to oxidized N substrates will affect the extent to which suppression or repression 

occurs (Glibert 2017). These patterns suggest that changes in phytoplankton composition 
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during summer may override direct effects of seasonal variation in nutrient concentration, 

as suggested elsewhere (Paerl and Scott 2010). 

 

Effects of phytoplankton community composition on ammonium growth enhancement 

Results of this study revealed that growth enhancement by NH4
+ was greatest when 

phytoplankton communities exhibited a high abundance of chlorophytes (Chl b, lutein-

zeaxanthin) (Figure 2-6).  These findings are consistent with previous studies that show 

chlorophytes prefer NH4
+ over other forms of N (Finlay et al. 2010; Donald et al. 2011, 

2013; Glibert et al. 2014b, 2016; Collos and Harrison 2014) and can outcompete other 

taxa for chemically reduced N species when light is sufficient (Jensen et al. 1994).  In 

particular, chlorophytes exhibit rapid and diverse mechanisms of N uptake (Fernandez 

and Galvan 2007), as well as elevated glutamine synthetase and glutamate dehydrogenase 

activities (Supporting Information Figure S2-1) that allows them to rapidly convert 

excess NH4
+ into amino acids and avoid NH4

+ toxicity (Collos and Harrison 2014). 

 As noted above, inconsistent patterns of individual biomarkers (canthaxanthin) in 

the binomial logit GAMs may reflect differences in the degrees of stimulation of 

cyanobacteria by added NH4
+.  For example, analysis of the relative abundances of 

cyanobacterial subgroups shows that while potentially diazotrophic Nostocales 

cyanobacteria (as canthaxanthin) are significantly more abundant during suppressed 

experiments, non-N2-fixing cyanobacteria (as myxoxanthophyll) are more abundant in 

experiments where phytoplankton growth was stimulated by NH4
+ (Table 2-5). These 

results are consistent with large-scale mesocosm experiments showing that fertilization of 
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P-rich systems with NH4
+ selectively increases the abundance of colonial non-N2-fixing 

cyanobacteria such as Microcystis and Planktothrix spp. at the expense of other taxa 

(Donald et al 2011; Beaulieu et al. 2013), particularly when SRP concentrations are high 

(> 50 μg P L-1, Figure 2-6), TDN:SRP mass ratios are low (< 20, Table 2-5) and surface 

water is > 22oC (Donald et al. 2011; Dolman et al. 2012; Kosten et al. 2012).  These 

cyanobacteria exhibit high temperature optima (Carey et al. 2012; Paerl and Paul 2012) 

and often have a competitive advantage under P-rich, N-limited conditions, due to 

superior NH4
+-uptake kinetics (Blomqvist et al. 1994; Lee et al. 2015; Yang et al. 2017).   

 

Ontogeny of seasonal response to ammonium 

Atmospheric and lake warming over the past few decades (Adrian et al. 2009; O’Reilly et 

al. 2015) has resulted in changes to phytoplankton phenology, with earlier and larger 

blooms across a range of freshwater and marine ecosystems (Thackeray et al. 2008; 

Adrian et al. 2009; De Senerpont Domis et al. 2013).  Results show that the magnitude of 

vernal suppression and summer stimulation of phytoplankton abundance has increased in 

the last decade of study in both shallow eutrophic lakes, trends that are synergistic with 

those of other climate changes.  Timing of enhanced suppression of phytoplankton by 

NH4
+ during experiments coincides with the onset of cooler waters (Figure 2-3c,d), 

higher transparency (Figure 2-3e,f), and higher in situ biomass of both diatoms and 

cryptophytes during spring (Figure 2-4b, c), and nutrient concentrations, particularly in 

Wascana Lake.  I infer that warmer temperatures during late winter, but cooler conditions 

in spring (Dröscher et al. 2009; Betts et al. 2016), can result in earlier ice melt dates 
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(Finlay et al. 2015), but prolonged spring mixing.  In turn, prolonged spring mixing 

favours vernal taxa adapted to low irradiance or high turbulence, but which are more 

susceptible to suppression by NH4
+ (Figure 2-6, Tables 2-2, 2-3, and 2-4).  In contrast, 

timing of increased summer growth stimulation by NH4
+ (Figure 2-5) was concomitant 

with elevated abundance of chlorophytes (Figure 2-4h, i), low densities of light-sensitive 

diatoms and cryptophytes, and earlier blooms of some colonial cyanobacteria (Figure 2-

4f), all patterns which are consistent with advancing phytoplankton phenology (reviewed 

in Adrian et al. 2009).   

 Increasing magnitude of NH4
+ suppression during spring may also reflect changes 

in biogeochemical processes during winter, including the degree of nitrification under ice 

(Knowles and Lean 1987; Blank et al. 2009; De Senerpont Domis et al. 2013).  Like 

other shallow eutrophic lakes, the study sites are known to undergo partial oxygen 

depletion under ice (McGowan et al. 2005; Finlay et al. 2015), driven by high rates of 

organic matter mineralization and associated nitrification of ammonified NH4
+ (Knowles 

and Lean 1987; Strauss and Lamberti 2000; Hampton et al. 2017).  However, as ice cover 

declines, oxygen consumption is reduced (Finlay et al. 2015), and less NH4
+ would be 

expected to be converted to NO3
- by the time of ice melt (Hampton et al. 2017).  As 

suggested by Yoshiyama and Sharp's (2006) “high-nutrient low-growth marine” systems, 

low NO3
- concentrations may combine with high water transparency and cool waters to 

exacerbate NH4
+-induced suppression of phytoplankton growth in spring.   
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2.5 Conclusions 

Continued urban growth (Wigginton et al. 2016) and the intensification of agricultural 

use of chemically reduced forms of N fertilizer (Glibert et al. 2006) are expected to 

nearly double the availability of reactive N over the next 30 years (Millennium 

Ecosystem Assessment 2005), resulting in increased fertilization of freshwater and 

marine ecosystems with NH4
+ (Rabalais et al. 2002; Howarth and Marino 2006; Leavitt et 

al. 2006, Glibert 2014a).  Effective management of these fertilized ecosystems requires 

improved information on the unique and interactive roles of N during eutrophication 

(Glibert et al. 2006, 2014a; Schindler et al. 2016; Paerl et al. 2016).  Based on analysis of 

241 short-term experiments conducted over 16 years, I conclude that the net effect of 

NH4
+ on natural phytoplankton assemblages depends on the physico-chemical conditions 

at the time of NH4
+ addition, as well as the composition of the receiving community.  In 

particular, modeling evidence suggests that NH4
+ pollution is likely to suppress lake 

production during spring, when low light adapted phytoplankton (diatoms, cryptophytes, 

possibly pico-cyanobacteria) predominate in cool, relatively well-lit waters, such as seen 

in coastal marine ecosystems (Lomas and Glibert 1999a; Hall et al. 2005; Dugdale et al. 

2012, 2013; Parker et al. 2012a, b; Glibert et al. 2016).  In contrast, I find that 

assemblages with abundant chlorophytes and possibly non-N2-fixing cyanobacteria are 

more likely to exhibit growth stimulation by added NH4
+, particularly in warm, P-rich 

waters (Donald et al. 2011; Dolman et al. 2012).  Although I recognize that it can be 

difficult to extrapolate to whole-ecosystems from in vitro studies, I note that the findings 

on N stimulation are consistent with results of short-term nutrient enrichment studies 

(e.g., Berg et al. 2003, Glibert et al. 2014b, Shangguan et al. 2017a; Yang et al. 2017), 
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month-long mesocosm experiments (Finlay et al. 2010; Donald et al. 2011), long-term 

monitoring (Dai et al. 2012; Vogt et al. 2011), and mass-balance studies (Leavitt et al. 

2006; Patoine et al. 2006) all of which identify unique effects of N in P-rich ecosystems.  

Further, the novel observation that the timing and intensity of phytoplankton response to 

NH4
+ has apparently changed in response to climatic variability during the past 20 years 

suggests that management strategies in the future will have to account for the interacting 

effects of climate and N pollution, as well as the effects of different forms of N.  
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CHAPTER 3:  SEASONAL VARIATION IN EFFECTS OF UREA AND 

PHOSPHORUS ON PHYTOPLANKTON ABUNDANCE AND COMMUNITY 

COMPOSITION IN A HYPEREUTROPHIC HARDWATER LAKE 

3.1 Introduction 

Nutrient enrichment of freshwater and marine habitats with nitrogen (N) and phosphorus 

(P) fuels proliferation of harmful algal blooms (HABs) (Schindler et al. 1977; Elser et al. 

2007; Glibert et al. 2014a).  Although nutrient management strategies for freshwater 

ecosystems have traditionally focused on the effects of P (Dillon and Rigler 1974; Litke 

1999; Conley et al. 2009; Spears et al. 2014; Scavia et al. 2014; Bormans et al. 2016, 

Schindler et al. 2016), extensive research shows that addition of N to P-rich lakes can 

additionally degrade water quality, stimulate phytoplankton abundance, and promote 

growth of toxic cyanobacteria at the expense of other phytoplankton taxa (Bunting et al. 

2007; Donald et al. 2011; Glibert et al. 2014a; Harris et al. 2014; Van de Waal et al. 

2014).  Previous studies have also suggested that hypereutrophic lakes may undergo 

seasonal control of nutrient limitation, with effects of P on phytoplankton production 

during winter and spring, while those of N are paramount during summer and fall 

(Chaffin et al. 2013; Paerl et al. 2011, 2015; Hayes et al. 2015).  However, prediction of 

the seasonal effects of N inputs are complicated by temporal variation in the predominant 

chemical form of N added to surface waters (Stepanauskas et al. 2000; Lomas et al. 2002; 

Scott et al. 2007; Cade-Menum et al. 2013), as well as inherent differences in the unique 

effects (i.e., stimulation or suppression) of these forms on specific phytoplankton taxa 

(Glibert et al. 2014b; Chapter 2).  Thus, understanding how chemical species of N 
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variably affect phytoplankton abundance and community composition across seasonal 

conditions is required to improve management of P-rich freshwater ecosystems. 

 Global influx of N to freshwater systems has increased ~five-fold since the pre-

industrial period (Green et al. 2004) due to a combination of elevated atmospheric 

deposition, growth of urban centres and associated discharge of storm- and wastewater 

effluents (Bernhardt et al. 2008), and application of N-based fertilizers, which has 

increased over 100-fold since ca. 1960 (Glibert et al. 2006).  Presently, over 50% of 

global N fertilizer is applied as urea due to its low inherent toxicity, elevated chemical 

stability (i.e., non-explosive), and ease of manufacture (Glibert 2006; Belisle et al. 2016).  

These agricultural applications are forecast to nearly double again by 2050 to meet 

demands of an additional 2.5 billion people (Millennium Ecosystem Assessment 2005; 

Glibert et al. 2006).  Use of urea is most prevalent in regions where long-term 

agricultural activity has saturated soils with P, resulting in surface waters enriched with 

soluble reactive phosphorus (SRP) from diffuse loadings (Bennett et al. 2001; Bunting et 

al. 2007; Bogard et al. 2012).  Export studies estimate that up to 40% of applied urea may 

be lost to downstream surface waters, particularly during pluvial periods (Siuda and 

Chrόst 2006; Glibert et al. 2006; Davis et al. 2016; Kibet et al. 2016). 

 To date, research on the effects of urea on water quality in agricultural regions has 

been conducted during late summer (e.g., August-September) when diffuse urea loading 

associated with fertilizer application, tillage, and cultivation activities is less likely to 

occur (Finlay et al. 2010; Donald et al. 2011; Bogard et al. 2012).  These studies show 

that fertilization of P-rich waters with urea stimulates growth of chlorophytes and non-

diazotrophic cyanobacteria at the expense of N2-fixing cyanobacteria (Finlay et al. 2010; 
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Bogard 2011; Donald et al. 2011), with thresholds of N effects occurring when 

concentrations of SRP exceed ~50 μg P L-1 and ratios of total dissolved N (TDN) to SRP 

are less than 20:1 by mass (Donald et al. 2011).  Further, these trials suggest that effects 

of urea and ammonia/ammonium (hereafter NH4
+) on phytoplankton biomass and 

community composition are comparable (Donald et al. 2011, 2013), suggesting that 

chemically-reduced forms of N, rather than the specific compound (e.g., urea, NH4
+), 

favours cyanobacterial growth (Finlay et al. 2010, Donald et al. 2011).  However, while 

the effects of ammonium are known to selectively stimulate (cyanobacteria in summer) or 

suppress phytoplankton (e.g., diatoms, cryptophytes in spring) (Glibert et al. 2016; 

Chapter 2), little is known about whether urea has similar dichotomous effects among 

seasons.  Thus, detailed information on the impacts of urea pollution on phytoplankton 

biomass across seasons, as well as the processes that influence its transformation 

(Solomon et al. 2010; Lee et al. 2016; Siuda et al. 2016), are required to evaluate how 

environmental risks vary with the timing and form of N released to surface waters.  

 Preliminary research suggests that effects of urea on water quality in P-rich lakes 

may vary among seasons (Mitamura et al. 2010; Siuda and Kiersztyn 2015; Belisle et al. 

2016).  First, export of urea is expected to be highly seasonal (Glibert et al. 2006; 

Tzilkowski 2013; King et al. 2017), particularly in northern regions where fertilizer 

application to fields tends to occur in spring and fall, concurrent with low temperatures, 

reduced microbial and enzymatic activity (Siuda and Chrόst 2006), and elevated runoff 

(Pomeroy et al. 2007; Pham et al. 2009), which reduce urea hydrolysis to NH4
+ and 

favours terrestrial export (Swensen and Singh 1997; Silva et al. 2005; Di and Cameron 

2008).  Second, decomposition of urea to NH4
+ may lead to suppression of diatom and 
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cryptophyte growth in cold well-lit waters of spring and fall, as NH4
+ suppresses nitrate 

(NO3
-) uptake and constrains the dissimilatory nitrate reduction (DNR) needed to quench 

photo-oxidative cell damage (reviewed in Glibert et al. 2016; Chapter 2).  Third, high 

seasonal variation in rates of organic matter remineralization and water-column mixing 

can affect the magnitude and chemical composition (e.g., urea, NH4
+, SRP) of nutrients 

released from sediments and therefore nutrients available to phytoplankton (Søndegaard 

et al. 2003; Patoine et al. 2006; Bogard et al. 2012; McCarthy et al. 2016).  Fourth, 

annual cycles in limnological conditions (e.g., temperature, light, N:P ratios) (Watson and 

McCauley 2005) favour predictable phytoplankton phenology in eutrophic lakes 

(Reynolds 1984; Sommer et al. 1986; Vanni and Temte 1990), with spring blooms of 

diatoms and cryptophytes giving way to summer blooms of chlorophytes and 

diazotrophic cyanobacteria, and autumnal populations of low-light adapted non-N2-fixing 

cyanobacteria, each with different reliance on allochthonous N supply (Klausmeier et al. 

2004; Dickman et al. 2006; Donald et al. 2013).  Thus, while urea is ubiquitous in lakes, 

may exceed 0.5 mg N L-1 in some freshwater systems (Chapter 4), and can exhibit high 

seasonal availability in the water column (Glibert et al. 2006; Bogard et al. 2012), 

relatively little is known of the consequences of these annual patterns for water quality in 

N-limited, P-rich lakes (Leavitt et al. 2006; Bunting et al. 2007).  

 This research seeks to quantify the magnitude and variability of seasonal effects 

of urea on phytoplankton abundance and community composition in a P-rich hyper-

eutrophic lake of the northern Great Plains (NGP) of Canada.  To this end, effects of 

urea, alone and in combination with P amendments, were assessed using large-scale 

(3000-L) mesocosm experiments, repeated monthly from April to November.  In 
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addition, I compared results of the mesocosm experiments to those from concurrent 

bioassays with NH4
+ to determine if urea acted directly or through its main 

decomposition product.  I hypothesized that urea would not stimulate phytoplankton 

growth during spring and fall when ambient P concentrations were low and water was 

cool (Paerl et al. 2015), but that it would selectively stimulate toxic cyanobacteria and 

chlorophytes at the expense of N2-fixing cyanobacteria during warm, P-rich conditions of 

late summer (Finlay et al. 2010; Bogard 2011; Donald et al. 2011; Harris et al. 2014).  

Additionally, I hypothesized that urea amendment in spring and fall may suppress growth 

of diatoms and cryptophytes due to microbially- or chemically-mediated hydrolysis of 

urea to NH4
+ (Alexandrova and Jorgensen 2007; Solomon et al. 2010; Glibert et al. 2016; 

Chapter 2).  Finally, I expected that fertilization with P would favour phytoplankton 

growth only in spring, when ambient SRP concentrations and rates of internal recycling 

from sediments are low (Nürnberg 2009; Donald et al. 2011; Paerl et al. 2015).   

 

3.2 Methods 

Study area 

Experiments were conducted in Wascana Lake, a small (0.5 km2), polymictic, hardwater 

lake within the City of Regina, Saskatchewan, Canada (50°26.17'N, 104°36.91'W).  

Regional climate is characterized as cool-summer humid continental (Köppen Dfb 

classification), with short summers (mean 19°C in July), cold winters (mean -16°C in 

January), and low annual temperatures (~1°C) with high seasonal variability (Leavitt et 

al. 2006).  Spring snow melt accounts for 80% of annual surface runoff (Pomeroy et al. 
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2007; Pham et al. 2009), leading to a seasonally variable, but high annual, flushing rate 

(mean water residence time  = 0.15 year;  Table 3-1).  Wascana Lake is fed directly by 

Wascana Creek, which receives runoff from its agriculturally dominated (e.g., wheat, 

canola, livestock) catchment (1400 km2), as well as by diffuse inputs, stormwater from 

the City of Regina, nutrients from migratory water fowl (Fremaux et al. 2010) and 

substantial internal nutrient loading (Patoine et al. 2006).  As a result of these high 

nutrient inputs, Wascana Lake is hypereutrophic, with elevated mean (+ standard 

deviation [SD]) summer concentrations of chlorophyll a (Chl a; 44.8 ± 44.5 μg L-1) and 

SRP(242.4 ± 198.1 μg P L-1), low transparency (Secchi depth <0.5 m), and low mass 

ratios of total dissolved N (TDN): SRP (13.2 ± 26.7; Table 3-1).  In addition, the lake 

exhibits elevated pH (8-10) and concentrations of dissolved organic (DOC) and inorganic 

carbon (DIC) characteristic of regional lakes in the NGP (Finlay et al. 2009, 2015). 

 Wascana Lake exhibits pronounced seasonal patterns of community succession 

typical of shallow productive lakes, with the spring phytoplankton communities of 

diatoms and cryptophytes giving way to mid- to late-summer blooms of chlorophytes, 

diazotrophic cyanobacteria, and non-N2-fixing cyanobacteria (McGowan et al. 2005; 

Donald et al. 2013).  Although chrysophytes are present during spring, they generally 

contribute < 20% of the community abundance during the open water period (Donald et 

al. 2013).  Summer taxa include N2-fixing Aphanizomenon flos-aquae in June-July, non-

heterocystous Microcystis spp. in late August-September, and Planktothrix agardhii 

throughout June - September, while Phormidium spp. and diatoms (e.g., Cyclotella spp.)
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Table 3-1.  Morphometric, chemical, and biological characteristics of Wascana Lake.  Data are mean values (± 1 standard deviation, 
in parentheses) of measurements taken between May - Aug of 1996 - 2011.  Abbreviations represent maximum depth (Zmax), total 
dissolved- and soluble reactive phosphorus (TDP, SRP), total dissolved nitrogen (TDN), dissolved organic and total inorganic carbon 
(DOC, DIC), and chlorophyll a (Chl a).   
 

Area 
(km2) 

Volume 
(m3 106) 

Water 
residence 

(yr) 

Zmax 
(m) 

TDP 
(µg P L-1)

SRP 
(µg P L-1)

TDN 
(µg N L-1)

DOC 
(mg L-1)

DIC 
(mg L-1)

Conductivity 
(µS cm-1) 

pH Secchi 
depth 
(m) 

Chl a 
(µg L-1)

0.5 0.7 0.15 3.4 
(0.6) 

343.8 
(233.9) 

242.4 
(198.1) 

1384.1 
(630.8) 

18.0 
(7.3) 

41.7 
(12.3) 

938.3 
(418.9) 

9.0
(0.7)

0.8 
(0.5) 

44.8 
(44.5) 
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increase during September (Donald et al. 2013).  The pelagic invertebrate community is 

composed mainly of large-bodied Daphnia spp. (e.g., D. magna, D. pulicaria, D. galeata 

mendotae) during April–June, but is replaced with abundant copepods (Diaptomus 

thomasi, Leptodiaptomus siciloides) in July - September (McGowan et al. 2005; Patoine 

et al. 2006) due to seasonal predation by zooplanktivorous fish, including emerald shiner 

(Notropis atherinoides), five-spined stickleback (Culaea inconstans) and yellow perch 

(Perca flavescens).   

 

Mesocosm experiments 

Mesocosm experiments were based on designs of Finlay et al. (2010) to facilitate 

comparison among studies evaluating effects of different chemical forms (Donald et al. 

2011, 2013) and concentrations of N (Bogard 2012) on planktonic communities in late 

summer (July-Sept).  Briefly, twelve cylindrical mesocosms (2-m diameter x 1-m deep, 

~3000 L), made of poly-weave plastic, closed at the bottom and open to the atmosphere, 

were secured to floating frames, and deployed in a sheltered bay of Wascana Lake.  Each 

frame was anchored independently to the sediments and held six enclosures, which 

received randomly-assigned treatments.  Prior to use, mesocosms were cleaned and 

rinsed, then were filled passively with lake water by drawing the submerged poly-weave 

material up from depth.  Filling was then completed using a portable water pump.  

Minnow traps were deployed in each mesocosm, and checked routinely to remove fish.  

Triplicate mesocosms were deployed for each treatment including amendments of urea 

alone (+U), phosphorus alone (+P), urea and phosphorus (+UP), and no fertilization (-UP 
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controls).  Amended mesocosms received either 4 mg N L-1 week-1 of urea or 100 μg L-1 

week-1 of P as orthophosphate (K2HPO4), concentrations known to saturate autotrophic 

demand in previous experiments (Finlay et al. 2010; Bogard 2011; Donald et al. 2011), 

whereas reference enclosures received 500 mL distilled water.  Amendments were made 

on day 0 prior to sampling, and at 7-day intervals after sampling.  Enclosures were mixed 

completely using a paddle after fertilization.  Mesocosms were removed and pressure 

washed without detergents at the end of each experiment. 

 Experiments were conducted each month from April to October 2012, a period 

which covered the entire ice-free season.  Experiments were run for two-week durations 

during April, May, June and October, with sampling between 10:00 and 14:00 h on days 

0 (immediately after nutrient amendments), 7 and 14 (prior to nutrient amendments).  

Experiments in July, August and September were conducted for a three-week duration 

and also included sampling on day 21, as per previous summer experiments (Finlay et al. 

2010; Bogard 2011; Donald et al. 2011).  Onset ® HOBO Pendant Data Loggers were 

installed at 0.1- and 0.5-m depths in each mesocosm, and recorded light intensity (lx) at 

10-minute intervals over the duration of each experiment.  On each sampling date, water 

temperature (°C), conductivity (μS cm-1), salinity (g L-1) and dissolved oxygen (DO; mg 

O2 L
-1) were recorded at 0.5-m depth using a YSI model 85 meter, pH was measured at 

0.1-m depth using a handheld Oakton pHTestr 10 meter, and water transparency was 

estimated using a 20-cm diameter Secchi disk.  Whole-water samples were collected 

from 0.5 m below the surface of each mesocosm, and returned to the laboratory for 

filtration and preservation within one hour.  Whole water was transferred using sterile 

technique into 10-mL pre-sterilized Vacutainer vials and preserved with 1% 
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gluteraldehyde for microbial enumeration.  Particulate organic matter (POM) for analysis 

of pigments was collected on Whatman GF/C filters (nominal pore size 1.2 µm) and 

frozen at -10oC until analysis (see below).  The remaining whole water was filtered 

through a GF/F 0.45-µm pore membrane filter, sealed, and either frozen (nutrients) or 

refrigerated (DIC, DOC) until chemical analysis.   

 

Bioassay experiments 

On the first day of each experiment, a nutrient limitation bioassay was conducted on 243-

μm screened, depth-integrated water from Wascana Lake, and used to indicate the 

instantaneous nutrient status of the phytoplankton community (Finlay et al. 2010).  

Triplicate acid-washed and rinsed borosilicate bottles received one of four treatments; 

0.032 M N as NH4Cl (+N), 0.025 M P as K2HPO4 (+P), both nutrients (+NP), or no 

addition (-NP controls).  Bottles were incubated for 72 h in a growth chamber at ambient 

seasonal lake temperatures, a fixed light : dark regime (12 h: 12 h) and an irradiance 

equivalent to that observed at Secchi depth (Finlay et al. 2010).  After the incubation 

period, POM was filtered onto GF/C filters and processed for Chl a concentration using 

spectrophotometric analyses.  

 

Laboratory analyses  

All water chemistry analyses were conducted on depth-integrated water that had been 

filtered through a 0.45-μm pore membrane filter.  DIC and DOC were analyzed using a 
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Shimadzu 5000A total carbon analyzer following Finlay et al. (2009).  Nitrate and nitrite 

(hereafter as NO3
-), NH4

+, TDN, SRP, and TDP were analyzed using a Lachat QuikChem 

8500 FIA automated ion analyzer following standards methods (APHA-AWWA/WEF 

1998).  Dissolved urea concentrations were measured by the diacetyl monoxime method 

of Revilla et al. (2005), as modified by Bogard et al. (2012).  

 Phytoplankton abundance as Chl a (μg L-1) was determined using standard 

trichromatic spectrophotometric methods (Jeffrey and Humphrey 1975), while 

phytoplankton community composition (as relative % pigment abundance) was 

quantified using high performance liquid chromatography (HPLC) on an Agilent model 

1100 HPLC system, as described in Leavitt and Hodgson (2001).  Briefly, pigments were 

tentatively identified on the basis of chromatographic position and spectral characteristics 

in comparison to authentic standards from DHI LAB Products, Denmark, and an internal 

reference standard of Sudan II (3.2 mg L-1; Sigma Chemical Corp, St. Louis, MO, USA).  

HPLC analyses were restricted to the most abundant biomarker pigments, including 

fucoxanthin (siliceous algae), alloxanthin (cryptophytes), Chl b (chlorophytes), lutein-

zeazanthin (chlorophytes and cyanobacteria), myxoxanthophyll (colonial cyanobacteria), 

and aphanizophyll (potentially N2-fixing cyanobacteria).  On this HPLC system, 

carotenoids from Aphanizomenon (aphanizophyll), Anabaena (4-keto-myxoxanthophyll) 

and the Oscillatoriaceae (oscillaxanthin) were incompletely resolved and were presented 

together as aphanizophyll (Leavitt and Hodgson 2001).  Similarly, structural isomers 

lutein (chlorophytes) and zeaxanthin (cyanobacteria) were not separable on the HPLC 

system and were used as an index of bloom-forming taxa (Leavitt and Hodgson 2001; 

Leavitt et al. 2006). 
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 Bacterial abundance was measured according to del Giorgio et al. (1996).  

Briefly, bacterioplankton were stained with the nucleic-acid dye STYO 13 and 

enumerated using fluorescence at 488 nm on a FACScan (Becton Dickenson) flow 

cytometer equipped with an argon-ion laser.  

 

Numerical analyses 

Response variables, including total phytoplankton abundance (as Chl a) and community 

composition (as carotenoids) were inspected for normal distribution of residuals using a 

Shapiro-Wilks test and were log10(x+1) transformed as required.  Repeated-measures 

analysis of variance (RM-ANOVA) was used to test for significant differences due to 

treatment, time, and the interaction of time and treatment on response variables in each 

experiment following Finlay et al (2010) and Donald et al. (2011).  Mauchly's test was 

used to determine if response variables met the assumption of sphericity.  Violations from 

sphericity were addressed by applying the Greenhouse-Geisser correction when 

Mauchly's test correction estimate epsilons were < 0.75, or the Huynh-Fledt correction 

when test correction estimate epsilons were above > 0.75 (Atkinson 2001; Girden 1992).  

Pair-wise comparisons were conducted using Tukey's Honestly Significant Difference 

(HSD) post hoc test.  ANOVAs with Tukey’s tests were used to evaluate the differences 

between treatment responses in each of the short-term bioassay experiments.  Least-

squares linear regression was used to quantify the relationship between phytoplankton 

response to added N and environmental conditions (TDN:SRP, SRP concentration, Chl a 

content) during summer (July, August, September) experiments herein and those 
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conducted in earlier summers (2007-2009) using the same experimental design (Finlay et 

al. 2010; Bogard 2011; Donald et al. 2011).  All ANOVAs were conducted in SPSS 24.0, 

whereas regression analyses was conducted using TIBCO Spotfire 6.   

 

3.3 Results 

Lake conditions 

Seasonal changes in lake conditions resulted in a wide range of initial conditions for each 

experiment (Supporting Information Figure S1).  For example, surface water 

temperatures varied in a unimodal fashion (2.6 - 29.8°C) during the ice-free period (day 

of year [DoY] 95 - 303), while O2 content varied inversely with temperature, with 

elevated values in spring (20.0 mg O2 L
-1) and fall (11.6 mg O2 L

-1) and a minimum 

during June (5.2 mg O2 L
-1).  Overall, mean initial pH generally declined from 9.2 in 

April to 8.1 in October, whereas DIC concentrations increased from spring (49.1 mg C  

L-1) to a peak in June (63.6 mg C L-1) before declining to intermediate values thereafter.  

Water transparency (as Secchi depth) displayed patterns typical of eutrophic lakes 

(Lathrop 2007), with a monthly minimum of 0.25 m in April and May followed by a 

maximum of 1.50 m during the June clearwater phase, and slowly declining transparency 

during summer (0.55 m in September) before an increase to 0.83 m in October.  Overall, 

specific conductivity increased from 1181 μS cm-1 in spring to a plateau of ~1602 μS   

cm-1 from July onwards.  Although DOC concentrations also increased during summer, 

the most rapid changes occurred adjacent to the clearwater phase, when values increased 

from 22.7 mg C L-1 in early summer to 34.2 mg C L-1 thereafter. 
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 Nutrient concentrations varied more than 10-fold during the open water season 

(Figure 3-1).  Generally, concentrations of all dissolved forms of N were lower in spring 

and late summer and exhibited peaks during June and July (Figure 3-1a).  Concentrations 

of biologically-available N, including urea (19 - 107 μg N L-1), NH4
+ (13 - 46 μg N L-1), 

and NO3
- (1 - 61 μg N L-1), were lowest in spring and fall when together they made up    

< 30% of the TDN pool, but accounted for most of the TDN during June and July (urea = 

227 ± 71 μg N L-1, NH4
+ = 841 ± 549 μg N L-1, NO3

- = 969 ± 196 μg N L-1).  In contrast, 

concentrations of TDP (32 ± 32 μg P L-1) and SRP (13  ± 10 μg P L-1) were lowest in 

spring, then rose to a maximum of > 350 μg P L-1 during July-Sept (Figure 3-1b).  SRP 

comprised only 35% of TDP in spring, but rose to nearly 100% of dissolved P during 

most of the summer, despite concentrations of Chl a characteristic of eutrophic waters 

(Figure 3-1c).  Seasonal changes in N and P concentrations resulted in a sharp decline in 

mass ratios of TDN:SRP from elevated values characteristic of P-limited systems in 

spring (51.8 ± 18.7) to low ratios representative of N-limited conditions during summer 

and fall (3.9 ± 2.3).   

 In general, seasonal variation in total phytoplankton abundance as Chl a followed 

the annual trajectory known from other eutrophic lakes (Lathrop 2007; Dröscher et al. 

2009), with a spring maximum (125 μg L-1) followed by a minimum (~1.2 μg L-1) during 

the June clearwater phase, before rising to late-summer values of ~30 μg L-1 (Figure 3-

1c).  
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Figure 3-1.  Seasonal limnological conditions in Wascana Lake during the open water 
period of 2012.  Panels show (a) dissolved nitrogen, including TDN, NH4

+, NO3
-, and 

urea, (b) TDP and SRP, and (c) TDN:SRP and Chl a. Values in panels (a) and (b) 
represent mean of triplicate samples and error bars denote ±1 SE.  Continued on 
following page. 
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Figure 3-1.  Continued from previous page.  
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Changes in Chl a were positively correlated to TDN:SRP (r2 = 0.87, p < 0.001), 

negatively correlated with concentrations of SRP (r2 = 0.62,  p < 0.01) and TDP (r2 = 

0.62, p < 0.01), and weakly with alterations in individual N compounds (i.e., NH4
+, urea; 

r2 = 0.24 - 0.25,  p < 0.01; NO3
-: r2 = 0.14, p = 0.10). 

 HPLC analysis of biomarker pigments demonstrated that the phytoplankton 

community was composed mainly of siliceous algae (as fucoxanthin) and cryptophytes 

(as alloxanthin) in April, with increasing relative abundances of cryptophytes in May and 

June as diatom populations declined (Figure 3-2).  Community composition shifted again 

after the June clearwater phase, with increased abundance of N2-fixing cyanobacteria (as 

aphanizophyll) and chlorophytes (as Chl b) in July giving way to non-diazotrophic 

cyanobacteria (as myxoxanthophyll) in August and September.  Fall communities were 

characterized by increasing relative abundances of cryptophytes.  In contrast, 

dinoflagellates were rarely observed during 2012. 

 

Bioassay experiments 

Short-term bioassay experiments revealed that phytoplankton growth was strongly and 

significantly suppressed (p < 0.05) by fertilization with NH4
+ relative to unamended 

control treatments during April through July (Figure 3-3).  In contrast, the P treatment 

had no significant effect on phytoplankton growth during the open-water period, while 

modest increases in Chl a concentration in response to added N in October and +NP in 

August were not statistically significant.  Lack of significant growth stimulation by added  
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Figure 3-2. Seasonal community composition, as relative percent abundance of pigment 
biomarkers, in Wascana Lake during the open water period of 2012.  Values measured 
using HPLC analysis. (Original in colour.) 



71 
 
 

a*
a*

b

a* a*

b

b

a*a*
a* a*

b

b

a

Month

10

0

-10

-20

-30

-40

-50

-60

-70

-80

-90

-100

NH4
+

NH4
+ + P

P

C
hl

or
op

hy
ll 
a

(μ
g/

L)
tr

ea
tm

en
t -

co
nt

ro
l

Apr May Jun Jul Aug Sep Oct

 

Figure 3-3. Chl a response (treatment – control) in short-term NH4
+ bioassays from 

Wascana Lake, conducted on day 0 of each mesocosm experiment.  Letters indicate 
treatments that were significantly different from each other (p < 0.05), and asterisks mark 
treatments that were significantly different from control treatments (p < 0.05), as 
determined by ANOVA and Tukey’s HSD post hoc test. 
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NH4
+ during late summer contrasts with findings from previous research in Wascana 

Lake during the 2000’s (Finlay et al. 2010; Bogard 2011; Donald et al. 2011).  

 

Effects of nutrients on phytoplankton abundance and community composition 

Unlike findings from short-term NH4
+ bioassays, urea amendments did not suppress 

phytoplankton growth in mesocosm experiments (Figure 3-4).  Instead, fertilization with 

urea stimulated phytoplankton abundance up to 400% relative to that in control 

mesocosms in all months between April and September when either added alone or in 

concert with P.  RM-ANOVAs (Table 3-2) revealed that Chl a abundance was 

significantly higher (p < 0.05) in urea amended treatments than –UP control trials during 

April, May, June, and September experiments.  Although not statistically significant, Chl 

a concentration was also elevated in +UP and +U treatments relative to the control or +P 

trials during July and August experiments (Figures 3-4, 3-5).  In contrast, there were no 

significant effects (p > 0.05) on Chl a due to fertilization with P alone in any of the seven 

experiments (Figure 3-4).  Neither added N nor P had a significant effect on total 

phytoplankton abundance during October (Table 3-2). 

 Analysis of taxonomically-diagnostic pigments using HPLC revealed that the 

effect of nutrient amendment varied across season and phytoplankton group.  For 

example, +UP treatments resulted in significantly higher abundances of cryptophytes (p < 

0.01) and chlorophytes (p < 0.01) during April experiments (Table 3-2, Figure 3-4), 

mainly at the expense of diatoms and siliceous algae (Figure 3-6).  During May, 

chlorophyte abundance (p < 0.01) was elevated by fertilization with +U or +UP, siliceous 



73 
 
 

P
ig

m
en

t c
on

ce
nt

ra
tio

n 
(n

m
ol

/L
)

Days Elapsed

0 7 14 0 7 14 0 7 14 0 7 14 21 0 7 14 21 0 7 14 21 0 7 14

160

80

0

16

8

0

C
ry

pt
op

h
yt

es
(A

llo
xa

n
th

in
)

C
h

la
(μ

g
/L

)

April May

40

20

0

S
ili

ce
o

u
s

al
ga

e
(F

u
co

xa
n

th
in

)

June July August September October

40

20

0

40

20

0
0.8

0
4

2

0

0.4

C
ol

on
ia

l
C

ya
n

ob
ac

te
ria

(M
yx

ox
a

n
th

o
ph

yl
l)

N
2-

fix
in

g
C

ya
n

ob
ac

te
ria

(A
ph

an
iz

op
h

yl
l)

C
ya

n
ob

ac
te

ria
 

+ 
ch

lo
ro

ph
yt

e
s

(L
u

te
in

+ 
Z

ea
za

n
th

in
)

C
h

lo
ro

p
h

yt
es

(C
h

lb
)

 

 

 
Figure 3-4. Time series of chlorophyll and carotenoid pigment concentrations in each 
experiment between April – October, representing Chl a (μg L-1), siliceous algae 
(fucoxanthin), cryptophytes (alloxanthin), chlorophytes (Chl b), chlorophytes and 
cyanobacteria (lutein + zeaxanthin), N2-fixing cyanobacteria (aphanizophyll), and 
colonial cyanobacteria (myxoxanthophyll).  All pigment are in nmol pigment L-1, except 
Chl a, which is in (μg L-1).  Symbols represent average of three mesocosm replicates, 
with error bars denoting ±1 SE, for the control (grey line), and the P (green line), urea 
(orange line), and urea plus P (purple line) amended treatments. (Original in colour.)
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Table 3-2.  RM-ANOVA statistics for treatment effects and their interaction with time on Chl a and phytoplankton community 
composition as determined by HPLC pigment analyses.  Probability (p) values were calculated for treatment and treatment-time effect, 
and are indicated in bold if significant.  Results of post hoc Tukey's HSD tests are shown with ordered mean treatment values from 
smallest to largest, and significant differences (<) at = 0.05 for controls (c), phosphorus (p), urea (u), and urea + phosphorus (up) 
treatments.  Treatments that appear on both sides of the (<) were not significantly different from the treatments on either side.  
Continued on the following page. 
 

 

April  May  June  July  August  

p Post hoc  p Post hoc  p Post hoc  p Post hoc  p Post hoc  
Chl a                

Treatment 0.01 c, p < u, up  <0.01 p, c < c, u < u, up  0.02 p, u, c < c, up  0.74 ̶  0.13 ̶  
Interaction 0.15 ̶  0.01 ̶  0.04 ̶  0.07 ̶  0.52 ̶  

Siliceous algae                

Treatment 0.51 ̶  0.04 c, p, up < p, up, u  0.99 ̶  0.98 ̶  0.23 ̶  

Interaction 0.66 ̶  0.54 ̶  0.94 ̶  0.60 ̶  0.41 ̶  

Cryptophytes                
Treatment <0.01 c, p, u < u, up  0.12 ̶  0.24 ̶  0.94 ̶  0.09 ̶  
Interaction <0.01 ̶  0.17 ̶  0.55 ̶  0.38 ̶  0.37 ̶  

Chlorophytes                
Treatment <0.01 c, p, u < up  <0.00 c, p < u, up  0.64 ̶  0.65 ̶  0.11 ̶  
Interaction <0.01 ̶  <0.00 ̶  0.52 ̶  0.35 ̶  0.26 ̶  

Chlorophytes + cyanobacteria              

Treatment 0.09 ̶  <0.05  p, c, u < c, u, up  0.52 ̶  0.83 ̶  0.08 ̶  

Interaction <0.01 ̶  0.05 ̶  0.06 ̶  0.44 ̶  0.44 ̶  

N2-fixing cyanobacteria               

Treatment ̶ ̶  ̶ ̶  0.25 ̶  0.38 ̶  0.37 ̶  

Interaction ̶ ̶  ̶ ̶  0.23 ̶  0.79 ̶  0.16 ̶  

Colonial cyanobacteria               

Treatment ̶ ̶  ̶ ̶  0.43 ̶  0.60 ̶  0.40 ̶  

Interaction ̶ ̶  ̶ ̶  0.43 ̶  0.34 ̶  0.65 ̶  
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Table 3-2.  Continued from previous page. 
 

 

 September  October 

 p Post hoc  p Post hoc 
Chl a       

Treatment  <0.01 c, p, u < u, up  0.97 ̶ 
Interaction  0.07 ̶  0.97 ̶ 

Siliceous algae       

Treatment  <0.01 p, c < u, up  0.69 ̶ 

Interaction  <0.01 ̶  0.74 ̶ 

Cryptophytes       
Treatment  <0.01 c, p, u < u, up  0.98 ̶ 
Interaction  0.01 ̶  0.87 ̶ 

Chlorophytes     
Treatment  <0.00 c, p, u < up  0.82 ̶ 
Interaction  <0.00 ̶  0.98 ̶ 

Chlorophytes + cyanobacteria    

Treatment  <0.01 c, p, u < up  0.64 ̶ 

Interaction  <0.01 ̶  0.58 ̶ 

N2-fixing cyanobacteria     

Treatment  <0.01  u, c, p < c, p, up  0.26 ̶ 

Interaction  0.36 ̶  0.89 ̶ 

Colonial cyanobacteria     

Treatment  0.01 c, p, u < up  ̶ ̶ 

Interaction  <0.02 ̶  ̶ ̶ 
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Figure 3-5.  Plate of August mesocosm enclosures on day 21 of the experiment, with 
control (a), and +P (b), +U (c), and +UP (d) treatments. (Original in colour.) 
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Figure 3-6.  Relative abundance of major phytoplankton groups within each mesocosm 
experiment as determined by HPLC pigment analyses (nmol pigment L-1). Bars within 
each plot represent the average relative pigment abundances from three replicate 
mesocosm treatments, with control (C), +P, +U, and +UP amended treatments arranged 
from left to right. (Original in colour.) 
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algae (p = 0.04) increased in the +U treatments (but not +P or +UP), and chlorophytes 

and cyanobacteria together were significantly higher in +UP treatments than in +P 

treatments (p < 0.05).  In contrast, though communities in urea-amended treatments 

comprised higher relative abundances of chlorophytes, colonial cyanobacteria, and 

cryptophytes, and reduced relative abundances of N2-fixing cyanobacteria than controls 

(Figure 3-6), the concentrations of individual pigment biomarkers were not significantly 

different between treatments in June, July or August (p > 0.05, Table 3-2).  During 

September, fertilization with +U and +UP resulted in significant (p < 0.05) increases in 

abundances of all major taxonomic groups relative to +P and control treatments (Table 3-

2), with chlorophytes and colonial cyanobacteria again increasing at the expense of N2-

fixing cyanobacteria (Figure 3-6) due to the significant (p < 0.01) loss of diazotrophs 

(Table 3-2).  Finally, experiments in October showed no notable differences (p > 0.05) in 

phytoplankton abundance (Figure 3-4) or gross community composition (Figure 3-6) 

among treatments (Table 3-2). 

 

Effects of nutrient amendments on mesocosm environments 

Concentrations of N were elevated in +U and +UP treatments on all sampling dates in all 

experiments, although the temporal pattern exhibited during individual experiments 

varied with N compound and season (Figure 3-7).  Although urea content was ~1150% 

higher than concentrations in control mesocosms as a result of fertilization, there was no 

evidence of progressive accumulation of urea during the course of any of the monthly 

experiments.  Instead NH4
+ and NO3

- both usually accumulated significantly
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Figure 3-7. Time series of nutrient and limnological conditions in the seven experiments 
between April – October.  Symbols represent average of three mesocosm replicates, with 
error bars denoting ±1 SE, for the control (grey line), and the P (green line), urea (orange 
line), and urea plus P (purple line) amended treatments.  (Original in colour.) 
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(p < 0.01) during experiments conducted July-September (Table 3-3), resulting in 

elevated concentrations of TDN by the end of those trials.  Neither compound was greatly 

elevated in urea-amended trials within experiments conducted during April and May or, 

secondarily, October (Figure 3-7, Table 3-3).  In contrast, there were few large changes in 

the concentration of nitrogenous compounds in reference mesocosms, or those fertilized 

with P alone (Figure 3-7), with urea exhibiting stable or modestly decreasing 

concentrations in +P and –UP treatments in most months, while NO3
- concentrations 

remained consistently low (i.e., < 10% of TDN) in un-amended treatments except in June 

and July, when values declined 50 - 90% during the experiment.  Overall, NH4
+ 

concentrations exhibited similar trends to urea and TDN in +P and –UP experiments, 

with modest initial declines in concentrations in most months (Figure 3-7).   

 Overall, SRP and TDP concentrations followed patterns seen in Wascana Lake, 

with low concentrations during April and May, a progressive increase from June to Sept, 

followed by a slight decline in October (Figure 3-1, 3-7).  In general, there was only 

limited evidence of the effects of P accumulation in +P or +UP trials until the July 

experiments, after which time SRP tended to accumulate in +P and –UP mesocosms.  

Concentrations of SRP, and to a lesser extent TDP, declined in urea-amended mesocosms 

during experiments run from June to September.  Although TDN:SRP mass ratios were 

elevated in urea-amended trials during spring, values declined progressively during 

summer to those seen in control mesocosms and Wascana Lake.   

  

 



81 
 
 

Table 3-3.  RM-ANOVA statistics for treatment effects and interaction with time on mesocosm environments, including nutrient 
concentrations (NO3

-, NH4
+ [mg N L-1]; DIC, DOC [mg L-1], DO [mg L-1 O2], and microbial abundance [cells x 106 L-1].  Probability 

(p) values were calculated for treatment and treatment-time effect, and are indicated in bold if statistically significant.  Tukey's HSD 
post hoc results show ordered mean treatment values from smallest to largest, and significant differences (<) at = 0.05 for controls (c), 
phosphorus (p), urea (u), and urea + phosphorus (up) treatments.  Treatments that appear on both sides of the (<) were not 
significantly different from the treatments on either side. Continued on following page.  
 

 
 

April  May  June  July  August  

p Post hoc  p Post hoc  p Post hoc  p Post hoc  p Post hoc 
 

NO3
-                

Treatment 0.18 ̶  0.95 ̶  <0.01 c, p  < up, u  <0.01 p, c, u < u, up  0.04 c, p, up < p, up, u  
Interaction 0.98 ̶  0.11 ̶  0.06 ̶  <0.01 ̶  0.02 ̶  

NH4
+                

Treatment 0.12 ̶  <0.01 p, c  < u, up  0.11 ̶  0.59 ̶  <0.01 c, p < up, u  

Interaction 0.36 ̶  0.04 ̶  0.15 ̶  0.25 ̶  0.03 ̶  

DIC                

Treatment 0.04 
up, u, c < u, c, p 

 
 <0.01 u, up < c, p    0.24 ̶  0.13 ̶  <0.01 u, up < up, p, c  

Interaction 0.61 ̶  0.03 ̶  0.41 ̶  0.39 ̶  <0.01 ̶  

DOC                

Treatment 0.09 ̶  0.13 ̶  0.21 ̶  0.26 ̶  0.15 ̶  

Interaction 0.16 ̶  0.59 ̶  0.66 ̶  0.46 ̶  0.38 ̶  

DO                

Treatment 0.06 ̶  0.02 c, p, u < u, up  0.60 ̶  0.78 ̶  <0.01 c, p < u, up  

Interaction 0.07 ̶  0.03   0.94 ̶  0.66 ̶  0.27 ̶  

Microbial abundance               

Treatment 0.49 ̶  0.11 ̶  0.66 ̶  0.96 ̶  <0.01 p < c, u, up  

Interaction 0.24 ̶  0.73 ̶  0.69 ̶  0.04 ̶  0.39 ̶  
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Table 3-3.  Continued from previous page. 
 

 September  October 

 p Post hoc 
 

p Post hoc 
NO3

-      
Treatment 0.03 p, c, u < c, u, up  0.01 c, p, u < u, up 
Interaction <0.01 ̶  0.02 ̶ 

NH4
+      

Treatment <0.01 p, c < up, u  0.08 ̶ 

Interaction <0.01 ̶  0.27 ̶ 

DIC      

Treatment 0.22 ̶  0.17 ̶ 

Interaction 0.08 ̶  0.87 ̶ 

DOC      

Treatment 0.03 c, p, u < c, u, up  0.06 ̶ 

Interaction 0.26 ̶  0.06 ̶ 

DO      

Treatment 0.86 ̶  0.07 ̶ 

Interaction 0.41 ̶  0.97 ̶ 

Microbial abundance  
 

  

Treatment 0.11 ̶  0.84 ̶ 

Interaction 0.71 ̶  0.46 ̶ 
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In general, trials with elevated abundance of phytoplankton (as Chl a) also exhibited 

lower DIC and higher DO concentrations (Supporting Information Figure S3-1, Table 3-

3).  Although no significant effect of nutrient amendment on Chl a was detected in the 

July or August experiments (p > 0.05, Table 3-2), DIC concentrations were significantly 

lower (p < 0.01) in the +U treatments than the control or +P treatments during these 

months, while DO concentrations were significantly higher (p < 0.01) in both +U and 

+UP treatments in August (Table 3-3).  While initial pH was similar between all 

treatments of each experiment, higher pH values were recorded in the treatments that 

exhibited increased phytoplankton abundance (Table 3-2) and DIC content (Table 3-3).  

Overall, temperature, conductivity, and DOC showed no notable differences between 

treatments during each experiment (Supporting Information Figure S3-1).  Finally, there 

was no significant difference (p > 0.05) in microbial abundance among treatments in any 

experiment, except August wherein heterotrophic density was suppressed (p < 0.01) in 

the +P trial relative to the other treatments (Supporting Information Figure S3-1, Table  

3-3).  

 

3.4 Discussion 

Analysis of seasonal mesocosms demonstrated for the first time that fertilization of P-rich 

lakes with moderate concentrations of urea, either alone or with P, increased total 

phytoplankton abundance in all open water months, except October (Figure 3-4).  

Specifically, addition of environmentally-relevant concentrations of urea to mesocosms 

in hypereutrophic Wascana Lake increased total phytoplankton abundance by up to 400% 
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relative to values in –UP controls, both alone and in combination with added P.  

However, unlike in previous years (Finlay et al. 2010; Bogard 2011; Donald et al. 2011, 

2013), the substantial effects were recorded in April and May rather than during late-

summer (Figure 3-4), despite modest SRP concentrations (< 20 µg P L-1) and elevated (> 

50) TDN:SRP mass ratios (Figure 3-7).  Conversely, substantial amendment with P-alone 

(100 μg P L-1 wk-1) had no significant effect on phytoplankton abundance or composition 

at any time during the open-water season (Figure 3-4, Figure 3-6, Table 3-2), consistent 

with ambient SRP > 200 μg P L-1 during most of this (Figure 3-7) and other years 

(McGowan et al. 2005; Donald et al. 2011; Vogt et al. 2011).  Comparison of mesocosm 

(Figure 3-4) and bioassay findings (Figure 3-3) showed that urea lacked the toxic effects 

of NH4
+ observed in cool waters here and elsewhere (Glibert et al. 2016; Chapter 2), in 

part because of limited hydrolysis of urea during spring and late fall (Figure 3-7).  

Overall, these results were consistent with previous short-term laboratory (Berman and 

Chava 1999; Yuan et al. 2012; Belisle et al. 2016) and mesocosm experiments (Finlay et 

al. 2010; Bogard 2011; Donald et al. 2011), but showed for the first time that 

phytoplankton growth was strongly enhanced in spring, when terrestrial influx is 

expected to be elevated (Glibert et al. 2006; Pomeroy et al. 2007; Bogard et al. 2012) and 

temperature-dependent enzymatic hydrolysis of urea to NH4
+ should be low (Mitamura 

and Saijo 1986; Siuda and Chrόst 2006; Di and Cameron 2008; King et al. 2017).  
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Seasonal effects of urea: Spring  

Contrary to my initial hypothesis, amendment of spring waters (April, May) with urea 

alone, or in combination with P, stimulated phytoplankton biomass by up to four-fold 

(Figure 3-4, Table 3-2) despite ambient SRP concentrations as low <15 μg P L-1 and 

TDN:SRP mass ratios in excess of 45 (Figures 3-1c, 3-7).  These findings contrast 

sharply with empirical and theoretical expectations  of nutrient limitation based on 

research during summer, which predicts that effects of N fertilization should be limited to 

conditions in which ambient mass ratios of N:P are below ~20 : 1 (Smith 1983, 2006; 

Downing and McCauley 1992; Donald et al. 2011).  Instead, my findings suggest that 

threshold for N effects on phytoplankton growth may be mediated by differences in 

nutrient acquisition strategies of spring taxa (Hecky and Kilham 1988, Sterner and Elser 

2002), as well as by vernal limnological conditions (high terrestrial subsidies of DOM; 

low temperature, no thermal stratification), which together may modify nutrient 

requirements of spring phytoplankton relative to mid-summer taxa (Kolzau et al. 2014; 

Hayes et al. 2015; Paerl et al. 2015).  In particular, phytoplankton growth rates should be 

lower in cool spring waters, leading to lower P demands relative to those of N (Elrifi and 

Turpin 1985; Sterner and Elser 2002) and potentially higher requirements for N from the 

phytoplankton assemblage.  Similarly, low water transparency in spring (Secchi depth < 

20 cm; Supporting Information Figure S3-1) is expected to increase cellular demands of 

N relative to those of P, as higher N supply is needed in increase quotas of the N-rich 

light-harvesting pigment, Chl a (Wynne and Rhee 1986).   
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 Increased abundance of total phytoplankton in response to urea amendment in 

spring is also a result of the physiological characteristics of the dominant vernal 

phytoplankton (i.e., cyptophytes, diatoms, and chlorophytes; Figure 3-4, Table 3-2).  For 

example, both cryptophytes and diatoms are able to supplement their growth under 

limiting P-conditions by mixotrophy (Lewin and Lewin 1960; Sanders et al. 1990; 

Burkholder et al. 2008; Liu et al. 2009; Sparber et al. 2015). In addition, cryptophytes 

grow preferentially on reduced N (Antia and Chorney 1968), have selectively high uptake 

rates of urea (Berg et al. 2003; Solomon et al. 2010), and increase in abundance under 

high NH4
+ : low SRP conditions (Gervais 1998; Glibert et al. 2014b).  Cryptophytes are 

also motile and capable of quenching damaging photochemical compounds to protect 

cells from photoinhibitory conditions in spring (Cheregi et al. 2015).  Finally, the 

moderate positive response of chlorophytes to urea may reflect their diverse N uptake 

mechanisms (Fernandez and Galvan 2007), and rapid growth rates that enable them to 

outcompete other taxa for nutrients when light is sufficient (Jensen et al. 1994).  

Although further research is needed to identify the precise mechanisms underlying the 

pronounced stimulation of diatoms, cryptophytes, and chlorophytes by fertilization with 

urea during spring, this data demonstrate clearly that phytoplankton communities are 

susceptible to urea pollution even when biogeochemical parameters (i.e., low SRP, 

elevated N:P) would predict limited growth response.  In turn, these taxa have 

implications for water quality, as they can be leading components in taste and odour 

problems in spring and early summer (Watson 2004).  
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Seasonal effects of urea: Summer 

As originally hypothesized, and consistent with previous experimental studies (Barica et 

al. 1980; Donald et al 2011; Hayes et al. 2015; Harris et al. 2016), fertilization of warm 

eutrophic waters with N (as urea) increased phytoplankton abundance 3.5 - 5.0-fold 

within a week.  In addition, urea fertilization favoured replacement of N2-fixing 

cyanobacteria by chlorophytes and non-heterocystous cyanobacteria (Table 3-2, Figure  

3-6), consistent with physiological and genetic mechanisms in which N assimilation 

suppresses heterocyte formation (Flores and Herrero 2005; Solomon et al. 2010).  Such 

low-light adapted non-diazotrophic cyanobacteria (e.g., Planktothrix spp., Limnothrix 

spp.) are common in warm hypereutrophic systems (Huisman et al. 2004; Patoine et al. 

2006) and are enhanced by influx of chemically-reduced N under conditions of low N:P 

and elevated SRP in this (Finlay et al. 2010; Bogard 2011; Donald et al. 2013) and other 

aquatic systems (Scheffer et al. 1997; Berman and Chava 1999; de Tezanos Pinto and 

Litchman 2010).  As these Oscillatoriaceae often produce the potent toxin microcystin in 

response to N fertilization (Finlay et al. 2010; Donald et al. 2011), selective stimulation 

of these taxa during summer pose additional challenges for water-quality management 

(Paerl and Otten 2013).   

 Comparison of results from experiments conducted in July - September with those 

conducted using a similar mesocosm design (Wascana Lake, fertilization with > 3 mg N 

L-1, standard mesocosms, 3-week duration) confirmed the presence of thresholds for N 

effect on aestival phytoplankton biomass (Finlay et al. 2010; Bogard et al. 2011; Donald 

et al. 2011), but also suggested that strength of regulatory mechanisms may vary among  
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summer months (Figure 3-8).  For example, fertilization with urea and other N species 

consistently increased phytoplankton abundance when TDN:SRP was < 20 during July 

and August (Figure 3-8c, e), but not in September (Figure 3-8g).  Similarly, while the 

lower limit for N effects during July (50 μg P L-1) was the same as that identified 

previously (Barica et al. 1980; Donald et al 2011; Figure 3-8d), thresholds were lower 

(August) or absent (September) in other months (Figure 3-8f, h).  Erosion of pronounced 

thresholds in late summer may arise from multiple mechanisms, including changes in 

available SRP from internal sources (Figure 3-1), shifts in phytoplankton composition 

from summer chlorophytes and cyanobacteria to cool-water flagellates and diatoms 

(Figure 3-2), or the effects of declining water temperature (Supporting Information 

Figure S3-1) and light (Supporting Information Figure S3-2b) as independent constraints 

of phytoplankton growth (Harrison et al. 1990; Lürling et al. 2013; Edwards et al. 2015).  

While such seasonality of urea effects cautions against extrapolation beyond the period of 

study, the presence of a consistent threshold during midsummer over a period of six years 

suggests that N:P ratio and SRP content can be used as a robust management target to 

evaluate the importance of N pollution during the period in which phytoplankton blooms 

pose the greatest risk to human health and the economy (Dodds et al. 2009).   

 

Seasonal effects of urea: Fall 

Addition of urea had no effect on phytoplankton abundance or community composition 

during October (Table 3-2, Figure 3-4) despite low mass ratios of dissolved N:P (Figure 

3-1).  This finding is consistent with expectations derived from the PEG model
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Figure 3-8. Relative phytoplankton response to added N after 2 weeks growth in four years of 3140 L mesocosms experiments, 
conducted in Wascana Lake during summer (i.e., July, August, and September) of 2007 (blue circles; Finlay et al. 2010), 2008 (green 
circles; Donald et al. 2012), 2009 (red circles; Bogard 2011), and 2012 (yellow circles; this study). Phytoplankton response to N 
treatment is the ratio of Chl a in N-amended treatments and controls and plotted against initial (a) TDN:SRP and (b) SRP (μg P L-1) in 
experiments conducted in July, August, and September.  In addition to overall summer response, treatment response was evaluated by 
month, including July response vs. TDN:SRP (c) and SRP (d), August response vs. TDN:SRP (e) and SRP (f), and September response 
vs. TDN:SRP (g) and SRP (h). Individual points represent mean triplicate mesocosm values during day 7 and 14 of each experiment, 
from treatments that received N amendments above saturating concentrations (i.e., > 3 mg N L-1; Bogard 2011), and when SRP > 0.  
(Original in colour.)
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paradigm in which nutrient limitation during summer gives way to physical control of 

primary production during fall (Sommer et al. 1986, 2012).  For example, while ambient 

nutrient concentrations remained characteristic of an N-limited hypereutrophic lake 

(Figure 3-1), mean temperatures declined from 12.8 ± 2.9 °C in September to 4.3 ± 3.1 

°C in October (Supporting Information Figure S3-2a), well below optimal values for 

most phytoplankton (Thomas and Walsby 1986; Visser et al. 1995; Litchman et al. 2010; 

Carey et al. 2012; Lürling et al. 2013).  Light availability was also reduced by elevated 

concentrations of DOC (~40 mg C L-1; Supporting Information Figure S3-1), a 3-hr 

reduction in day length (to 10.5 h) relative to September, and the formation of ice on 

mesocosms (~1 cm by end of experiment; Supporting Information Figure S3-2b).  As 

noted by Sommer et al. (2012), decline in autumnal irradiance to values below those 

required for most phototrophic taxa (Litchman and Klausmeier 2001; Deblois et al. 2013; 

Schwaderer et al. 2011) signals the end of the growing season and terminates nutrient 

controls of community assembly. 

 

Differential effects of urea and ammonium 

Comparison of mesocosm and bioassay experiments suggests that urea and NH4
+ can 

have divergent seasonal effects on hypereutrophic systems and that urea may lack the 

inherent toxicity of NH4
+

  in cold spring conditions (Collos and Harrison 2014; Glibert et 

al. 2016; Chapter 2).  Urea invariably stimulated total phytoplankton growth (Figure 3-4), 

whereas NH4
+ suppressed rates of Chl a accumulation from April to June (Figure 3-3) 

when cryptophytes and diatoms predominate (Figure 3-2; Chapter 2).  I expected urea to 
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suppress growth of diatoms during spring because extracellular ureases are common in 

lake water and hydrolyze urea to NH4
+

 (Mobley and Hausinger 1989; Dyhrman and 

Anderson 2003; Solomon et al. 2010).  Further, recent research shows that NH4
+ 

suppresses phytoplankton growth, particularly that of diatoms, by inhibiting dissimilatory 

nitrate reduction and favouring accumulation of photo-oxidative damage during cool 

water conditions (Glibert et al. 2016; Chapter 2).  Instead, I found little evidence of urea 

hydrolysis during spring (Figure 3-7) and note that diatoms grown on urea can up-

regulate NR activity, potentially maintaining the photo-quenching capabilities of DNR 

pathways (Hildebrand and Dahlin 2000).  Although further study is required to validate 

this proposed mechanism, my results show that NH4
+

 and urea can have divergent effects 

on phytoplankton abundance in spring, thereby implying that lake managers must 

consider not only the timing, but chemical form, of N pollution in protecting P-rich lakes 

from water quality degradation.   

 

Seasonal transformations of urea 

Comparison of time series of individual chemical species of dissolved N demonstrates 

that processes underlying urea transformation varied seasonally within hypereutrophic 

lakes (Figure 3-7).  For example, there is no evidence of in situ hydrolysis of urea during 

spring (April, May), in contrast to rapid conversion to either NO3
- (June, July) or NH4

+ 

(August, September) in other months and years (Finlay et al. 2010; Bogard 2011; Donald 

et al. 2013).  Although not measured directly, I hypothesize that these differences reflect 

seasonal ontogeny in the chemical and microbial composition of lake water to favour 
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hydrolysis and nitrification in early summer (June, July), and only hydrolysis in late 

summer (August, September; Figure 3-7).  Specifically, I suggest that transformation of 

urea to NH4
+ under spring and fall conditions may be limited by low urease activity 

(Thorén 2007), a temperature-dependent process (Solomon et al. 2010) which occurs at 

five-fold higher rates during summer than in other seasons (Dyhrman and Anderson 

2003; Siuda and Chróst 2006).  In general, hydrolysis of urea is driven mainly by the 

enzymes urease and ATP:urea amidolyase (Mobley and Hausinger 1989).  Although non-

enzymatic decomposition is also possible (Antia and Chorney 1968; Alexandrova and 

Jorgensen 2007), this process typically accounts for less than 2% of urea dissociation in 

natural waters; thus, urea remains unhydrolyzed and bioavailable for extended periods of 

time in the absence of urease (Zerner et al. 1991; Fisher 2014). Together, these seasonal 

differences in urea cycling emphasize the importance of evaluating the timing of urea 

influx when assessing its potential impacts on water quality.  

 

Absence of P effects 

P-amendment failed to significantly stimulate phytoplankton abundance relative to the 

controls at any time between April and October (Figure 3-4), indicating that ambient 

concentrations (> 250 μg P L-1) within the lake after May were sufficient to meet growth 

demands (Figure 3-1).  I infer that the accumulation of SRP in the water column is 

derived from internal sedimentary sources as seen elsewhere (Søndergaard et al. 2003; 

Nürnberg 2009) because > 75% of total annual runoff and associated influx of 

allochthonous P (Corriveau et al. 2011; Cade-Menum et al. 2013) occurs during a 3-week 
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snow melt period in the spring (Pomeroy et al. 2007; Pham et al. 2009); contemporaneous 

monitoring of Wascana Creek revealed little hydrologic influx after June (Chapter 3); 

and, dieback of macrophyte populations and associated P release occurs mainly in 

August, well after dissolved nutrient levels have peaked (McGowan et al. 2005).  Overall, 

the limited response of phytoplankton to added P is consistent with persistently high SRP 

concentrations after May and the lack of positive correlation between SRP and Chl a 

(Figure 3-1), a pattern unique to N-limited systems.  More surprising is the observation 

that addition of 100 μg P L-1 week-1 had little effect during spring, when SRP content was 

relatively low (< 15 μg P L-1), mass ratios of dissolved N:P were high (51.8 ± 18.6), and 

vernal phytoplankton were abundant (Figure 3-4). Although unproven, I speculate that 

response of diatoms and cryptophytes to added P may have been limited by a 

combination of high physical turbidity (lake Secchi < 20 cm), suboptimal temperatures (< 

10oC) and potentially heterotrophic growth on added urea.   

 

Limitations of the study design 

Despite the widespread use of mesocosm experiments to identify nutrient limitation 

(Elser et al. 2007; Abell et al. 2010; Harpole et al. 2011; Spivak et al. 2011), debate 

continues over the utility of mesocosm and bioassay experiments to generalize findings to 

larger temporal and spatial scales (Carpenter 1996; Schindler 1998; Collos and Harrison 

2014).  Previous studies within this system (Finlay et al. 2010; Donald et al. 2013) have 

provided detailed rationale for the use of a constant experimental design (closed bottom 

mesocosms) and its value for preliminary investigations of the effects of urea on 
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freshwater ecosystems.  While, in principle, short-comings from smaller scale 

experiments could be addressed by a whole-lake nutrient amendment, urea is included on 

the Canadian Domestic Substance list (Environment Canada 2017) and is prohibited from 

being purposefully dispersed into surface waters.  Instead, I note the high degree of 

consistency between my findings and those of similar N amendment experiments 

conducted in different years (Finlay et al. 2010; Bogard 2011; Donald et al. 2011, 2013), 

as well as those from different experimental scales, including other large enclosure 

experiments (Barica 1980; Levine and Schindler 1999), mass-balance studies (Leavitt et 

al. 2006, Bunting et al. 2007), and whole-ecosystem studies (Barica 1980, Lathrop 1988). 

Together, these diverse experiments provide strong evidence of pronounced degradation 

of seasonal water quality by urea pollution of productive P-rich lakes.  

 

Implications for water quality management 

This study shows that urea can alter water quality and phytoplankton production in 

freshwater systems and that its impacts are consistent across the open water season.  

Currently, North American regulations and guidelines on point source pollution with N 

are generally restricted to NH4
+

, NO3
-, and TN (e.g., Canadian Wastewater Systems 

Effluent Regulations SOR/2012-139; CCME 2010, 2012; United States Environmental 

Protection Agency 2013).  Based on the results herein, I suggest that government 

agencies also establish seasonal effluent limits for urea based on a threshold approach 

outlined in this study (e.g., TDN:SRP < 20 and SRP > 50 μg P L-1) and that this strategy 

will be most effective in preventing additional water quality degradation in P-rich lakes 
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during July and August.  However, given the limitations of such small-scale experiments, 

I also recommend that additional research be conducted to better establish the thresholds 

for N effects in spring and fall periods, including large scale experiments (e.g., 

embayment or whole lake) in which fertilized waters are exposed to benthic habitats.  

This is particularly relevant in the NGP, where wastewater treatment facilities either 

continuously or intermittently discharge potentially urea-rich effluents (Mitamura et al. 

1994; Bogard et al. 2012; Cozzi et al. 2014) to susceptible P-rich freshwaters.  Finally, I 

suggest that future research is needed on the sources, transport, and transformation of 

urea in freshwater ecosystems (Glibert et al. 2005; Belisle et al. 2016; Lee et al. 2016; 

King et al. 2017) to better assess the integrated risk of urea pollution arising from 

continued agriculture intensification and urban expansion.   
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CHAPTER 4. SPATIAL AND TEMPORAL PATTERNS OF UREA ALONG A 

LOTIC CONTINUUM IN THE NORTHERN GREAT PLAINS 

4.1 Introduction 

The importance of dissolved organic nitrogen (DON) is increasingly recognized for its 

role in lotic N-cycling and its impacts on downstream water quality (Berman and Bronk 

2003; Wiegner et al. 2006; Stanley and Maxted 2008).  For example, riverine exports of 

total N are composed predominantly of DON (Stepanauskas et al. 2000; Perakis and 

Hedin 2001; Scott et al. 2007), which in turn has been implicated in the eutrophication of 

lentic (Berman 2001; Berman and Bronk 2003; Belisle et al. 2016) and coastal 

(Seitzinger and Sanders 1997; Anderson et al. 2008; Korth et al. 2011) receiving 

environments.  Of the forms of DON, urea has received recent attention (Glibert et al. 

2006; Solomon et al. 2010), as it is the most widely used N-based fertilizer and has been 

linked to the proliferation of harmful algal blooms (Glibert et al. 2006).  Indeed, evidence 

has shown that inputs of urea can increase phytoplankton abundance in P-rich systems by 

400% (Chapter 3), and selectively stimulate toxic and nuisance taxa (Solomon and 

Glibert 2008; Finlay et al. 2010; Solomon et al. 2010; Donald et al. 2011).  The effects of 

urea pollution are of particular concern in the northern Great Plains (NGP), where it 

comprises > 70% of N-based fertilizers applied to the landscape (Statistics Canada 2016) 

and thus, may be exported from the catchment to P-rich downstream lakes (Hall et al. 

1999; Johnson et al. 2013; Bernot et al. 2010; Rattan et al. 2016).  Although forecasts 

show urea application rates will continue to rise, doubling by 2050 (Millennium 
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Ecosystem Assessment 2005), little is known about the transport of urea from watersheds 

to downstream aquatic environments, particularly in the NGP. 

 While research on the export of urea from watersheds to downstream aquatic 

ecosystems has been limited mainly to temperate regions (Glibert et al. 2005; Han et al. 

2015; Jackson 2016; Kibet et al. 2016; King et al. 2017), there are several reasons to 

expect that watershed inputs may be a significant contributor to instream urea in the 

NGP.  First, watersheds in the NGP comprise a variety of urea sources, including direct 

inputs from urban wastewater and stormwater effluents (Glibert et al. 2006; Bogard et al. 

2012; Cozzi et al. 2014), as well as diffuse inputs from fertilizer applications (Davis et al. 

2016; Kibet et al. 2016) and livestock (Peterson et al. 2004; Kibet et al. 2016).  Secondly, 

urea fertilizer applications rates in the NGP are substantially elevated compared to other 

regions that have linked watershed exports to instream urea concentrations (Belisle et al. 

2016; Statistics Canada 2016).  Third, the timing of urea fertilizer application in NGP 

(i.e., fall and spring) is concurrent with hydrologic and climate conditions that favor 

export from the catchment (Stepanauskas et al. 2000; Siuda and Chróst 2006; Thorén 

2007; Solomon et al. 2010).  For example, 80% of hydrologic runoff in the NGP occurs 

during spring snowmelt (Pomeroy et al. 2010), during which time up to 81% of annual 

total nitrogen (TN) fluxes are exported from prairie catchments (Cade-Menum et al. 

2013; Corriveau et al. 2013; Rattan et al. 2016).  Additionally, hydrolysis of urea to 

ammonia by urease enzymes is temperature dependant and can be delayed under the low 

temperatures that typify spring in the NGP (Therkildsen and Lomstein 1994; King et al. 

2017).  Fourth, urease inhibitors are applied to the majority of urea applications, delaying 

hydrolysis for up to several weeks (Olson-Rutz et al. 2009), and thereby increasing the 
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likelihood that precipitation and spring runoff will transport undegraded urea to 

downstream aquatic ecosystems (Kibet et al. 2016).  As such, there is clear rationale to 

expect that urea will be elevated within the lotic systems of NGP.     

 In addition to external inputs of urea, instream urea concentrations are also 

regulated by production, transformation, and loss processes within the aquatic 

environment.  For example, autochthanous sources of urea include heterotrophic 

mineralization of particulate- and dissolved- organic nitrogen (PON, DON) within the 

surficial sediments and water column (Therkildsen and Lomstein 1994; L’Helguen et al. 

2005; Thorén 2007; King et al. 2017), regeneration by zooplankton and macrofauna 

(Slawyk et al. 1998; Lomas et al. 2002; L’Helguen et al. 2005), photo-degradation of 

PON and DON (Bushaw et al. 1996; Bronk et al. 2010), and release from phytoplankton 

(Solomon et al. 2010).  In turn, autochthanous production of urea within the aquatic 

environment is offset by heterotrophic and autotrophic consumption, and sedimentation 

of PON.  The role of heterotrophic and autotrophic consumption varies across 

environmental conditions, with some studies finding elevated rates of microbial 

consumption (Park et al. 1997; Jørgensen 2006), and others reporting that autotrophic 

uptake dominated consumption of available urea (Mitamura et al. 2000, 2012; Thorén 

2007; Finlay et al. 2010; Solomon et al. 2010; Bogard 2011; Donald et al. 2011; Chapter 

3).  In turn, an integrated understanding of how these processes interact along lotic 

continua and across seasonal conditions is needed to assess the risks of urea pollution to 

downstream water quality.     



99 
 
 

 While extensive work has been done to characterize the processes that regulate 

DIN export (e.g., Mulholland 1992; Mulholland et al. 2000; Peterson et al. 2001; 

Seitzinger et al. 2002), much less is known about the factors that regulate the downstream 

patterns of DON or urea along lotic systems (Brookshire et al. 2005; Lutz et al. 2011; 

Johnson et al. 2013b; Wymore et al. 2015; Pennino et al. 2016).  Studies have shown that 

the patterns of DON along river continua differ across regions and land use pressures 

(Wiegner et al. 2006; Scott et al. 2007; Stanley and Maxted 2008), but there is limited 

prior research on the spatial and temporal patterns of urea export through river continua 

in the NGP.  Instead, conceptual models on the transport of solutes and changes in 

ecosystem metabolism along river continua can inform expectations about the 

downstream patterns of urea.  For example, in conditions where export is controlled 

primarily by hydrologic conditions, we can expect that lotic continua would act like an 

"inert pipe" (del Giorgio and Pace 2008), with concentrations increasing relative to 

drainage area and distance downstream.  In contrast, where internal uptake and 

transformation processes are important, a lotic system may act as a "reactor" (del Giorgio 

and Pace 2008; Kaushal et al. 2014), with concentrations decreasing downstream, and 

mirroring changes in ecosystem metabolism.  In turn, seminal papers in lotic transport 

proposed that ecosystem metabolism is controlled by downstream gradients in physical 

structure and condition (e.g., stream size, light, temperature; Vannote et al. 1980; Wiley 

et al. 1990; Young and Huryn 1996).  However, because N-cycling is dominated by 

biological processes, we can also expect that longitudinal patterns in urea concentration 

and export are influenced by changes in coupled biogeochemical processes.  For instance, 

recent research has recorded strong relationships between DOC, DIN, and DON in lotic 



100 
 
 

systems (Brookshire et al. 2005; Lutz et al. 2011; Wymore et al. 2015), and has predicted 

that concentrations of DON may either decrease downstream as it is selectively 

consumed (e.g., Passive C Vehicle Hypothesis; Brookshire et al. 2005; Wymore et al. 

2015) or increase when other forms of DIN are preferentially consumed by instream biota 

(e.g., DON Release Hypothesis; Lutz et al. 2011).  Ultimately, the amount of urea 

exported or retained in lotic systems is dependent on the gradients in physical structure 

and biogeochemical processes that occur along their continuum.  Thus, evaluation of the 

longitudinal patterns in urea export across hydrologic and seasonal conditions is needed 

to understand the factors that regulate urea export to receiving waterbodies. 

 Using three years of bi-weekly data collected during the open water period at 16 

sites, I investigated the spatial and temporal patterns in urea along a 250-km lotic 

continuum in the NGP.  My study area spanned a gradient of agricultural and urban land 

use, enabling evaluation of the influence of both diffuse inputs from the watershed and 

point source inputs from wastewater effluent.  My primary goal was to quantify the 

longitudinal patterns in urea concentrations and fluxes across seasonal conditions.  

Secondly, I sought to identify the potential hydrologic, land use, and instream drivers of 

the longitudinal and seasonal patterns in urea.  I hypothesized that urea concentrations 

and fluxes would increase along the continuum (Heathwaite and Johnes 1996), but that 

concentrations would be low compared to those recorded in downstream lakes (Bogard et 

al. 2012).  Further, I hypothesized that urea concentrations would be highest during 

spring, when peak flows may increase allochthanous inputs (Martin and Harrison 2011; 

Corriveau et al. 2013; Rattan et al. 2016) and cool conditions may delay hydrolysis 

(Swensen and Singh 1997; Siuda and Chróst 2006; Solomon et al. 2010).  Finally, I 
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hypothesized that discharge of wastewater effluent would have a significant effect on 

instream urea concentrations during low to moderate flow conditions (Bronk et al. 2010; 

Bogard et al. 2012; Cozzi et al. 2014).   

 

4.2 Methods 

Study area 

The study area included the Wascana Creek and lower Qu'Appelle River watersheds, 

which comprise over 45,000 km2 of mixed grass prairie in southern Saskatchewan, 

Canada (Figure 4-1).  Wascana Creek is a prairie-fed stream that meanders ~150 km 

before merging with the mainstem of the Qu'Appelle River.  The headwaters of Wascana 

Creek are ephemeral, and cease flowing by mid-late summer.  In contrast, the lower 

reaches of Wascana Creek flow perennially, and are subsidized by continuous release of 

wastewater effluent from the City of Regina. Although Wascana Creek is a tributary of 

the Qu'Appelle River, natural flows in the mainstem river are largely mediated by control 

structures and upstream releases through Lake Diefenbaker, Buffalo Pound Lake, and 

Last Mountain Lake.     

 Regional climate is characterized as cool-summer humid continental (Köppen Dfb 

classification), with short summers (mean 19˚C in July), cold winters (mean -16˚C in 

January), and low annual temperatures (~1˚C) with high seasonal variability (Leavitt et 

al. 2006; Pham et al. 2009).  Average annual precipitation is ~380 mm (Sauchyn et al. 

2009), of which ~30% falls as snow during the winter months (Pomeroy et al. 2010).  
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Figure 4-1. Map of the study area within the Wascana Creek and lower Qu’Appelle 
drainage basins in Saskatchewan, Canada.  The 16 sampling sites (denoted by white 
circles) are numbered in increasing order from the headwaters downstream, with sites 1-
11 located along Wascana Creek, and sites 12-16 on the Qu'Appelle River.  Federal and 
provincial hydrometric stations are shown as orange triangles.  The incremental effective 
drainage area of each site and the City of Regina are delineated in green and orange, 
respectively.  (Original in colour.) 
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Spring snowmelt, which typically occurs while soils are frozen during April - May, 

accounts for > 80% of annual surface runoff (Fang et al. 2007; Dumanski et al. 2015).  In 

contrast, rainfall occurs primarily in spring and early summer and decreases by mid-

summer to fall, causing low soil moisture and very low runoff by late summer (Pomeroy 

et al. 2010).   

Land use in the study area is characterized by intensive agricultural development, 

wherein 95% of arable grassland has been converted for crop or livestock production 

(Hall et al. 1999).  The City of Regina discharges stormwater and wastewater effluents to 

Wascana Creek (Figure 4-1), and numerous feedlot operations and golf courses are 

located downstream.  Overall, the Wascana Creek and Lower Qu'Appelle River 

catchments have been classified as stressed to impacted, with moderate to high livestock 

density and fertilizer application rates (Davies et al. 2010), and degraded riparian health 

conditions (Miki 2015).   

 Sixteen sampling sites were located along the lotic continuum between the 

headwaters of Wascana Creek to ~ 250 km downstream on the mainstem Qu'Appelle 

River (Figure 4-1, Supporting Information Table S4-1).  Seven sites were located along 

the headwaters of Wascana Creek upstream of the City of Regina, five were located 

between the City of Regina and the confluence with the Qu'Appelle River, and four were 

located downstream on the Qu'Appelle River.  One additional site was located along the 

Qu'Appelle River, but upstream of the confluence with Wascana Creek.  In addition to 

the 16 sampling sites, six gauged hydrometric stations, which recorded instantaneous 
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discharge (m3 s-1) at 5 - 60 minute intervals, were located within the study area (Figure  

4-1; Supporting Information Table S4-2).    

 

Field methods 

Ten of the study sites were sampled bi-weekly between May and September of 2010-

2012 (Supporting Information Table S4-1).  In 2011 and 2012, an additional six sites 

were added to the survey design (Supporting Information Table S4-1).  Sites were 

sampled between 9:00 and 13:00 h, and the exact time of sample collection was recorded 

at each site.  Samples were collected from all sites as long as there was water present, 

regardless of whether it was flowing.  Water temperature (˚C), dissolved oxygen (mg O2 

L-1), conductivity (μS cm-1), and salinity (ppm) were measured at mid-depth using an YSI 

Model 85 meter, and surface pH was measured using a calibrated handheld Oakton model 

20 pH meter.  A 10-L whole water sample was collected from mid-depth of the thalweg 

at each site.  In 2011 and 2012, sampling was expanded to include turbidity and sediment 

porewater.  Turbidity was calculated as the average of three replicate measurements using 

a portable LaMotte Model 2020we Turbidimeter.  Standardized volumes of sediment 

were collected for porewater using a polycarbonate coring tube.  After collection of a 

core with an undisturbed sediment-water interface, the overlying surface water was 

gently extruded from the core, and the top 15 cm of sediment were transferred to a sterile 

Nasco Whirl-Pal®, which was purged of air prior to being sealed.  All water and 

sediment samples were kept on ice, and returned to the laboratory for processing within 

two hours of collection.   In addition to collecting water and sediment samples, I 
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measured instantaneous velocity and cross sectional area of the channel at each wadeable 

site (Sites 1 – 5) using a Swoffer Instruments Inc. Model 2100 current velocity meter, 

following the two-point and 6/10th depth method described in Buchanan and Somers 

(1976).   

 

Laboratory methods 

Upon return to the laboratory, samples were filtered and preserved prior to analysis.  

Whole water samples were either filtered through GF/F 0.45 µm pore membrane filters 

and frozen for nutrient analysis or refrigerated for dissolved inorganic- and dissolved 

organic-carbon (DIC and DOC) analysis, or onto GF/C 1.2  µm pore filters and frozen for 

chlorophyll a (Chl a) analysis.  Additionally, 10 mL of unfiltered water were pipetted 

with sterile equipment into pre-sterilized Vacutainer vials for microbial enumeration, 

preserved with 0.5 mL of Lugol's preservative, and stored in the dark until analysis.  

Porewater was extracted from sediment samples by centrifugation at 5000 rpm for 5 

minutes (di Bonito et al. 2008), and the resulting supernatant was collected with a 

syringe, filtered through a GF/F 0.45 µm pore membrane filter, and frozen for porewater 

urea analysis.   

 Nitrate and nitrite (hereafter reported as NO3
-), ammonia and ammonium 

(hereafter reported as NH4
+), total dissolved nitrogen (TDN), soluble reactive phosphate 

(SRP), and total dissolved phosphorus (TDP) were analyzed using a Lachat QuikChem 

8500 FIA automated ion analyzer following standards methods (APHA-AWWA/WEF 

1998).  Dissolved urea concentrations were measured by the diacetyl monoxime method 
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(Revilla et al. 2005; Bogard et al 2011). Dissolved inorganic carbon (DIC) and organic 

carbon (DOC) were analyzed using a Shimadzu 5000A total carbon analyzer, according 

to Finlay et al. (2009).   

 Phytoplankton abundance, as concentration of Chl a (μg L-1), was determined 

through measurement of phytoplankton pigments using standard trichromatic 

spectrophotometric methods (Jeffrey and Humphrey 1975).  Bacterial abundance was 

measured according to Waiser and Robarts (2004), wherein bacteria were stained using 

40, 6-diamidino-2-phenylindole (DAPI), filtered onto black, 0.2-mm cellulose nitrate 

filters, and counted using an epifluorescent microscope.    

 

Discharge rates and fluxes 

Instantaneous discharge rate (Q) at the wadeable sites was calculated by multiplying the 

measured velocities by the incremental cross-sectional area, following the methods of 

Buchanen and Somers (1976).  Instantaneous Q at the non-wadeable sites was either 

recorded by provincial or federal hydrometric real-time gauging stations (Figure 4-1, 

Supporting Information Table S4-2), or calculated using the drainage area ratio method 

(Gianfagna et al. 2015).  The drainage area ratio method involves adjusting the measured 

discharge rates from the nearest gauged station by an estimate of prorated discharge from 

the incremental effective drainage area to the sampling site (Qincremental), as well as any 

additional point source discharges or tributary inputs.  The Qincremental is calculated by 

multiplying the discharge rate at the nearest gauged station by the ratio of the effective 
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drainage area (EDA) of the ungauged sampling site to EDA of the gauged site, using the 

following equation,  

 

where Qgauged is the measured instantaneous discharge at the gauged site, Aincremental is the 

EDA between the sampling site and the gauged site, and Agauged is the EDA of the gauged 

site.  It should be noted, however, that discharge rates calculated using the drainage area 

ratio method do not account for evaporative losses, groundwater inputs or losses, 

attenuation, or time of travel between gauged and ungauged sites, and are limited by the 

accuracy of measured EDA.  Instantaneous Q was not calculated for site 14, as the site 

receives variable and ungauged hydrologic input from Last Mountain Lake (Figure 4-1).  

Finally, instantaneous nutrient fluxes were calculated as the product of the instantaneous 

Q and nutrient concentration. 

 

Watershed characteristics and geographic data processing 

The EDA of each sampling site was determined using the federal Agriculture and Agri-

Food Canada (AAFC) Watersheds Project (2013) dataset.  The AAFC dataset defines the 

EDA as the maximum area that could contribute runoff to an individual site during a 

flood with a return period of two years (Mowchenko and Meid, 1983), and provided 

delineated incremental EDAs for six of the study sites.  Incremental EDAs for the 

remaining sites were manually delineated based upon the AAFC total EDA boundary 
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layer, 1:50,000 topographic data, and 1:50,000 hydrologic data (Natural Resources 

Canada 2016) using ESRI ArcGIS 10.1.  Because of the confounding effects of control 

structures that release or retain hydrologic output from upstream lakes to the Qu'Appelle 

River, delineated EDA measurements for statistical analysis were restricted to Sites 1 - 

11. 

 Annual land cover within the study area was compiled from the AAFC Annual 

Crop Inventory (2013), which uses optical (Landsat-5, AWiFS, DMC) and radar 

(RADARSAT-2) imagery to classify land cover into 65 different feature classes with a 56 

m2 (2010) or 30 m2 (2011, 2012) spatial resolution.  The annual land cover data within 

the total upstream EDA of each site were clipped from the AAFC dataset using ESRI 

ArcGIS 10.1.  Once the individual feature classes within each EDA were extracted, they 

were aggregated into nine land cover classes (Supporting Information Table S4-3).   

 

Numerical analyses  

To evaluate the spatial and seasonal patterns in urea concentration, data were aggregated 

by month and location.  Sites were classified into one of three locations, which comprised 

the reaches from the headwaters to the wastewater treatment facility (WWTP; Sites 1 - 

8), downstream of the WWTP to the river confluence (Sites 9-11), and downstream of the 

confluence (Sites 13-16).  Urea concentrations were log10(x+1) transformed and tested for 

normality using a Shapiro-Wilk test.  I used a two-way ANOVA to identify whether 

log10(x+1) urea concentrations differed between months or locations, and if there was an 

interaction effect between month and location on urea concentrations.  The Durbin-
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Watson test was used to assess 1st order autocorrelation and ensure that data met the 

assumptions of independence required for a two-way ANOVA, and Levene's test was 

used to assess homoscedasticity.  Paired t-tests on log10(x+1) concentrations of urea, 

NH4
+, NO3

-, and TDN at sites 9 and 10 were conducted to assess if the discharge of 

wastewater effluent had a significant effect on instream N concentrations.  Finally, 

because instantaneous discharge data were not normally distributed and data 

transformations to meet normality were unsuccessful, a non-parametric Kruskal-Wallis 

test with post hoc Dwass-Steel-Chritchlow-Fligner test for pairwise comparisons was 

used to identify significant differences in discharge rates between months.   

 I evaluated the relationships between discharge rate and urea concentration using 

Spearman rank correlation, where the sign of the coefficient (rs) indicated whether 

hydrologic inputs enhanced or diluted urea concentrations.  The relationship between 

urea concentration and relative percent abundance of each land cover type was evaluated 

separately by month using Spearman rank correlation.  Principal components analysis 

(PCA), run independently on monthly data from all 16 sites, was used to explore 

relationships among all instream parameters and identify variables related to urea 

concentration.  The relative strength and direction of relationships between the selected 

instream water quality parameters and urea concentrations was then assessed using 

Spearman rank correlation.  All tests were conducted in SYSTAT 13, except for 

Spearman rank correlations, which were conducted in TIBCO Spotfire 7.0. 
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4.3 Results 

Spatial and temporal patterns in N concentrations  

Concentration of urea comprised, on average, 8.0% (standard deviation [SD] = 10.3) of 

TDN concentrations, 19.5% (SD = 20.1) of bioavailable N (i.e., sum of urea, NH4
+, and 

NO3
-), with mean concentrations (  = 96.6 μg N L-1, SD = 96.1 μg N L-1) that were 

substantially lower than either NO3
- (  = 851.4 μg N L-1, SD = 1101.1 μg N L-1) or NH4

+ 

(  = 1499.9 μg N L-1, SD = 4425.5 μg N L-1).  Spatial patterns in mean concentration 

varied among the forms of dissolved N.  For example, average concentrations of urea (  

= 101.0 μg N L-1, SD = 104.7 μg N L-1), NH4
+ (  = 158.5 μg N L-1, SD = 304.4 μg N L-1), 

and NO3
- (  = 162.7 μg N L-1, SD = 257.6 μg N L-1) were comparably low and comprised 

similar proportions (27 - 39%) of the bioavailable N pool (i.e., the sum of urea, NO3
-, 

NH4
+; Figure 4-2a) in the headwater sites, whereas downstream patterns diverged among 

the three forms of nitrogen.  Average urea concentrations showed only modest increases 

downstream (Figure 4-2a). Contrary to my hypothesis, input of wastewater effluent had a 

marginal effect on log10(x+1) urea concentrations in May (t4 = -3.214; p = 0.03), and no 

significant effect in any other month (p > 0.05), despite expectations that point source 

inputs of N-rich effluent would result in noticeably higher concentrations of instream 

urea during low flow periods.  Similarly, although average NO3
- concentrations increased 

by up to 600% downstream of the wastewater input (Figure 4-2a), significant differences 

between upstream and downstream sites were only detected in May (t4  = -2.647; p < 

0.05) and August (t5 = -8.944, p < 0.01). In comparison, average NH4
+ concentrations  
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Figure 4-2.  (a) Average concentration (μg N L-1) and (b) average instantaneous flux (μg 
N s-1) of NH4

+, NO3
-, and urea at each site, between May – August of 2010, 2011, and 

2012.  Error bars denote ±1 SE.  Note that fluxes were not calculated for site 14, as 
accurate discharge measurements were not available.  Continued on the following page.  
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Figure 4-2.  Continued from previous page.  
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increased by up to 6000% between sites immediately upstream and downstream of the 

WWTP (Figure 4-2a), with significant differences detected in every month (p < 0.01).   

 Despite the relative invariance in average urea concentrations along the 

continuum (Figure 4-2a), concentrations varied substantially within each sampling year 

(Figure 4-3), and exhibited clear seasonal downstream trends (Figure 4-4a).  Further, a 

two-way ANOVA on log10(x+1) urea concentrations demonstrated that significant 

differences existed between months (F(3, 290) = 6.343, p < 0.001), with the lowest 

concentrations recorded in May (  = 1.689, SE = 0.041), followed by August (  = 1.829, 

SE = 0.036), July (  = 1.878, SE = 0.036), and June (  = 1.910, SE = 0.034).  Although 

there were no significant differences (F(2, 290) = 1.597, p > 0.05) in overall log10(x+1) urea 

concentrations between the headwater (  = 1.819, SE = 0.025), mid- (  = 1.874, SE = 

0.038), and downstream (  = 1.787, SE = 0.032) locations, there was a significant 

interaction-effect between location and month (F(6, 290) = 8.183, p < 0.001), with urea 

concentrations increasing significantly from the headwaters downstream in May and 

June, but showing a reversed trend in July and August (Figure 4-4a, Figure 4-5). 

 

Urea concentrations and discharge rates 

Results of a Kruskal-Wallis test demonstrated that the distribution of instantaneous 

discharge rates were significantly different among the four months (Kruskal-Wallis test 

statistic = 30.61, p < 0.01), and pairwise comparisons from a post hoc Dwass-Steel-

Chrichlow-Fligner test showed that both May and June differed significantly from all 
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Figure 4-3.  Urea concentration (μg N L-1) and instantaneous discharge rate (m3 s-1) 
between May and September at each site, during 2010, 2011, and 2012.  (Continued on 
following page; original in colour.) 
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Figure 4-3.  Continued from previous page. (Original in colour.) 
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Figure 4-4.  Heat map of average bi-weekly urea (a) concentration and (b) flux from May 
- September (2010, 2011, and 2012). (Continued on following page; original in colour.) 
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Figure 4-4. Continued from previous page. (Original in colour.) 
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Figure 4-5.  Downstream change in average log10(x+1) urea concentrations in May, June, 
July, and August.  Points represent the mean, by month and location, of samples collected 
during 2010 - 2012, ±1 SE.  Locations 1, 2, and 3, comprised the reaches from Sites 1 - 8, 
Sites 9 - 11, and Sites 13 - 16, respectively. 
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other months, but that July and August were not significantly different from each other 

(Figure 4-6).  Spearman rank correlations showed that although urea concentration and 

instantaneous discharge rate were not significantly related over the entire study period (rs 

= -0.04, p = 0.46), they were significantly related within each month, though the direction 

of the relationship changed over the course of the open water period.  Specifically, urea 

concentrations increased with discharge rates during May (rs = 0.49, p < 0.01) and June 

(rs = 0.36, p < 0.01), but were diluted under increased flows during July (rs = -0.45, p < 

0.01), and August (rs = -0.33, p < 0.01).   

 

Spatial and temporal patterns in nutrient fluxes 

Average fluxes of urea increased along the continuum (Figure 4-2b), and despite large 

seasonal changes in urea concentrations (Figure 4-4a), were relatively consistent across 

the open water period (Figure 4-4b).  Average fluxes of urea ( ̅ 	= 4.22 x 105 μg N s-1, SD 

= 257.6 μg N s-1), NH4
+ ( ̅ = 3.68 x 106 μg N s-1, SD = 257.6 μg N s-1), and NO3

- ( ̅ = 

4.45 x 106 μg N s-1, SD = 257.6 μg N s-1) were lowest in the upper headwaters (sites 1-5), 

and increased downstream with discharge rates.  Mean urea flux remained relatively 

consistent along Wascana Creek, increasing only modestly downstream, and showed no 

major step change below the WWTP.  Instead, the largest mean urea flux, which was 

450% higher than directly below the WWTP, was recorded above the confluence on the 

Qu'Appelle River at Site 12 (Figure 4-2b).  In comparison, the largest increase in average 

NH4
+ flux occurred downstream of the wastewater treatment facility, and then steadily 

declined along the continuum despite rising flow rates, reflective of the point source  



120 
 
 

130

120

110

100

90

80

70

60

50

40

30

20

10

0

May June July August

In
st

an
ta

ne
ou

s
di

sc
ha

rg
e 

ra
te

 (
m

3
s-1

)

a

b

c

c

 

Figure 4-6.  Boxplots of monthly instantaneous discharge rate (m3 s-1) during 2010-2012. 
Letters denote significant pair-wise differences (p < 0.05) based on results from a Dwass-
Steel-Chrichlow-Fligner post hoc test.  
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 inputs of wastewater effluent (Figure 4-2b).  Mean NO3
- fluxes also increased below 

wastewater inputs, but remained elevated downstream, with the largest fluxes observed 

downstream of the confluence with the Qu'Appelle River (Figure 4-2b).   

 

Land use 

Of the land cover categories, pasture and crops consistently had the highest relative 

percent cover within the EDA of each site (Figure 4-7a-c).  Of the individual crops that 

were recorded, wheat (< 66% cover), lentils (< 53% cover), and canola (< 41% cover) 

were the most abundant.  The relative proportion of the aggregated land cover classes 

varied along the continuum, with cereals, canola, and pasture dominating the headwater 

EDAs, whereas deciduous trees and shrubs increased in the downstream watershed.  In 

contrast, urban land cover occurred primarily between sites 7 and 8, where it comprised 

40% of the incremental EDA.  The relative proportion of land cover type also varied by 

year.  For example, legumes dominated crop cover in 2010 (Figure 4-7a), while wet 

conditions in 2011 restricted crop production and increased the relative abundance of 

both surface water/wetlands (< 32%) and pasture (< 43%) within the watershed (Figure 

4-7b).  Finally, drier conditions in 2012 led to the highest abundance of cereal crops 

(Figure 4-7c).   
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Figure 4-7.  Relative percent cover of each aggregated land cover type within the total 
effective drainage area upstream of each sampling site in (a) 2010, (b) 2011, and (c) 
2012.  (Continued on following page; original in colour.) 
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Figure 4-7. Continued from previous page.  (Original in colour.) 
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Figure 4-7. Continued from previous page.  (Original in colour.) 
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Table 4-1.  Spearman rank correlation coefficients (rs) between instream urea 
concentration and relative abundance of land cover type with the total upstream effective 
drainage area.  Only significant (p < 0.05) or highly significant (p < 0.01 in bold) 
correlations are shown.   
 

Date 
range 

Canola/ 
Mustards

Cereals Exposed Grassland Legumes Pasture 
Shrub/ 

Deciduous 
Urban Water 

All  0.23     0.21   

May 0.31         

June 0.52 0.32 0.40   -0.30 0.36   

July  0.42   -0.27  0.27   

August     -0.51     

 
 

  



126 
 
 

Land use correlates of urea concentration 

Instream urea concentrations were significantly correlated to five of the nine aggregate 

land cover types, though relationships varied by month (Table 4-1).  Significant positive 

correlations between relative abundance of canola and urea concentrations were observed 

in May and June (rs = 0.31  ̶  0.52, p < 0.05).  Spring urea concentrations were also 

positively correlated with cereals (rs = 0.32, p < 0.01), exposed land (rs = 0.40, p < 0.01), 

shrub and deciduous cover (rs = 0.36, p < 0.01), but inversely related to abundance of 

pastures (rs = -0.30, p < 0.05).  Although cereals and shrubs remained positively related 

to urea concentrations in July (rs = 0.42, p < 0.01), no land cover type was positively 

related to instream concentrations in August.  Conversely, legumes were negatively 

related to urea concentrations in July and August (rs = -0.27  ̶  -0.51, p < 0.05). 

   

Instream correlates of urea concentration 

PCA of monthly instream parameters demonstrated that the direction and strength of 

relationships between water quality variables and urea concentration varied over the open 

water period (Figure 4-8a-d), with the first two principal components capturing between 

42 - 51% of variation in monthly instream characteristics.  Urea concentrations were most 

positively associated with discharge and turbidity in May (Figure 4-8a), but became more 

strongly associated with nutrients (i.e., TDN, NH4
+ and NO3

-), porewater urea 

concentrations, and parameters reflective of ecosystem metabolism (i.e., Chl a, bacterial 

abundance, DIC, and DOC) through the summer (Figure 4-8b-d).   
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Figure 4-8.  Principal Components Analysis of all instream variables measured at the 16 
lotic sampling sites, in (a) May, (b) June, (c) July, and (d) August of 2010-2012.   
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Figure 4-9.  Volcano plots of Spearman rank correlations between urea concentration 
and instream variables in (a) May, (b) June, (c) July, and (d) August.  The x-axis 
demonstrates the direction of the relationship, while the y-axis illustrates the strength of 
the relationship.  The floating x-axis demarcates p = 0.05, above which points represent 
statistically significant relationships.  Tabular results are presented in Table S4-4.  
Continued on following pages.  (Original in colour.) 
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Figure 4-9. Continued from previous page.  (Original in colour.) 
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Figure 4-9. Continued from previous page.  (Original in colour.) 
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Figure 4-9. Continued from previous page.  (Original in colour.) 
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Spearman rank correlations between urea concentrations and variables identified in the 

monthly PCAs, confirmed that most instream variables showed seasonal directionality in 

their relationship to urea (Figure 4-9a-d; Table S4-4).  For example, spring urea 

concentrations were inversely related to DIC (rs = - 0.32  ̶  -0.34, p <0.01) and DOC (rs = 

-0.36  ̶  -0.40, p <0.01), but positively related to inputs of NO3
- (rs = 0.22  ̶  0.58, p < 

0.05), TDN (rs = 0.25, p < 0.05) and turbidity (rs = 0.36  ̶  0.48, p < 0.05).  In contrast, the 

direction of the relationships between DIC (rs = 0.38  ̶  0.45, p < 0.01) and NO3
- (rs =         

-0.26  ̶  -0.28, p < 0.05) to urea concentrations reversed in July and August, while TDN 

and turbidity ceased to be correlated to urea concentration.  Similarly, microbial 

abundance was not related to urea concentrations in spring and early summer, but was 

negatively correlated to urea concentrations in July and August (rs = -0.39  ̶  -0.43,  p < 

0.01).  Of the instream variables, only NH4
+ was consistently related to instream urea 

concentrations over the entire open water period (rs = 0.51 – 0.63, p < 0.01).   

 Contrary to expectations that temperature would be inversely related to urea 

concentrations, it was only positively correlated to urea concentrations in June (rs = 0.36, 

p < 0.05), while O2 concentrations were not significantly related to urea in any month.  

Similar to results from studies on lentic systems in this region (Bogard et al. 2012), 

relationships between monthly urea and Chl a concentrations were inconsistent, and only 

weakly significant in June (rs = 0.22, p < 0.05) and August (rs = 0.26, p < 0.05).  Despite 

results from the PCAs, monthly correlations between instream and porewater urea 

concentrations were inconsistent, with positive associations in June (rs = 0.5, p < 0.01) 

and August (rs = 0.29; p < 0.05), but none in May or July.  However, average porewater 

urea concentrations  = 528.5 μg N L-1, SD = 229.8 μg N L ) were consistently elevated  
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Figure 4-10.  Average porewater and instream urea concentrations at each site.  Bars 
represent the mean of bi-weekly samples during 2010 - 2012 with  ±1 SE.  (Original in 
colour.) 
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compared to instream concentrations ̅ = 96.6 μg N L-1, SD = 96.1 μg N L-1), regardless 

of location along the continuum (Figure 4-10).   

 

4.4 Discussion  

This is the first study to document the transport of urea through a lotic system in the 

NGP.  Contrary to expectations, I found that urea concentrations along this lotic 

continuum were elevated compared to lentic systems in this region (Bogard et al. 2012).  

While urea fluxes remained relatively consistent (Figure 4-4b), two distinct longitudinal 

patterns in concentration emerged during the open water period (Figure 4-4a, Figure 4-5), 

and were mediated by interactions between hydrology, land use inputs, and internal 

processing.  Consistent with my hypothesis, urea concentrations increased along the 

continuum and were related to the relative abundance of N-intensive crops within the 

upstream drainage area, though only during peak hydrologic conditions in the spring.  In 

contrast, summer urea concentrations decreased downstream and were inversely related 

to hydrologic inputs.  Further, contrary to my second hypothesis, I saw no effect of 

wastewater effluent discharge on instream urea concentrations during low and moderate 

discharge rates.  Instead, urea concentrations under summer low flow conditions were 

positively related to parameters indicative of heterotrophic uptake (i.e., bacterial 

abundance, DIC, NH4
+).  In addition, average porewater urea concentrations were over 

five times higher than instream concentrations, emphasizing the importance of hyporheic 

sources (Thorén 2007; King et al. 2017).  Considering the known negative effects of urea 

on phytoplankton abundance and toxicity (Finlay et al. 2010; Donald et al. 2011; Chapter 
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3), my results suggest that water quality management in the NGP needs to consider lotic 

inputs of urea to downstream lakes.   

 

Urea concentrations compared to other lotic systems 

Despite the widespread use of urea fertilizers (Glibert et al. 2006; Statistics Canada 

2016), little empirical data on abundance or transport of urea through lotic systems are 

available.  Three years of biweekly sampling during the open water season along a     

250-km lotic continuum in the NGP demonstrated that urea was ubiquitous, and 

comprised on average 8% (SD = 10.3) of TDN and 19.5% (SD = 20.1) of bioavailable N 

concentrations.  Instream urea concentrations in this study (5.2 – 792.1 μg N L-1) were 

also elevated compared to those reported in other lotic systems, including boreal (< 39.5 

μg N L-1; Stepanauskas et al. 2000), temperate (< 24 μg N L-1; Glibert et al. 2005), and 

subtropical systems (~20 – 160 μg N L-1; Han et al. 2014), as well as rivers receiving 

inputs of industrial effluent (< 124 μg N L-1; Remsen et al. 1972), wastewater effluent   

(< 83.4 μg N L-1; Mitamura et al 1994), or runoff from intensive agriculture (< 220 μg    

N L-1; Tzilkowski 2013).   

 

Longitudinal patterns in urea along the lotic continuum 

Downstream patterns of urea concentration are the product of complex interactions 

between allochthanous and autochthanous inputs, biologic uptake, and burial.  Although 

previous studies have predicted that urea concentrations will increase downstream 
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(Bogard et al. 2012), my results show that the longitudinal patterns in urea concentrations 

are seasonally dependant (Figure 4-4a), with concentrations increasing from headwaters 

downstream during spring and early summer, but decreasing along the continuum during 

mid to late summer (Figure 4-5).  Further, my results show that, similar to seasonal inputs 

of TN and DON (Martin and Harrison 2011; Corriveau et al. 2013; Rattan et al. 2016), 

spring urea concentrations were mainly mediated by high flows (Figure 4-9a,b) and 

allochthanous inputs from the catchment (Table 4-1).  In contrast, I propose that 

longitudinal patterns in summer urea concentrations are controlled primarily by 

heterotrophic uptake and release from the sediments (Figure 4-9c,d). 

 

Correlates of spring urea concentrations 

Unlike other studies which have observed positive relationships between agricultural 

lands use and DIN export across seasons in the NGP (Corriveau et al. 2013), I found that 

urea concentrations were only positively related to agricultural land use during spring and 

early summer (Table 4-1), concurrent with seasonal runoff maxima (Pham et al. 2009; 

Pomeroy et al. 2010; Figure 4-3) and increased allochthanous inputs from the catchment 

(e.g., turbidity and nutrients; Figure 4-9a,b).  Though research on seasonal urea export is 

limited, these patterns align with previous studies showing that urea and DON 

concentrations are highest during spring runoff (Stepanauskas et al. 2000; Siuda and 

Chróst 2006; Martin and Harrison 2011; Tzilkowski 2013), and increase with agricultural 

land use (Pellerin et al. 2006; Johnson et al. 2009).  In addition to watershed inputs, 

relationships between urea and instream variables indicate that limited internal processing 
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of urea occurred during May and June.  For example, the observed relationships between 

urea, DOC, NO3
-, and bacterial abundance (Figure 4-9a-d) support the "DON release 

hypothesis" (Lutz et al. 2011; Wymore et al. 2015), which proposes that when DOC is 

sufficient, DIN will be selectively taken up over DON by microbial communities.  

Consequently, and as I observed (Figure 4-4a), the DON release hypothesis predicts that 

DON concentrations will increase with distance downstream.   

 Results from May and June concur with studies showing that lotic DON 

concentrations increase with agricultural and urban land use (Kemp and Dodds 2001; 

Pellerin et al. 2006; Johnson et al. 2009; Kaushal et al. 2014).  Furthermore, it is 

unsurprising that of the land cover types, spring urea concentrations were most 

consistently and strongly related to canola and oilseed crops (Table 1).  For example, 

canola and oilseed crops have the highest N fertilizer requirements of all crops grown in 

the NGP (McKenzie et al. 2004) and, unlike cereal crops, have a "memory effect" on 

nutrient export (Heathwaite and Johnes 1996), wherein leaves and associate crop residues 

that are shed over the course of the growing season continue to release DON post-

harvest.  Additionally, the most common canola production practices involve broadcast 

application of urea, along with urease inhibitors or polymer coatings that delay nutrient 

release, prior to or during peak hydrologic runoff in late fall or spring (Olson-Rutz et al. 

2009).  Further, spring fertilizer applications are usually conducted shortly before rainfall 

or irrigation to prevent volatilization losses (Thiessen et al. 2005), and can result in runoff 

concentrations that are ~50-120 times greater than thresholds for development of harmful 

algal blooms (Kibet et al. 2016).  In contrast, inverse relationships between instream urea 

concentrations and the abundance of pasture land, which primarily comprises N2-fixing 
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alfalfa and legume forages (Agriculture Canada 1982), is reflective of the lack of N 

fertilizer applied to these land cover types.  Together, these results emphasize that 

different agricultural practices and crop types can influence downstream water quality, 

and that effective fertilizer management strategies to control export of urea from the 

catchment will be paramount in protecting downstream water quality, particularly as 

global consumption of canola and oilseeds crops are projected to rise (Food and 

Agriculture Organization of the United Nations 2002).   

 

Correlates of summer urea concentrations 

In contrast to both the spring results and studies on lentic systems in the NGP (Bogard et 

al. 2012), summer urea concentrations along this lotic continuum did not increase with 

drainage area or discharge rates.  Instead, my results show that July and August urea 

concentrations were inversely related to discharge rates, but positively related to instream 

indicators of metabolism (Figure 4-8c,d), demonstrating that summer concentrations are 

controlled primarily by instream sources and cycling rather than external inputs.  For 

example, longitudinal patterns showed that summer urea concentrations were highest in 

the headwaters, concurrent with elevated Chl a abundance (Figure 4-9d), and declined 

downstream with increasing bacterial abundance and DIC concentrations (Figure 4-9c,d).  

These relationships are consistent with studies showing urea and DON uptake can be 

dominated by bacteria (Cho et al. 1996; Park et al. 1997; Berman and Bronk 2003; 

Jørgensen 2006; Tzilkowski 2013), and that DON can comprise 70% - 100% of TDN 

consumed by heterotrophic communities (Seitzinger and Sanders 1997; Wiegner et al. 
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2006).  Similarly, in situ experiments in Wascana Creek found that urea loss rates were 

similar between light and dark treatments, indicating urea consumption was dominated by 

heterotrophic uptake (Zeigler 2011).  Additionally, low summer discharge rates (Figure 

4-3, Figure 4-9c,d) enable longer contact between solutes and the streambed, and thus, 

may enable increased bacterial mineralization of urea (Therkildsen and Lomstein 1994; 

Park et al. 1997; Thorén 2007; King et al. 2017) compared to the spring.  Despite their 

alignment with research on DON cycling in lotic systems, these results contrast abundant 

literature showing that urea consumption is primarily driven by autotrophic uptake in 

lentic systems (Mitamura and Saijo 1980; Mitamura et al. 2000, 2012; Bronk et al. 2007; 

Solomon et al. 2010; Bogard 2011).  In turn, this emphasizes that the processes regulating 

urea differ substantially between lotic and lentic environments (Dodds and Cole 2007; 

Dodds and Smith 2016), and should be considered when assessing risks to downstream 

water quality. 

 The inverse relationships between urea and NO3
-  that occurred through the 

summer months (Figure 4-9c,d) are similar to results from studies on DON and DIN in 

urban and agricultural streams (Scott et al. 2007; Kaushal et al. 2014), and may be a 

result of preferential bacterial consumption of DON over DIN (Wiegner et al. 2006; 

Ghosh and Leff 2013).  I suggest that the urea may be used as both a source of N and 

energy (Wiegner et al. 2006; Wymore et al. 2015), driving mineralization and subsequent 

nitrification rates (Triska et al. 1990; King et al. 2017).  For example, these results are 

consistent with the "Passive C Vehicle Hypothesis" (Brookeshire et al. 2005; Wymore et 

al. 2015), wherein low C:N conditions, which are characteristic of agriculturally 

dominated catchments (Heinz et al. 2015), drive preferential heterotrophic uptake of 
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DON over DIN (Ghosh and Leff 2013).  Mineralization further increases DIN 

concentrations and enables nitrification (Kaushal et al. 2014; Pennino et al. 2016), which 

has been shown to be highest in this system during late summer (Waiser et al. 2011).  In 

contrast, accumulation of NO3
-
 downstream is likely due to low denitrification rates, 

which decline with channel size (Alexander et al. 2000; Kaushal et al. 2014), compared 

to the headwaters (Kemp and Dodds 2002).  Thus, although summer urea concentrations 

decrease downstream, it does not necessarily reflect a loss of N from the system 

(Reisinger et al. 2015; Lee et al. 2016).  Instead, elevated autochthanous urea production 

in the headwaters results in increased DIN export.  This has implications for instream and 

downstream water quality, as increased DIN exports may compound existing inputs from 

wastewater effluent, hypersaturate N uptake rates (Bernot and Dodds 2005; Waiser et al. 

2011), and ultimately increase N inputs to downstream lakes (Leavitt et al. 2006; Patoine 

et al. 2006; Bunting et al. 2016). 

 Although increasing discharge diluted instream urea concentrations (rs = -0.32 to  

-0.45, p < 0.01), land use still influenced instream urea concentrations during the summer 

months.  For example, legume crops were negatively related to urea concentrations in 

both July and August (rs = -0.27 to -0.51, p < 0.05), which, as with the observed effect of 

legume forages in the spring (Table 4-1), demonstrates that decreased N fertilizer 

applications translate to reduced urea export, and emphasizes the potential ability of N2-

fixing crops to retain N in the catchment.  In contrast, cereals crops were positively 

related to urea concentrations, though only in July, which coincides with the increased 

water requirements of the cereal flowering phase (Alberta Agriculture and Forestry 

2011).  Irrigation is often used to supplement late season water requirements for cereal 
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crops, and may be applied in conjunction with N fertilizers (i.e., "fertigation") to address 

late season crop N-deficiencies or increase the protein content of grains (Alberta 

Agricultural and Rural Development 2013).  These agricultural practices are common, 

despite evidence that up to 30% of N applied during irrigation may be lost (Davies et al. 

2016).  Together, these results emphasize that agricultural practices may influence urea 

concentrations in downstream aquatic environments throughout the spring and summer, 

and that beneficial management practices and fertilizer management plans should be 

designed with consideration of the entire open water season.    

 

Hyporheic urea sources  

These results also demonstrate that elevated concentrations of urea are present within the 

surficial sediments (Figure 4-10), are consistent with measurements of elevated 

hyporheic organic nitrogen concentrations in other lotic environments (Triska et al. 1990; 

Lorite-Herrera et al. 2009; Tzilkowski 2013), and support proposed conceptual models on 

the importance of sedimentary urea sources in aquatic ecosystems (Bogard et al. 2012).  

Although instream and porewater urea concentrations were not consistently correlated 

(Figure 4-9a-d), mean concentrations within the hyporheic zone were over five times 

greater than those in the water column (Figure 4-10).  Based on the negative relationships 

between instream urea concentrations and microbial abundance, and the large pool of 

urea within the surficial sediments, I expect that summer instream urea originates 

primarily from benthic production (Therkildsen and Lomstein 1994; Tzilkowski 2013; 

King et al. 2017).  This is supported by studies showing rapid bacterial mineralization of 
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DON and PON along the sediment-surface water interface during warm temperatures 

(King et al. 2017), higher transformation rates of urea in the surficial sediments than in 

the water column or on macrophyte surfaces (Therkildsen and Lomstein 1994; Thorén 

2007), and elevated rates of urea release from sediments as temperatures increase 

(Tzilkowski 2013; King et al. 2017).  However, increased scientific study is needed to 

evaluate the relationships between hyporheic, benthic, and instream urea concentrations, 

and how they change across seasonal and biogeochemical conditions.   

 

Effect of urban wastewater inputs on urea concentration 

Contrary to my hypothesis and in contrast to studies in other regions (Mitamura et al. 

1994; Switzer et al. 2008; Cozzi et al. 2014), there was no significant effect of 

wastewater effluent inputs on instream urea concentrations during low or moderate 

hydrologic conditions.  This also contrasts with other studies that have suggested that 

urea may be elevated in effluents or produced during the final stages of wastewater 

treatment (Bogard et al. 2012; Cozzi et al. 2014), and indicates that either wastewater-

derived urea is processed more rapidly than could be detected by the sampling design 

(Pennino et al. 2016), or that effluent concentrations are indeed too low to influence 

instream concentrations.  Bogard et al. (2012) found that urea concentrations within 

wastewater effluent were < 68 μg N L-1, which is less than urea concentrations observed 

upstream of the wastewater treatment facility in this study ( 97 μg N L-1, SD = 146).  

However, although input of wastewater effluent did not have a measureable effect on 

instream urea concentrations, it did have significant effects on instream concentrations of 
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NO3
-, NH4

+ and TDN (Figure 4-2b), which is consistent with N mass balances conducted 

on downstream lakes (Leavitt et al. 2006; Patoine et al. 2006; Bogard et al. 2012).   

 

Implications for downstream water quality  

This study demonstrates that land use inputs, and instream and benthic processes are all 

critical elements influencing the downstream transport of urea through lotic systems in 

the NGP.  However, the relative importance of these elements shift seasonally as 

hydrologic conditions change, with the continuum acting as an "inert pipe", transporting 

increasing fluxes of urea downstream during the spring, but like a "reactor" during the 

summer (del Giorgio and Pace 2008).  For example, results show that only negligible 

changes in seasonal urea fluxes occurred between peak spring runoff to late summer, as 

increasing rates of internal urea production offset decreases in hydrologic discharge.  In 

fact, some of the highest summer urea concentrations occurred in isolated headwater sites 

that were not hydrologically connected to downstream sites.  Although this study did not 

include sampling during late summer storm events, I expect that they would increase 

export of urea from the headwater sites (Tzilkowski 2013; King et al. 2017), 

consequently supplying urea to downstream lakes during peak seasonal cyanobacteria 

blooms (Sommer et al. 1986; Chapters 2, 3).  Climate studies also predict that extreme 

storm events in the NGP will occur earlier (Sauchyn et al. 2009; Dumanski et al. 2015), 

thereby altering the timing and amount of catchment-derived urea exported downstream.  

Additionally, extensive research has shown that the vast majority of TN and DON loads 

are exported from prairie catchments during the spring snowmelt (Martin and Harrison 



144 
 
 

2011; Corriveau et al. 2013; Rattan et al. 2016).  Thus, although the results show that 

spring and summer hydrology have significant impacts on urea transport and 

transformation in lotic systems, scientific study on the impacts of snowmelt and extreme 

hydrologic conditions on urea export is needed to assess the risks to water quality under 

changing climate conditions (Baron et al. 2012; Gober and Wheater 2014; Vogt et al. 

2017).  

 Understanding the downstream changes and export of urea from agricultural 

catchments is critical for predicting impacts to receiving waterbodies, including 

recreational and drinking water sources in the NGP.  Previous studies have inferred that 

lotic inputs may comprise only a minor portion of urea content in downstream lentic 

environments in the NGP (Bogard et al. 2012).  In turn, my results show fluxes of urea 

were relatively consistent (Figure 4-4b), despite major seasonal changes in hydrology 

(Figure 4-6), land use inputs (Figure 4-7a-c), and instream processes (9a-d).  However, 

concentrations of urea in this lotic system were substantially elevated compared to those 

recorded in lentic systems within the same region (i.e.,  = 28 μg N L-1 - 132 μg N L-1; 

Bogard et al. 2012).  Similarly, Han et al. (2014) found that riverine urea concentrations 

were double those recorded in the downstream receiving Lake Taihu.  Previous mass 

balances have estimated that between 24 - 45% of the TN enters prairie lakes from 

riverine influx (Leavitt et al. 2006; Patoine et al. 2006), and although urea concentrations 

comprise a small proportion of TDN, urea concentrations and fluxes exported from this 

riverine system exceed concentrations known to stimulate harmful algal blooms (i.e., 

0.06 - 0.09 mg N L-1; Glibert and Terlizzi 1999; Bogard et al. 2011).  Thus, considering 

the risk of urea pollution to already eutrophied downstream lakes in the NGP (Leavitt et 
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al. 2006, Chapter 3), attention to the hydrologic regulation of urea export will be 

increasingly important for managing downstream water quality.   

 In the last Census of Agriculture, Saskatchewan farms had the lowest nutrient 

management plan implementation rate of all Canadian provinces, despite doubling N-

based fertilizer applications over the past 30 years (Dorff and Beaulieu 2014).  In 

contrast, beneficial management practices have been effective at curbing N export from 

agriculturally dominated catchments by up to 60% (Jedrych et al. 2014).  Additionally, 

development of instream nutrient objectives for urea, as well as DIN and TN, may prove 

to be an effective tool for managing instream and downstream water quality (Chambers et 

al. 2011). This is paramount in the agriculturally dominated NGP, where lotic N 

concentrations can be hypersaturating (Waiser et al. 2011), instream NH4
+ and NO3

- often 

exceed federal chronic toxicity guidelines (Figure 4-2; CCME 2010, 2012; Waiser et al. 

2011), and water quality in P-rich downstream lakes is susceptible to N pollution (Leavitt 

et al. 2006, Chapter 3).  Further, water resources in the NGP will become increasingly 

stressed in the future, as agricultural production and fertilizer use is projected to double 

by 2050 to feed a global population that is expected to increase by another 2.5 billion 

people (Millennium Ecosystem Assessment 2005; Glibert et al. 2006; Borlug 2007).  As 

such, effective water quality management in the NGP will require increased focus on urea 

and the processes that control its export from lotic systems. 
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CHAPTER 5: CONCLUSIONS 

5.1 Synthesis of findings 

Together, results from the three research projects in this thesis emphasize that N pollution 

can degrade water quality in P-rich systems across seasonal conditions, but that the 

impacts vary with the form, amount, and timing of N inputs.  For example, results from 

Chapter 2 demonstrate that excess NH4
+ inputs can selectively stimulate or suppress 

phytoplankton abundance, with the effects varying among phytoplankton taxa and 

seasonal conditions.  Results from Chapters 3 show that urea inputs can degrade water 

quality and stimulate nuisance and toxic taxa across the ice-free period, and even under 

conditions that would traditionally be considered P-limited.  Chapter 4 shows that 

although the landscape sources and processes that transform instream urea concentrations 

change seasonally, downstream fluxes of urea through lotic systems in the NGP remain 

consistent over the open water period.  Collectively, results from these three chapters 

demonstrate that management of N pollution to P-rich waterbodies should consider the 

form as well as the amount of N released, and underscores the importance of managing N 

pollution across seasonal conditions, as lotic fluxes of urea are ubiquitous and consistent, 

while downstream receiving lentic systems may be persistently susceptible to its impacts 

throughout the open water period.     
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5.2 Implications for water quality management 

Based on the results of this dissertation, I propose five recommendations to improve 

water quality management in the NGP.  First, despite continued debate over the value of 

dual or single nutrient controls in managing water quality, results of research herein 

clearly demonstrate the importance of managing N pollution in curbing the effects of 

eutrophication in freshwater ecosystems of the NGP.  Nitrogen pollution to P-rich 

freshwater systems ubiquitously degrades water quality, stimulating phytoplankton 

abundance (Figure 3-4, 3-5), and enabling the proliferation of nuisance and potentially 

toxic phytoplankton (Figures 3-6).  While results from Chapter 3 are consistent with 

extensive studies on the effects of N pollution during summer months, they also provided 

novel evidence that certain forms of N (i.e., urea) can also degrade water quality across 

the open water season, and under lower thresholds of N:P mass ratio than previously 

expected (i.e., < 20:1).  Furthermore, continued pollution with N may also saturate 

biological transformation processes (e.g., Bernot and Dodds 2005; Waiser et al. 2011; 

Finlay et al. 2013; Chapter 3), leading to increased export of N to downstream to 

receiving waterbodies.  As such, prevention of further eutrophication of freshwater 

resources in the NGP should consider control of both N and P.  

 Secondly, as the impacts of N pollution on phytoplankton abundance and 

community composition vary with the form of N added (e.g., Figures 2-5, 3-3, and 3-4), 

management efforts should also consider the form of N entering freshwater systems.  

Instream objectives and regulatory pollution limits in the NGP tend to focus on TN (e.g., 

United States Environmental Protection Agency 2013; ESRD 2014), and dismiss the 



148 
 
 

differential effects of various forms of N on water quality.  When regulatory limits of 

NH4
+

 and NO3
- are included in approved releases, they are based predominantly on 

toxicological effects of these DIN forms to invertebrates and fish (e.g., Canadian 

Wastewater Systems Effluent Regulations SOR/2012-139; CCME 2010, 2012), rather 

than their impacts on phytoplankton abundance or shifts in community composition 

towards undesirable taxa.  In contrast, results of research in Chapters 2 and 3 clearly 

demonstrate that the form of N added to freshwater ecosystems has differential effects on 

water quality, as excess inputs of NH4
+

 inhibited growth of diatoms and chrysophytes 

(Figure 2-6), while urea stimulated growth of nuisance and potentially toxic 

phytoplankton, including chlorophytes and picocyanobacteria (Figures 3-4, 3-6).  

Additionally, despite mounting evidence of its impacts and the prevalence of its use as a 

fertilizer, urea is not commonly included in regulatory, environmental assessment, or 

ambient monitoring programs.  Considering the ease of which it can be sampled and the 

minimal cost of its analysis, urea would be a valuable addition to environmental 

monitoring programs.   

 Third, various forms of N pollution have differential effects on water quality 

depending on seasonal conditions at the time of input (e.g., Figure 3-3 and 3-4).  Thus, 

regulation and management of N pollution should consider seasonal limits or thresholds 

(i.e., see recommendations in Chapter 3), rather than static annual values.  This is 

particularly relevant to the small wastewater lagoons that service most of the rural 

communities of the NGP, and which either have no treatment or low levels of mechanical 

or aerated treatment (e.g. Holeton et al. 2011; Alberta Environment and Sustainable 
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Resource Development 2013), contain N-enriched effluents (Switzer et al. 2008; Cozzi et 

al. 2014), and seasonally batch release their waste to downstream prairie fed streams.    

 Fourth, the association between N-intensive crops (e.g., cereal and oil seed crops) 

and instream urea concentrations (Table 4-1) suggests that additional actions should be 

taken to control terrestrial exports of urea from agriculturally dominated catchments.  For 

example, in the last Canadian Census of Agriculture, Saskatchewan farms had the lowest 

nutrient management plan implementation rate of all Canadian provinces, despite having 

doubled their provincial N-based fertilizer applications over the previous 30 years (Dorff 

and Beaulieu 2014).  As such, beneficial management practices (i.e., BMPs) that 

minimize the export of urea from agricultural lands may play an important role in 

managing downstream water quality (Cook et al. 1996).  Specifically, reducing fall 

fertilizer applications, changing from broadcast applications to harrowing or tilling 

techniques (Cade-Menum et al. 2013), avoiding applications before rainfall or during 

irrigation, and developing fertilizer management plans may be effective in decreasing the 

loss of urea to downstream waterbodies.  Additionally, protecting wetlands and riparian 

areas, and installing buffer strips along crop and livestock operations may also aid to 

sequester N within upstream terrestrial ecosystems (Dodds and Oakes 2006; Wilcock et 

al. 2012; Hayashi et al. 2016). 

 Fifth, effective management of eutrophication within the NGP should consider a 

basin-specific approach.  Baseline ambient conditions vary across freshwater ecosystems 

and regions (e.g., Downing and McCauley 1992; Orihel et al. 2012), and the one-size-

fits-all approaches to water quality management (e.g., single nutrient concentration 
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limits) will not be effective across the NGP.  Aquatic ecosystems in the NGP are 

characterized by agriculturally dominated catchments, low hydrologic inputs from prairie 

runoff, and elevated ambient P concentrations (e.g., SRP > 100 μg P L-1; Chapter 3), and 

thus their response to nutrient inputs are drastically different than model oligotrophic 

shield lakes (e.g., Schindler 1977; Schindler et al. 2016).  Consequently, assuming that 

management approaches that are effective in oligotrophic model systems will also apply 

to hypereutrophic freshwater systems enriched with internal pools of legacy nutrients 

(Søndergaard et al. 2003; Leavitt et al. 2006), fails to address the inherent ecosystem 

hysteresis (Beisner et al. 2003) and positive biogeochemical feedback cycles (e.g., 

Galloway et al. 2003) that enable N-limited primary production to persist.  Further, they 

do not account for dichotomous effects of saturating, rather than limiting conditions 

(Chapter 2).  Until such time that P can be effectively and affordably removed from these 

freshwater ecosystems (Lürling 2016), thereby shifting the ecosystems into a permanent 

state of P-limitation, ambient basin specific concentrations of N (e.g., NH4
+, NO3

- and 

urea), as well as ratios of N:P, should be considered in lake water quality management 

plans (Blaas and Kroeze 2016), particularly in the NGP.   

 

5.3 Future direction and research 

Although results from my research demonstrate that N pollution can affect water quality 

across seasonal conditions, it has also led to further questions about the processes that 

control the availability of urea within waterbodies.  For example, while Chapters 2 and 3 

focused on water column processes, elevated porewater urea concentrations at all sites 
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along the lotic continuum in Chapter 4 suggest that hyporheic and benthic processes may 

play an important role in releasing urea to the water column (see also Kibet et al. 2016; 

King et al. 2017).  As such, additional research is needed to identify the sources, such as 

terrestrial leaching and lateral transport through shallow groundwater or microbial 

mineralization of autochthanous and allocathanous organic matter, of this sedimentary 

pool of urea.  Similarly, further research is needed to clarify the effects of hydrologic 

flowpaths within watersheds, including connectivity between floodplain, riparian, and 

instream compartments, and how they may facilitate or restrict export of N, and 

specifically urea.  Finally, information on the seasonal changes in nitrification and 

denitrification rates within lotic systems in the NGP would be useful in refining the 

estimates of downstream N fluxes and losses of N from these systems.  Tracer 

experiments (e.g., dual radioisotope labelled C and N urea additions) and experimental 

manipulations (e.g., instream mesocosms; Smith et al. 2009), conducted under varying 

seasonal hydrologic conditions, may provide fruitful avenues for exploring these types of 

questions, and assessing how biotic transformations and interactions between surface 

water, groundwater, and terrestrial compartments of prairie watersheds influence the 

availability of urea and other forms of N in receiving waterbodies.     

 Results of my research also reaffirm that N pollution degrades water quality in P-

rich systems, though the effects vary with seasonal (Chapters 3) and longer term climate 

change (Chapter 2).  As such, enhanced understanding of the interactions between N-

cycling processes in enriched systems across seasonal conditions will be needed to 

proactively manage the effects of forthcoming changes in global climate.  For example, 

Chapter 2 demonstrated that both the direction and magnitude of phytoplankton response 



152 
 
 

to N pollution can change over extended periods time (Figure 2-5), as phytoplankton 

community composition, nutrient availability, and temperatures change (Figure 2-6).  

These types of temporal shifts in biotic response to nutrient pollution will continue as 

climate change is anticipated to increase the competitive advantage of HABs (Kosten et 

al. 2012), alter the physical stratification patterns in lakes (Paerl and Scott 2010), and 

shift natural successional patterns in phytoplankton communities (Sommer et al. 2012; 

De Senerpont Domis et al. 2013).  Further, predicted shifts in the occurrence of major 

rainfall events from mid-summer to late spring (Dumanski et al. 2015) may affect the 

timing and magnitude of N exports from catchments (Cade-Menum et al. 2013), 

potentially increasing fluxes of anthropogenic N exported from agricultural watersheds to 

lakes and rivers (Chapter 4).  Thus, experimental studies on the effects of NH4
+ and urea 

pollution under altered hydrological flows (e.g., stream mesocosms; Battin et al. 2003) 

and climate conditions (e.g., artificial climate experiments; Christensen et al. 2006) will 

be valuable in informing future water quality management strategies.  Lastly, although 

research from all three chapters of this dissertation have identified patterns and clarified 

the processes that regulate the availability and effects of N pollution during the open 

water period, information on N transformation rates and processes under ice is limited.  

As spring and summer phytoplankton communities are clearly affected by the outcomes 

of winter biogeochemical processes (Dakos et al. 2009), additional information on the 

controls of N-cycling under ice is needed.  
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5.4 Concluding remarks 

Eutrophication of freshwater ecosystems has severe ecological, social, and economic 

consequences.  For example, Dodds et al. (2009) estimated that eutrophication of 

freshwaters costs the U.S. approximately $2.2 billion per year, while annual costs of 

managing cyanobacterial blooms in Lake Erie alone have been upwards of $71 million 

(Paerl et al. 2016).  Results of this thesis show that N pollution contributes to water 

quality degradation and eutrophication in P-rich systems, such as the NGP.  In turn, 

shallow, solute-rich, hardwater lakes, such as those I studied in the NGP, are also 

characteristic of other continental interiors (Verpooter et al. 2014; Finlay et al. 2015) and 

comprise ~50% of global inland waters by volume (Hammer 1986).  Furthermore, as 

continued agricultural intensification occurs in other regions of the world (e.g., Australia, 

China, India, Argentina, Brazil; Agrium 2016), nutrient loading and export regimes are 

becoming increasingly similar to those of the NGP, where large reserves of P have 

accumulated in soils as a result of historical fertilizer applications, while N application 

rates continue to escalate (Glibert et al. 2013; Bouwman et al. 2017).  Water security in 

many of these regions is already considered to be at high risk due to changes in water 

abstraction and climate (Vorosmarty et al. 2010) and is projected to become increasingly 

stressed in the future as agricultural production and fertilizer use is expected to double by 

2050 to feed an additional 2.5 billion people (Millennium Ecosystem Assessment 2005; 

Glibert et al. 2006; Borlug et al. 2007).  In this context, the results of my dissertation 

underscore the widespread and increasing threat that N pollution poses to water quality, 

and that careful consideration and management of amount, forms, and seasonal releases 
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of N pollution will be paramount in protecting freshwater ecosystems as populations 

grow and agricultural production demands continue to rise.   
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Figure S2-1.  Conceptual model of phytoplankton photosynthesis, nitrogen uptake, and 
assimilation (a), and hypothesized mechanisms of NH4

+ suppression (b, c).  Width and 
shading of arrows indicates the strength of reaction, with grey shades indicating 
inhibition or reduction.  Black and red dotted arrows within ① symbolize movement of 
electrons and protons, respectively.  Processes in inset box ① represent the light-
dependent reactions and photophosphorylation. (Inset box ① is adapted from Nelson and 
Cox (2000).)  The enzymatic steps of the Calvin Cycle, which is fueled by CO2/HCO3

- 
and products from ① (i.e., ATP and NADPH), are represented in the pathway ②.  
Nitrate (NO3

-)/nitrite (NO2
-) and ammonium (NH4

+)/ammonia (NH3) uptake and 
transformation pathways are shown in ③ and ④, respectively.  Abbreviations: 
photosystem II (PSII), O2-evolving complex (OC), plastoquinone (PQ), cytochrome b6f 
complex (Cyt b6f), plastocyanin (PC), photosystem I (PSI), ferrodoxin (Fd), ferrodoxin-
NADP+ oxidoreductase (FNR), Rubisco (RuB), nitrate transporter (NT), Nitrate reductase 
(NR), Nitrite reductase (NiR), Glutamine synthetase (GS), glutamine (Gln), nicotinamide 
adenine dinucleotide  (NAD/NADH), nicotinamide adenine dinucleotide phosphate 
(NADP/NADPH), adenosine diphosphate (ADP), adenosine triphosphate (ATP), and Pi 
(phosphate). (Continued on following page; original in colour.) 
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Figure. S2-1. (Continued from previous page) b) Conceptual model of hypothesized pH-
mediated ammonia toxicity.  As pH and temperature increase, the ratio of NH4

+:NH3 
shifts towards the un-ionized form, which can diffuse easily across membranes. NH3 is 
expected to cause toxicity by inhibiting the O2 evolution through the OC complex of PSII 
①, and disrupting the electrochemical gradients across the thylakoid membrane. 
(Continued on following page; original in colour.) 
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Figure. S2-1. (Continued from previous page.) c) Conceptual model of hypothesized 
energy imbalance mechanism of ammonium toxicity.  Under high light conditions, the 
light reactions in ① move forward rapidly, producing a proton gradient across the 
thylakoid membrane, and fueling ATP and NADPH synthesis.  In turn, the products of 
the light reactions fuel the enzymatic steps of the Calvin Cycle ②, or light-independent 
reactions. At the same time, a series of transporters and enzymes move nitrate from the 
surrounding medium into the cell, and reduce it with excess electrons to NH4

+③.  This 
series of enzymatic reactions serves to both produce glutamine through GS, and maintain 
the electrochemical balance within the chloroplast, which is necessary for the continued 
functioning of the light and light-independent reactions. Though these processes are 
linked, their efficiencies differ, as the light reactions are fueled by photons and light 
availability, while the Calvin Cycle and NR reactions are enzymatic, and thus also 
affected by temperature and substrate availability.  As such, when there is excess NH4

+, 
NO3

- transporters and the NR enzymatic pathways are inhibited, decreasing the cell’s 
ability to balance electrochemical gradients. (Original in colour.) 
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Figure S2-2.  Partial plots of significant common (i.e., both study lakes) and lake-
specific binomial GAM covariates (abiotic predictors).  The y-axis denotes the increased 
likelihood of suppression as values increase above the origin (y > 0), and increased 
likelihood of stimulation as values decrease below the origin (y < 0).  Grey shading 
represent the 95% confidence interval around the fit.  Abbreviations include BP (Buffalo 
Pound Lake), W (Wascana Lake), and Secchi (Secchi depth).  Units are in m (Secchi 
depth), °C (temperature), µg P/L-1 (SRP), and µg N/L-1 (TDN).
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Figure S2-3.  Partial plots of significant lake-specific binomial GAM covariates (biomarker predictors).  The y-axis denotes the 
increased likelihood of suppression as values increase above the origin (y > 0), and increased likelihood of stimulation as values 
decrease below the origin (y < 0).  Grey shading represent the 95% confidence interval around the fit.  Lakes are abbreviated as BP 
(Buffalo Pound) and W (Wascana), and all units are in nmol L-1.
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Figure S3-1. Time series of nutrient and limnological conditions in the seven 
experiments between April – October.  Symbols represent average of three mesocosm 
replicates, with error bars denoting ±1 SE, for the control (grey line), and the P (green 
line), urea (orange line), and urea plus P (purple line) amended treatments.  (Original in 
colour.)  
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Figure S3-2.  Average (a) water temperature (°C) and (b) illuminance (lx) during each 
monthly experiment, measured at 0.1 m depth in each mesocosm.  (Original in colour.)
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Supporting Information for Chapter 4 

Table S4-1.  Location, distance downstream, and measurement period of each lotic 
sampling site.  

Site Latitude Longitude 
Distance 

downstream (m) 
Years 

sampled 
1 50°17'8.98"N 103°55'50.03"W 0 2011-2012 
2 50°15'5.27"N 103°51'33.53"W 7095 2011-2012 
3 50°12'17.94"N 103°48'13.35"W 16548 2011-2012 
4 50° 6'20.37"N 103°41'16.90"W 34125 2011-2012 
5 50° 1'52.87"N 103°44'10.08"W 51702 2011-2012 
6 50°14'19.97"N 104°17'48.54"W 69279 2011-2012 
7 50°23'48.13"N 104°29'10.27"W 86856 2010-2012 
8 50°29'2.94"N 104°46'42.17"W 122010 2010-2012 
9 50°28'37.80"N 104°42'35.17"W 104433 2010-2012 
10 50°29'58.17"N 104°48'1.02"W 139587 2010-2012 
11 50°38'7.64"N 104°54'34.52"W 157164 2011-2012 
12 50°38'5.57"N 104°56'22.31"W n/a 2011-2012 
13 50°39'1.11"N 104°52'0.09"W 166467 2010-2012 
14 50°41'54.60"N 104°48'11.74"W 184533 2010-2012 
15 50°43'46.74"N 104°42'32.56"W 206644 2010-2012 
16 50°48'16.68"N 104°35'18.05"W 246782 2010-2012 

 
 
 



214 
 
 

Table S4-2.  Hydrometric data sources of instantaneous discharge rates at each sampling 
site.   

Site Number Discharge rate 
Hydrometric 

station1,2 
1 Measured - 
2 Measured - 
3 Measured - 
4 Measured - 
5 Measured - 
6 Measured - 

7 Calculated 
05JF012 
05JF014 

8 Calculated 

05JF005 
05JF011 

City of Regina 

9 Calculated 
05JF005 
05JF011 

10 Calculated 
05JF005 
05JF011 

11 Recorded 05JF005 

12 Calculated 
05JF001 
05JF005 

13 Recorded 05JF001 
14 -  
15 Calculated 05JK002 
16 Calculated 05JK002 

1 Water Survey Canada station code 
2 Daily effluent discharge rates were provided by the City of Regina wastewater treatment facility (pers. 
comm. K. Gallant) 
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Table S4-3.  Land cover feature classes from the AAFC (2013) dataset and aggregated 
land cover classes. 

Land cover class AAFC feature class
Exposed Exposed Land/Barren 

Fallow 
Urban Urban/Developed 
Pasture Pasture/Forages 
Legume crops Lentils 

Peas 
Soybeans 
Beans 

Canola and mustard crops Mustard 
Canola/Rapeseed 

Cereal crops* Barley 
Flaxseed 
Canaryseed 
Corn 
Hemp 
Herbs 
Oats 
Potatoes 
Rye 
Splet 
Spring Wheat 
Sunflower 
Wheat 
Winter Wheat 

Grassland Grassland 
Shrub and broadleaf Shrubland 

Broadleaf 
Water and wetlands Too wet to be seeded 

Water 
Wetland 

* Note: Hemp, herbs, potatoes, and sunflower feature classes were included in the cereal 
crop category, but cumulatively comprised  < 0.1% cover.  
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Table S4-4.  Results of Spearman rank correlations, conducted separately by month, 
between urea concentration and instream water quality parameters.  Abbreviations 
include rs (Spearman rank coefficient) and df (degrees of freedom). Continued on 
following page.  

Month Instream parameter rs p-value df F-statistic
May NH4

+ (μg N/L) 0.58 1.62E-06 56 28.74602 
Porewater urea (μg N/L)  0.51 1.06E-04 50 17.72335 
Bacteria (cells x 106/ml) -0.08 5.78E-01 52 0.313525 
Chl a (μg/L) 0.23 7.53E-02 60 3.275442 
Turbidity (NTU) 0.48 9.64E-03 26 7.807804 
DIC (mg/L) -0.34 7.10E-03 59 7.780415 
DOC (mg/L) -0.40 1.55E-03 59 11.01895 
Instantaneous Discharge (m3/s) 0.49 1.11E-04 56 17.29895 
NO3

- (μg N/L) 0.56 3.00E-06 58 26.75239 
DO (mg/L) -0.20 1.18E-01 60 2.52176 
Temperature ( ̊C) -0.02 8.86E-01 60 0.020687 
TDN (μg N/L) 0.25 5.12E-02 58 3.962601 

June DOC (mg/L) -0.36 4.56E-04 89 13.25399 
DIC (mg/L) -0.32 1.78E-03 89 10.38111 
Bacteria (cells x 106/ml) -0.11 3.70E-01 70 0.812445 
DO (mg/L) -0.07 4.87E-01 90 0.488078 
TDN (μg N/L) 0.14 1.80E-01 87 1.824855 
NH4

+ (μg N/L) 0.22 3.66E-02 87 4.507349 
Chl a (μg/L) 0.22 3.26E-02 90 4.711943 
Temperature ( ̊C) 0.23 3.17E-02 89 4.76341 
NO3

- (μg N/L) 0.26 1.49E-02 87 6.173293 
Turbidity (NTU) 0.36 1.67E-02 43 6.203389 
Instantaneous Discharge (m3/s) 0.36 9.87E-04 80 11.69847 
Porewater urea (μg N/L) 0.60 2.89E-09 78 44.92165 

July Instantaneous Discharge (m3/s) -0.45 4.76E-05 74 18.67395 
Bacteria (cells x 106/ml) -0.43 1.42E-04 72 16.15195 
NO3

- (μg N/L) -0.28 1.09E-02 80 6.793438 
DO (mg/L) -0.16 1.56E-01 81 2.053711 
Turbidity (NTU) -0.14 2.48E-01 64 1.361102 
TDN (ug N/L) -0.10 3.77E-01 80 0.790809 
DOC (mg/L) -0.03 8.10E-01 79 0.05845 
Temperature ( ̊C) -0.02 8.28E-01 81 0.047707 
Chl a (μg/L) 0.04 6.99E-01 80 0.150315 
NH4

+ (μg N/L) 0.30 5.37E-03 80 8.192975 
DIC (mg/L) 0.38 4.15E-04 79 13.59324 
Porewater urea (μg N/L) 0.55 5.58E-07 70 30.36911 
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Table S4-4.  Continued from previous page.  

Month Instream parameter rs p-value df F-statistic 
August Bacteria (cells x 106/ml) -0.39 5.03E-03 47 8.662288 

Instantaneous Discharge (m3/s) -0.33 3.24E-03 74 9.259486 
NO3

- (μg N/L) -0.26 2.04E-02 77 5.609974 
DO (mg/L) -0.20 6.70E-02 79 3.448828 
Temperature ( ̊C) -0.15 1.85E-01 79 1.786575 
DOC (mg/L) -0.07 5.68E-01 77 0.329612 
TDN (ug N/L) -0.02 8.85E-01 77 0.021229 
Turbidity (NTU) 0.14 2.63E-01 63 1.275421 
Chl a (μg/L) 0.26 1.96E-02 79 5.672468 
DIC (mg/L) 0.45 2.96E-05 77 19.7197 
NH4

+ (μg N/L) 0.46 1.66E-05 77 21.11161 
Porewater urea (μg N/L) 0.59 1.81E-07 65 34.12147 

 
 
 


