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THESIS ABSTRACT 

My thesis examines rodent species responses to agricultural land modification and 

their implications for trophic dynamics on the northern Great Plains. I first validated owl 

pellet analysis as a landscape-level sampling method for small mammal studies by 

comparing mammal diversity and composition between owl pellets and trapping from 27 

studies of 15 owl species. Then using a dataset of >10,000 owl pellet samples collected 

from landscapes varying in agricultural intensity, I estimated rodent species responses to 

habitat loss and fragmentation, predicting species would respond relative to their affinity 

for unmodified grassland habitat. I found species responded irrespective of grassland 

specialization, indicating habitat specialization is not a universal proxy for sensitivity to 

land modification. I investigated the implications of these responses to sympatric great 

horned owl and burrowing owl diets, predicting great horned owls may competitively 

exclude endangered burrowing owls when diet composition was similar between the two 

species. I found both owl diets were dominated by small mammal prey in similar species 

composition, suggesting competitive exclusion of burrowing owls where their home 

ranges overlap with great horned owls. I also investigated whether woody encroachment 

facilitated increased great horned owl densities in mixed-grass prairie. Using 51 building 

surveys, I estimated the effect of forest cover on the presence of great horned owls in 

buildings. My results were inconclusive; I observed a potentially biologically relevant but 

statistically insignificant decline in building use with increasing percent forest cover, 

indicating my study lacked statistical power or influential conditions (e.g., internal 

conditions, forest edge, prey availability near buildings) responsible for owls roosting in 

buildings. This is the first landscape-level perspective of rodent responses to land 
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modification and their implications for two sympatric raptor species. On the northern 

Great Plains, rodent population responses to land modification may change the spatial 

composition of rodent communities, facilitating interactions between great horned owls 

and burrowing owls that may further limit burrowing owl population persistence on the 

northern Great Plains. Globally, these results inform a broader debate regarding which 

conservation strategy, land sparing or land sharing, will be most effective at meeting 

global biodiversity targets while increasing food production to feed a growing human 

population. 
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PREFACE 

There are six chapters in this thesis. The first chapter is a general introduction, the 

second to fifth chapters are research chapters, and the sixth consists of general 

conclusions and potential directions for future research. All research chapters were 

written as manuscripts for publication in peer-reviewed scientific journals. By the time 

this thesis was submitted to the Faculty of Graduate Studies & Research, Chapter 2 was 

published in Methods in Ecology and Evolution, the citation for which is below: 

Heisler LM, CM Somers, and RG Poulin. 2016. Owl pellets: a more effective alternative 

to conventional trapping for broad-scale studies of small mammal communities. 

Methods in Ecology and Evolution: 7: 96-103. 
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1. GENERAL INTRODUCTION 

1.1. Background Information 

1.1.1. Relevance of conserving biodiversity to support humanity 

Biological diversity, or biodiversity, refers to the spatiotemporal variation in 

richness, composition, and relative abundance of life on Earth (Mace et al. 2011; Vellend 

et al. 2013; Dorelas et al. 2014; Cardinale et al. 2018). It is thought to be integral to 

maintaining a network of spatiotemporally defined interactions, or ecological processes, 

between organisms and their abiotic environment (e.g., energy flow, nutrient cycling, 

keystone structures, habitat succession) characterizing an ecosystem’s functional capacity 

(i.e., multi-functionality; Virginia and Wall 2001; Hector and Bagchi 2007; Gamfeldt et 

al. 2008; Zavaleta et al. 2010; Mace et al. 2011; Lefcheck et al. 2015). Each ecological 

process is then facilitated by the activity of multiple species, each species contributing to 

more than one process, and several species contributing to the same process at different 

spatiotemporal scales (i.e., functional redundancy; Virginia and Wall 2001; Vellend et al. 

2017; Cardinale et al. 2018). If this is true, then humanity depends on a network of 

healthy, multi-functional ecosystems for a clean and predictable environment to live in, 

fertile soils and natural pollination services to grow food, healthy trophic dynamics for 

regulation of vector-borne pathogens, and other ecological goods and services (Erb et al. 

2009; Kastner et al. 2014; Hoekstra and Mekonnen 2012). While the magnitude of 

biodiversity loss across spatiotemporal scales is still debated (Vellend et al. 2013; 

Doleras et al. 2014), the irreparable damage of ignoring the deleterious effects of its loss 

on global human well-being (Foley et al. 2005; Diaz et al. 2006; Cardinale 2012; 

Cardinale et al. 2018) outweighs the costs of further research on the subject. 
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 Habitat heterogeneity maintains ecosystem multi-functionality and should be the 

focus of biodiversity conservation.  Landscapes diverse in broad habitat categories 

differing in vegetation composition and structure (Almeida-Gomez et al. 2015) typically 

support higher biodiversity through access to a greater diversity of resources that are 

abundant enough to maintain population persistence of multiple species (Hunter and 

Price 1992; Allouche et al. 2012; Tews et al. 2004; Stein et al. 2014). Unmodified 

heterogeneous landscapes typically support many species redundant in their contributions 

to ecological processes across multiple spatiotemporal scales, providing a level of 

resiliency during periods of environmental change that allows ecosystem multi-

functionality to persist. Land modification for anthropogenic use reduces this resiliency 

by converting heterogeneous landscapes into mosaics of only a few land use types 

(Chapin et al. 2000; Jackson et al. 2001; Scheffer et al. 2001; Foley et al. 2005; Bennett 

and Balvanera 2007; Cardinale et al. 2012). Conserving remaining unmodified 

heterogeneous landscapes and incorporating habitat heterogeneity into landscape design 

to support biodiversity among the global network of ecosystems is essential for the health 

and well-being of modern human societies (Benton et al. 2003; Landis 2017). 

1.1.2. Agriculture threatens global ecosystem function through biodiversity loss 

Land modification for agricultural production is one of the biggest threats to 

biodiversity worldwide. Seventy-eight percent of Earth’s ice-free land mass shows 

evidence of modification for anthropogenic use (Ellis and Ramankutty 2008), while 21.8-

23.2% is currently used for modern agricultural, industrial, and urban purposes (Hoekstra 

et al. 2005; Watson et al. 2016). Most of this land is modified to produce agricultural 

products like food (Foley et al. 2005; Ellis and Ramankutty 2008), requiring the 
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conversion of habitats, which represents a direct loss of habitat heterogeneity in many 

ecosystems. Many argue that it is the most pervasive force behind global biodiversity loss 

today (Tilman et al. 1994; Vitousek et al. 1997; Green et al. 2005; Hoffmann et al. 2010; 

Foley et al. 2011; Murphy and Romanuk 2012; Dirzo et al. 2014). Extinction rates are 

now 100 – 1000x greater than prior to the human presence in many ecosystems (Pimm et 

al. 1995), with 5 – 20% of species already extinct in many taxonomic groups (Chapin et 

al. 2000). These are the first signs that Earth’s sixth mass extinction may already be 

underway (Barnosky et al. 2011). Vertebrate and invertebrate species continue to decline 

at accelerated rates as anthropogenic pressures increase (Butchart et al. 2010; Dirzo et al. 

2014). These declines are not likely to slow because another 10 – 25% of the remaining 

unaltered habitat will likely be modified to feed an estimated population growth of 2 

billion people by 2050 (Tilman et a. 2001; Tilman et al. 2011; Schmitz et al. 2014).  

 Land modification affects biodiversity through habitat loss and fragmentation. 

The effects of habitat loss are well known; conversion of habitat for agricultural land use 

represents a direct loss of resources for many species. The effects of fragmentation, the 

process by which contiguous habitat is broken up into smaller more isolated patches, are 

less obvious (Franklin et al. 2002; Fahrig 2003; Lindenmayer and Fischer 2006; Ewers 

and Didham 2007; Fahrig 2017). These changes in the composition and spatial 

configuration of available habitat differentially affect species’ habitat use, dispersal 

abilities and patterns, and, ultimately, population persistence within landscapes (Ewers 

and Didham 2006). Fragmentation effects may not always be negative, Fahrig (2017) 

demonstrated almost a quarter of all significant fragmentation effects were positive, with 

no conditions (i.e., habitat amount, fragmentation metric, taxonomic group, etc.) dictating 
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mostly negative responses. This is because species may respond differently to the several 

metrics needed to characterize habitat fragmentation fully, in comparison with the single 

metric used to characterize habitat loss (Fahrig 2003). Fragmentation is also highly 

correlated with habitat loss because it is dependent on loss occurring, making detecting 

fragmentation effects independent of loss difficult (Fahrig 2003; Ewers and Didham 

2006). Lastly, species with disparate life histories may not respond to all measures of 

fragmentation but may respond inconsistently to the same measures in different systems 

(Ewers and Didham 2006), or may respond to each measure of fragmentation at different 

spatiotemporal resolutions (e.g., Comfort et al. 2016; Cushman et al. 2016). As a result, 

few general responses to fragmentation effects independent of habitat loss have been 

identified (Haddad et al. 2015; Wilson et al. 2015). 

1.1.3. Reorganized rodent assemblages following land modification 

Agriculture has the potential to alter rodent distributions and subsequent 

assemblage composition across entire ecosystems. Rodent assemblage diversity is 

correlated with precipitation gradients (Grant and Birney 1979; Reed et al. 2006) and soil 

texture (Heisler et al. 2013) at the landscape level, both of which determine the 

composition and structure of plant communities defining broad categorizations of habitat 

(Heisler et al. 2013). Perturbations in grassland vegetation caused by geophysical 

processes and stochastic events result in continuous reorganization of rodent communities 

at the patch- (e.g., Grant et al.  1982; Groves and Steenhof 1988; Rosenstock 1996; 

Yarnell et al. 2007) and landscape-levels (e.g., Cuenca-Bescus et al. 2009; Ortiz et al. 

2012; Pardinas et al. 2012; Ponomerev et al. 2012). Land modification simplifies habitat 

structure and isolates remaining heterogeneous grasslands into relatively small patches. 
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These effects may influence the presence and composition of rodent species within 

heavily fragmented regions, altering the spatial distributions of species depending on 

their affinity towards grassland habitat (Pena et al. 2003; Heisler et al. 2013).  

Land modification may favour generalist species due to their ability to use a 

broader resource base, while extirpating specialists as their associated habitats are 

replaced with agricultural land-use types. Habitat specialization is an evolutionary 

strategy used by species to access resources within heterogeneous landscapes. Habitat 

obligates acquire resources within one or a few habitat types and maintain availability of 

these resources by out-competing other species for access. In contrast, habitat generalists 

use a diverse resource base across multiple habitats and colonize newly available or 

recently disturbed habitats to maintain access to these resources (Tilman et al. 1994; 

Debinski and Holt 2000; Reino et al. 2014; Clavel et al. 2011). Land modification has 

homogenized some ecosystems into highly productive mosaics of crop monocultures that 

experience consistent, intra-annual disturbance. Habitat generalists may be able to take 

advantage of this high productivity because they are capable of colonizing these 

consistently disturbed habitats. In contrast, grassland obligates are less flexible in the 

resource base they can use, and so are more vulnerable to disturbances that eliminate 

their required habitat (Tilman et al. 1994; Debinski and Holt 2000; Reino et al. 2014). 

This homogenization of communities towards generalist species may synchronize 

species’ responses to environmental change, with significant implications for the 

ecological goods and services produced through the ecosystem processes rodent species 

maintain (Clavel et al. 2011). 
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 Most rodents are typically small-bodied mammals (i.e., <500 g) characterized by 

small home ranges, limited dispersal capabilities, and high reproductive potential, all of 

which facilitate rapid responses to environmental change (Korpimäki et al. 2004; Sieg 

1987). Fluctuating rodent densities influence predator population dynamics (Korpimaki et 

al. 2004), the prevalence of diseases and parasites (Ostfeld and Holt 2004), plant diversity 

through foraging habitats, as well as soil conditions, nutrient flow, and habitat availability 

through burrowing activities (Grant and French 1980; Sieg 1987). Ecosystem processes 

rodents influence are altered when rodent assemblage composition shifts in response to 

environmental change. For example, Suzán et al. (2009) found experimental evidence of 

increases in both infectious prevalence of hantaviruses in rodent populations and 

reservoir population density following rodent diversity loss in southwestern Panama. 

Bagchi et al. (2005) found higher plant diversity inside small mammal colonies relative to 

outside colonies, potentially affecting assembly processes, succession, and dominance 

hierarchies in plant communities. Lastly, White (2013) summarized a wealth of studies in 

which changes in rodent population fluctuations drive avian and mammal predator 

population dynamics. Changes in rodent assemblage composition are therefore excellent 

indicators of ecological change (Clark and Bunck 1991; Pena et al. 2003; Avenant 2011; 

Pardinas et al. 2012), the consequences of which can have significant implications for 

ecosystem multi-functionality (Delibes-Mateos et al. 2011; Davidson et al. 2012). 

1.1.4. Fragmentation effects on rodent communities not well understood at the 

landscape-level 

Most rodent studies occur at spatial extents too small to capture fragmentation 

effects on population persistence. The conventional method of sampling rodent 
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populations involves setting a series of traps along transects or within grids and collecting 

samples for several days consecutively at a chosen temporal resolution (e.g. sampling 

occurs monthly, seasonally, annually, etc.). The expense and time commitment involved 

typically limits the spatial resolution to <1 hectare and includes only a few replicates of 

one to three vegetation types (Williams and Braun 1983; Glennon et al. 2002; Jorgensen 

2004). Fragmentation is undoubtedly a landscape-level process, however; measuring 

patch characteristics within a single landscape does not allow inference at the landscape-

level (Wiens 1989; Wheatley and Johnson 2009). Measures of fragmentation at the patch-

level (e.g., patch size, shape, isolation), such as in these studies, may confound 

fragmentation effects with those of habitat loss (Fahrig 2003). In fact, few (if any) of 

these studies capture species responses to environmental change across entire landscapes 

(Hanser et al. 2011; Heisler et al. 2013; Heisler et al. 2014). Heisler et al. (2013) was the 

first to identify potential landscape-level effects of agricultural land use on rodent and 

shrew distributions, finding significantly different proportional abundances of species 

between an intensively managed landscape (i.e., Regina Plains, south of Regina, 

Saskatchewan) and a predominately grassland landscape (i.e., southeast Alberta). An 

assessment of fragmentation effects (i.e., edge density, grassland patch size, shape, 

density, and cohesion) were not included in this study, leaving fragmentation effects on 

rodent species’ population persistence within landscapes differing in agricultural intensity 

understudied. 

 The quantification of prey remains from owl pellets may be a suitable alternative 

to estimate rodent assemblage composition across large spatial extents. Owls exhibit 

many adaptations to detect and capture small mammal prey specifically (Konishi 1973) 
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and use them to forage for prey around centralized foraging sites (e.g., nests; Porder et al. 

2003; Feranec et al. 2007). Owls often eat their prey whole and regurgitate the 

indigestible remains (i.e., fur, bones, teeth; Errington 1930; Glue 1970) as compact 

pellets at nest and roost sites. These prey remains can be used to estimate relative 

abundances of species from within the foraging range of the owl (Pena et al. 2003; Terry 

2010; Heisler et al. 2013; Heisler et al. 2014). However, no consensus has been reached 

regarding the generalist foraging habits of owls that would confirm pellets as a suitable 

sampling method for estimating landscape-level small mammal assemblage composition. 

Ideally, any sampling method should sample assemblages in perfect correlation to the 

proportional abundance of species within the landscape. These perfect conditions rarely 

exist. Prey selection by owls while foraging must be better understood before owl pellets 

can be widely adopted as a sampling method for small mammal communities. 

1.2. Research Objectives 

The goal of my thesis was to distinguish fragmentation effects from those of 

habitat loss on rodent assemblages and their implications for interactions between two 

predators on the northern Great Plains. Poulin (2003) evaluated the influence of prey 

availability on reproductive success of burrowing owls on the Regina Plains. He 

concluded, based on patch-level trapping efforts, that habitat loss likely dampened small 

mammal irruptions that burrowing owls rely on to maintain reproductive output within 

the study area. Hennin (2010) concluded patch-level diversity is unaffected by 

agricultural land-use type but biomass and species density differed between modified 

(i.e., annual cropland, perennial livestock forage or ‘tame’ forage) and unmodified (i.e., 

grassland) habitat. Heisler et al. (2013) was the first to evaluate landscape-level habitat 
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associations among small mammal assemblages on the northern Great Plains, finding 

significant differences in small mammal assemblages between the heavily modified 

Regina Plains and largely unmodified southeast Alberta. My thesis research on all 

rodents, except the largest species (i.e., beavers (Castor castor), porcupines (Erethizon 

dorsatum), evaluated fragmentation effects both synergistic with, and independent of, 

habitat loss on the northern Great Plains of Canada. Mine is the largest study on rodent 

diversity ever conducted, the results of which identify responses to fragmentation effects 

among several rodent species and better inform conservation management of prey 

availability for prairie predators (e.g., burrowing owl, short-eared owl, American badger, 

loggerhead shrike, swift fox). The specific objectives of my thesis research were to: 

1) Assess owl pellets as an alternative sampling method for landscape-level studies 

of small mammal communities (Chapter 2), 

2) Estimate rodent population responses to habitat loss and fragmentation on the 

northern Great Plains (Chapter 3), 

3) Evaluate the potential for great horned owls to limit prey availability 

competitively to burrowing owls where their home ranges overlap (Chapter 4), 

and 

4) Approximate the effect nearby forest cover has on great horned owls using 

agricultural buildings as roosts in treeless regions of the northern Great Plains 

(Chapter 5). 

1.3 Literature cited 
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2. OWL PELLETS: AN EFFECTIVE ALTERNATIVE TO CONVENTIONAL 

TRAPPING FOR LANDSCAPE-LEVEL STUDIES OF SMALL MAMMAL 

COMMUNITIES 

Note: This chapter is republished here, with permission, from: Heisler LM, CM Somers, 

and RG Poulin. 2016. Owl pellets: a more effective alternative to conventional trapping 

for broad-scale studies of small mammal communities. Methods in Ecology and 

Evolution 7: 96-103. 

2.1. Introduction 

Small mammals, particularly rodents and shrews, are an important component of 

many ecosystems. They exhibit high intrinsic rates of population increase that facilitates 

rapid response to environmental change within small spatial extents over short periods of 

time (Korpimäki et al. 2004; Avenant 2011). These responses often cascade through 

species interactions across entire landscapes, including predator-prey interactions 

(Hansson and Henttonen 1988), the prevalence of diseases and parasites (Ostfeld and 

Holt 2004), plant diversity through foraging habits, soil conditions, nutrient flow, and 

habitat availability through burrowing activities (Grant and French 1980; Sieg 1987). 

Monitoring these landscape-level changes in small mammal communities provides 

insight into how to best manage the effects of broad environmental changes as they 

cascade through the trophic dynamics of terrestrial ecosystems.  

Conventional trapping can logistically constrain small mammal monitoring to 

relatively small spatiotemporal scales (Williams and Braun 1983; Glennon et al. 2002; 

Hanser et al. 2011). Trapping involves setting a series of traps (e.g. snap trap, live trap, 

pitfall traps) in a systematic manner, and collecting samples daily over a chosen temporal 

resolution (i.e. monthly, seasonally, annually, etc.). To effectively sample an area, trap 

stations must be set in all representative habitats, operated for a minimum of several 

consecutive days, and the combination of baits and trap types used must account for the 
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biases associated with attracting and capturing a variety of species. This approach is 

expensive and time consuming (Glennon et al. 2002; Williams and Braun 1983) and 

inherently limits the perspective of research to relatively local habitat patches. For 

broader perspectives, trapping records are pooled across landscapes (e.g., biogeographic 

region, species geographic range, environmental gradient; Grant and Birney 1979; Reed 

et al. 2006; Rowe 2007). Studies employing this approach are still limited to landscapes 

where widespread trapping networks and historical trapping records already exist; 

otherwise the expense required to conduct these studies is immense (Hanser et al. 2011). 

An alternative method of sampling small mammals is needed that efficiently samples 

both taxonomic diversity and composition of small mammals for landscape-level studies. 

Owl pellets offer a powerful, cost-effective, and efficient means to sample 

landscape-level composition of small mammal assemblages. Owls exhibit many 

specialized adaptations to detect and capture small mammals (Konishi 1973), and often 

hunt for prey within most habitats in a definable foraging area (e.g. mean home range of 

Tyto alba = 682 ha, Bubo virginianus = 2499 ha, Strix aluco = 67 ha; Peery 2000). 

Following digestion of the soft tissue, owls regurgitate indigestible prey remains (i.e., 

bones, teeth; Errington 1930; Glue 1970), which can then be used to identify individuals 

and estimate species abundances from foraging areas (Marti et al. 2007). Additionally, 

owls are often considered generalist predators, exhibiting functional relationships to 

fluctuating prey abundances (Jaksic and Simonetti 1987; Marti 1987). Despite its 

potential use as a sampling method, prey composition within owl pellets may have its 

own unique set of biases. An obvious example would be that owls bias their diet towards 

mammal species that are more available as prey (e.g. more active and/or easier to catch; 
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Hanney 1963; Bonvocino and Bezerra 2003; Avenant 2005; Schiebler and Christoff 

2007). The selective tendencies of owls while foraging must be better understood before 

owl pellet analysis can be widely adopted as a sampling method for assessing landscape-

level small mammal assemblage composition. 

Owl diet studies that compare diet composition estimated from owl pellets to prey 

availability estimated from trapping provide an excellent opportunity to compare these 

two sampling methods. These studies are often used to identify the degree of prey 

selection by owls, and subsequently label owl species as generalist or specialist predators 

(Meserve et al. 1987; Dickman et al. 1995; Capizzi et al. 1998; Andrade et al. 2010). In 

this review, I compare the diet composition of 14 owl species to the mammal community 

composition identified via simultaneous conventional trapping. My goal was to determine 

the suitability of owl pellets as a research tool for landscape-level studies of small 

mammal assemblages. My specific objectives were to: 1) compare small mammal 

community composition between owl pellets and conventional trapping methods; and (2) 

examine the potential influence of owl genera and habitat types on these estimates. 

2.2. Materials and Methods 

2.2.1. Literature Review 

I conducted a literature review to find studies that compared a measure of 

mammal community composition via owl pellets to the availability of mammal prey 

within the foraging ranges of the owls sampled via conventional trapping. I used the 

following internet search engines to find peer-reviewed articles: Google Scholar 

(http://www.scholar.google.com), BIOSIS Previews 

(http://www.apps.webofknowledge.com), Ornithological Worldwide Literature (OWL; 
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http://www.birdlit.org/OWL), and the Searchable Ornithological Research Archive 

(SORA; https://sora.unm.edu). I used the following keywords in different combinations 

to search for articles: owl, diet, prey, available, small mammal, pellet, and trap. I found 

additional studies in the literature cited sections of published studies. I included studies 

using pellets collected from any owl species of the Strigidae and Tytonidae families, 

making this review broadly applicable to nocturnal and crepuscular owls (Errington 

1930; Glue 1970).  

To avoid false comparisons between mammal diversity estimates from owl pellets 

and traps, I used only studies that made direct comparisons when the two methods were 

used concurrently within the potential foraging range of owls. I found 73 studies that met 

these criteria, of which 27 reported sufficient data for use in my analysis; three of these 

studies collected pellet samples from multiple owl species. For my analyses, the pellet 

contents of each owl species were compared to the trapping results of the same study, 

resulting in 32 useable comparisons involving 14 different owl species (Table 2.1).   
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Table 2.1 Summary of owl diet-prey availability studies used for analysis, including owl species (As. = Asio, At. = Athene, B. 

= Bubo, S. = Strix, T. = Tyto), study habitat (A = agriculture, F = forest, G = grassland, M1 = mix of agriculture and grassland, 

M2 = mix of agriculture and forest, M3 = mix of grassland and forest, M4 = mix of agriculture, grassland or forest), mammal 

species richness rarefied to the lowest sample size (with raw species richness in brackets) of each study estimated from owl 

pellets (pellet) and traps (trap), Jaccard similarity index, Bray-Curtis similarity index, and Spearman  correlation coefficients 

(with P values) standardized to the lowest sample size used in each study.  

Study Owl species Country 
Study 

habitat 

Pellet 

richness 

Trap 

richness 
Jaccard  

Bray-

Curtis  

Spear

man  

p 

value 

Andrade et al. 2010 At. cunicularia Argentina G  4 (6) 4 0.40 0.48 0.13 0.81 

Block et al. 2005 S. occidentalis USA F 3 9 0.09 0.00 -0.76 0.01 

Bochenski 1990 S. aluco Poland A 9 (10) 5 0.56 0.13 0.30 0.41 

Bonvoccino & Bezerra 2003 T. alba Brazil M4 7 9 (10) 0.42 0.38 -0.14 0.67 

Canova 1989 As. otus Italy F 6 (7) 6 0.86 0.75 0.83 0.02 

Capizzi et al. 1998 T. alba Italy M2 8 5 0.80 0.68 0.90 0.08 

Capizzi et al. 1998 S. aluco Italy M2 8 5 0.60 0.62 0.50 0.45 

Capizzi et al. 1998 As. otus Italy M2 4 (5) 5 0.44 0.66 0.30 0.43 

Clulow et al. 2011 T. longimembris Australia M3 1 1 0.44 0.69 0.71 0.03 

Colvin & Spaulding 1983 As. flammeus USA A 2 (3) 2 1.00 0.35 0.50 1.00 

Dickman et al. 1995 B. africanus Botswana F 5 8 0.67 0.67 0.48 0.19 

Figueroa et al. 2009 T. alba Chile A 6 (8) 7 0.78 0.78 0.66 0.05 

Figueroa et al. 2009 As. flammeus Chile A 8 (9) 7 0.43 0.28 0.12 0.80 

Gaisler et al. 1996 B. bubo 
Czech. 

Rep. 

F 6 (7) 3 0.33 0.50 0.49 0.18 
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Gaisler et al. 1996 S. aluco 
Czech. 

Rep. 

F 9 3 0.50 0.10 0.42 0.20 

Gaisler et al. 1996 As. otus 
Czech. 

Rep. 

F 6 (11) 3 0.83 0.61 0.82 0.05 

Glue 1967 T. alba England M4 5 (6) 5 0.80 0.64 0.85 0.00 

Granjon et al. 2002 T. alba Mauritania G 8 (9) 9 0.57 0.44 0.58 0.02 

Gubyani et al. 1992 T. alba USA A 13 (16) 8 0.56 0.79 0.41 0.11 

Hanney 1963 T. alba DR Congo A 16 9 0.57 0.27 -0.81 0.03 

Happold & Happold 1986 T. capensis Malawi G 6 5 1.00 0.62 0.55 0.33 

Jaksic et al. 1999 T. alba Chile M4 5 5 0.67 0.53 0.30 0.34 

Luiselli & Capizzi 1996 T. alba Italy M3 11 9 0.63 0.56 0.39 0.34 

Martinez & Jaksic 1997 S. rufipes Chile F 8 5 1.00 0.90 0.50 1.00 

McDonald et al. 2013 T. tenebricosa Australia F 3 3 0.55 0.33 0.40 0.22 

Obuch & Rybin 1993 B. bubo Kyrgyzstan M1 11 6 0.50 0.75 0.50 0.50 

Ogada & Kibuthu 2009 B. capensis Kenya A 3 (4) 2 0.54 0.45 0.40 0.15 

Paradinas & Teta 2007 At. cunicularia Argentina G 11 (14) 8 0.50 0.45 0.35 0.29 

Rocha et al. 2011 T. alba Brazil M2 6 (7) 9 0.73 0.48 0.63 0.01 

Scheibler & Christoff 2007 T. alba Brazil A 12 14 0.83 0.79 0.91 0.00 

Shao & Liu 2008 At. noctua China G 12 10 0.50 0.67 0.47 0.12 

Zawadka & Zawadka 2007 S. aluco Poland M2 11 7 1.00 1.00 N/A N/A 
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2.2.2. Data Collection 

I recorded species abundances identified through owl pellets and conventional 

trapping from each study. Where percentages or densities were provided, I back-

calculated abundances using the total number of individuals when available. To ensure I 

fairly compared small mammal communities between traps and owl pellets, only species 

considered trappable by both methods were included in the analysis. I therefore excluded 

bats from the analysis, and I removed species that were larger than the largest individual 

trapped to account for the inherent limitations of traps based on prey size (i.e., traps only 

sample prey within a certain upper size limit). Where prey species mass was not 

measured during the specific study (n = 20), mean prey species mass was identified from 

a species-level dataset from field studies (Jones et. al. 2009).  Individuals not identified to 

species were excluded from analyses. 

2.2.3. Statistical Analyses 

I calculated three measures of diversity using species abundance tables for owl 

pellets and trapping sessions from each study. Rarefied richness estimates were used to 

standardize sample sizes and provide direct comparison of the relative efficiency of 

sampling mammal species between owl pellets and traps of each study (Gotelli and 

Colwell 2001). Species dominance was estimated using the complement of Simpson 

diversity (1-D), which ranges from 0 – 1 and represents the probability that any two 

individuals chosen randomly belong to different species. This metric is sensitive to 

species richness and changes with the relative abundance of dominant species (Peet 1974; 

Magurran 2004). Species evenness estimated from both methods was compared using the 

probability of interspecific encounter (PIE), which ranges from 0 – 1 and measures the 
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proportion of potential encounters between different species (Hulbert 1971). Species 

abundances were standardized to the lowest sample size used in each study prior to 

estimating species dominance or evenness. I then used two one-sided tests (TOST) of 

equivalence to examine pair-wise similarities in species richness, dominance, and 

evenness of each study. Traditional hypothesis tests normally detect differences between 

groups, rather than similarities. TOST of equivalence identifies equivalence by rejecting 

the null hypothesis of dissimilarity when 95% confidence intervals fall within a specified 

range of similarity (i.e., 25% of the standard deviation; Cole and McBride 2004; 

Robinson and Froese 2004). Richness, dominance, and evenness estimates were square 

root transformed prior to the TOST of equivalence test.  

I used similarity indices to assess the level of agreement in assemblage 

composition between the two sampling methods by making pair-wise comparisons of 

taxonomic diversity and species abundances. Similarity in species presence or absence 

and species rank abundance was assessed using the Jaccard similarity index and 

Spearman  correlation coefficients, respectively (Magurran 2004; Terry 2010). Percent 

species richness identified from either owl pellets or traps alone are also reported. The 

Bray-Curtis similarity index coefficient was used to compare taxonomic composition 

sampled by both methods, but it differs from the previous two composition measures in 

that it incorporates species abundances as well as species richness (Magurran 2004; Terry 

2010). Similarity index values are positively correlated with agreement in taxonomic 

composition between the two methods and range from 0 to 1. Spearman  values range 

from 1 (perfect positive correlation with species rank abundance) to -1 (perfect negative 

correlation with species rank abundance), with 0 indicative of random association in 
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species rank abundance between the sampling methods. All raw mammal abundances 

were standardized to the lowest sample size used in each study prior to calculating 

diversity, similarity indices, and correlation coefficients (± SE). I then used principal 

coordinate analysis (PCoA) to visualize dispersion of variance in assemblage 

composition estimated by owl pellets and trapping based on Bray-Curtis distances 

standardized to the lowest sample size used in each study. These principal coordinates 

were then used in a non-parametric permutation test with 999 permutations to identify 

significant differences in group dispersion between sampling methods (Anderson 2006).  

I used one-way analyses of variance (ANOVA) models and Akaike Information 

Criterion (AIC) model selection to assess the influence of habitat type and owl genus on 

the performance of owl pellets in sampling small mammal composition relative to 

trapping. Response variables included the difference between owl pellets and trap 

estimates of rarefied richness and Bray-Curtis similarity index standardized to the lowest 

sample size used in each study. Explanatory variables included habitat type (i.e., 

agriculture, grassland, forest, or a combination of these) within which each study was 

conducted and the owl genus from which pellets were collected. I then used one-way 

ANOVAs to model the influence of owl genus and habitat type on the difference in 

rarefied richness and the Bray-Curtis similarity index. I used maximum likelihoods from 

all possible subsets of the global model including all parameters to obtain AICc scores 

(corrected for small sample sizes) and build candidate sets of explanatory models for the 

Bray-Curtis similarity index and the difference between sampling methods in rarefied 

mammal richness. The number of parameters (k) for each model was determined as 1 

(intercept model) plus 1 for each model parameter. The most parsimonious model (top 
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model) was that with the lowest AICc score, and models competing as the top model 

were those within 2 ∆AICc units of the top model (Burnham and Anderson 2002). 

I used R Project for Statistical Computing (R Core Team 2013) for statistical 

analyses. I used the Vegan package (Oksanen et al. 2013) to calculate diversity and 

composition metrics, to produce rarefaction curves, and assess homogeneity of 

dispersion. I used the equivalence package (Robinson 2013) to conduct TOSTs of 

equivalence and the MuMIn package (Barton 2014) to conduct the AIC model selection.  

2.3. Results 

Owls sampled identical or higher rarefied richness relative to similar-sized trap 

samples. Rarefied richness estimated from large owl pellet samples (>100 individuals per 

sample) were on average higher than richness estimated from rarefied trap samples, while 

richness estimated from small owl pellet samples (<50 individuals sampled) were similar 

to richness estimated using traps (Fig. 2.1). TOST of equivalence of richness rarefied to 

the lowest sample size used in each study failed to reject the null hypothesis of 

dissimilarity (Δ rarefied richness = 0.20 ± 0.09 SE, p = 0.30), with owl pellets providing 

an average 0.95 ± 0.13 SE additional species compared to traps (mean richness in pellets 

= 7.24 ± 0.62 SE; mean richness in traps = 6.29 ± 0.49 SE; Fig. 2.2a). In contrast, species 

dominance (mean dominance in pellets = 0.43 ± 0.04 SE; mean dominance in traps = 0.39 

± 0.04 SE; Fig. 2.2b) and evenness (mean PIE in pellets = 0.55 ± 0.07 SE; mean PIE in 

traps = 0.54 ± 0.07 SE; Fig. 2.2c) estimated from each sampling method were statistically 

identical (Δ dominance = 0.02 ± 0.03 SE, p < 0.05; Δ PIE = 0.004 ± 0.04 SE, p < 0.05). 
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Figure 2.1 Individual-based rarefaction curves of difference in mean rarefied species 

richness ± SE (error bars) between owl pellets and conventional trapping. Zero (dashed 

line) indicates no difference in rarefied species richness between sampling methods, 

negative means indicate trapping estimated greater rarefied species richness relative to 

owl pellets, and positive means indicate owl pellets estimated greater rarefied species 

richness relative to conventional trapping. 
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Figure 2.2 Average (a) rarefied mammal richness ± SE, (b) average complement of 

Simpson diversity ± SE, and (c) average probability of interspecific encounter ± SE 

standardized to the lowest sample size used in each study identified from owl pellets and 

conventional trapping. Asterix’s (*) indicate significant similarity (p < 0.05) between owl 

pellets and traps.
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 All measures of mammal assemblage composition were in moderate agreement 

between owl pellets and traps. Average Jaccard similarity indices were in highest 

agreement, indicating an average 62% ± 4% SE of species identified in each study were 

sampled by both owls and traps. Of the total species sampled, owls sampled an additional 

2.5 times more species compared to traps (average taxonomic agreement in pellet 

estimates = 30% ± 3% SE; average taxonomic agreement in trap estimates = 12% ± 3% 

SE). Bray-Curtis similarity estimates (average = 0.53 ± 0.04 SE) indicate that these two 

methods sampled mammal species in similar relative abundances from the same mammal 

assemblages. Average Bray-Curtis estimates increased to 0.62 ± 0.04 SE when species 

sampled by only one method were excluded. Agreement in Spearman  correlation was 

lowest between owl pellets and traps (average = 0.41 ± 0.07 SE), indicating the rank 

order of mammal species in owl pellets differs from traps. However, 90% of studies 

found positive agreement in rank abundance of species between sampling methods, with 

31% of correlation coefficients statistically significant at p < 0.05. PCoA showed little 

difference in the multivariate dispersions of mammal composition between studies and 

the averages of each sampling method, with both sampling methods almost identical in 

average variance between methods relative to total variance estimated for each mammal 

assemblage (Fig. 2.3). A permutation test of homogeneity in group dispersions showed 

no significant difference in variance between individual studies and the group means of 

owl pellets and traps (F = 0.93, p = 0.36).     

 Habitat (i.e., grassland, forest, agriculture) and owl genus (i.e., Asio, Athene, 

Bubo, Strix, Tyto) had no influence on the difference in mammal composition estimated 

by owls and traps. One-way ANOVAs and AIC model selection found the null model 
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(i.e., intercept only) as the top model explaining the performance of owl pellets at 

estimating mammal richness and Bray-Curtis similarity estimates (Table 2.2). 

2.4. Discussion 

Owl pellets are more effective than conventional traps at assessing small mammal 

assemblage composition. Owls are characterized as either opportunistic foragers feeding 

on whatever prey is available, or they specialize on particular prey by selecting for 

specific characteristics (e.g., size, vulnerability, conspicuousness, etc.). These foraging 

strategies are thought to have significant implications for prey populations, depending on 

which strategy is most common among predators (Hansson and Henttonen 1988). Diet-

availability studies often find that owls select some prey species over others depending 

on their preferred habitat, average size, morphology, and behavior (Wooster 1936; 

Dickman et al. 1991; Bellocq and Krevatz 1994; Martinez and Jaksic 1997; Bellocq 

1998; Capizzi et al. 1998; Trejo and Guthman 2003; Bueno and Motto 2008; Andrade et 

al. 2010). Active prey selection can theoretically bias small mammal assemblage 

assessments using owl pellets, resulting in erroneous conclusions (Happold and Happold 

1986; Bonvocino and Bezerra 2003). However, estimates from any sampling method will 

be affected by some bias, including trapping estimates (Wiener and Smith 1972; 

O’Farrell 1994). My results suggest that estimates from owl pellets are less biased 

because they capture greater species richness compared to trapping estimates. Thus, the 

potential biases associated with the use of owl pellet analysis do not seriously skew 

mammal assemblage composition estimates compared to traps, indicating that owl pellets 

can be safely adopted for landscape-level studies of small mammal assemblages (Jaksic 

and Yanez 1979; Jaksic and Simonetti 1987). 
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Figure 2.3 Multivariate homogeneity in dispersions of Bray-Curtis distances representing 

differences in mammal composition of studies to the sample method means, representing 

the overall multivariate spread (dotted lines) estimated by owl pellets (dark blue) and 

traps (light blue). 
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Table 2.2 AICc model selection of one-way ANOVA models explaining the variance in 

performance of owl pellets at sampling rarefied mammal richness and Bray-Curtis 

similarity standardized to the lowest sample size used in each study. Explanatory 

variables included habitat type (Habitat) and owl genus (Genus). The number of 

parameters (k) for each model was determined as 1 (intercept) + 1 for each model 

parameter. AIC scores were corrected for small sample size (AICc). Explanatory power 

of each model was assessed relative to the top model (∆AICc), and relative to the whole 

set of candidate explanatory models (wi). 

 Model K AICc ∆AICc wi 

Rarefied 

Richness 

Intercept 

Only 
2 162 0 0.96 

Habitat 5 169 7 0.03 

Genus 6 172 10 0.01 

Habitat + 

Genus 
9 181 19 0.00 

Bray-Curtis 

Similarity 

Index 

Intercept 

Only 
2 1 0 0.88 

Habitat 6 5 5 0.09 

Genus 5 7 6 0.03 

Habitat + 

Genus 
9 14 14 0.00 
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Composition measures show that owls depredate small mammal species in 

slightly different abundances compared to conventional trapping, reflecting the limited 

probability of sampling an entire small mammal assemblage using a single trap and bait 

type.  Small mammal assemblages are often diverse in species exhibiting differing habitat 

and dietary requirements. Several studies have found small mammal diversity is ill-

represented when only a single trap and bait type is used because different trap-bait 

combinations attract different subsets of communities (Wiener and Smith 1972; Williams 

and Braun 1983; O’Farrell et al. 1994). In this review, 73% of studies estimated prey 

availability using single trap-bait combinations, potentially biasing species estimates 

towards those attracted to those trap-bait combinations. In contrast, owls actively search 

for prey while foraging on the wing or from perches (Jaksic and Simonetti 1987; Marti 

1987), particularly at night when most small mammal species are active. Although owls 

see movement in low light conditions, they often rely on sound for detection and location 

of prey (Konishi 1973). Differences in prey size, morphology, or behavior are likely 

indistinguishable based on the sound frequencies made while moving, and these are 

likely irrelevant to a foraging owl. The active nature and method of detecting prey used 

by owls facilitates depredation of a wider range of small mammal diversity (including 

rare or trap-shy species), which is likely based on prey relative abundance within owl 

foraging ranges.  

The spatiotemporal constraints imposed by conventional trapping are easily 

overcome using owl pellets. Trapping often occurs for a limited time (i.e., 4 to 7 days) 

within less than one hectare per study, usually in only a few pre-defined habitat types, 

and is limited to sampling small mammals up to a specific size threshold. These 
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limitations have constrained small mammal studies to investigating only subsets of 

assemblages sampled from very limited spatiotemporal scales (Jorgensen 2004). In 

contrast, owl foraging ranges are typically 500x larger than the average trapping grid 

(average = 571 ha; Peery 2000). These foraging ranges also include mosaics of different 

habitat types, the differential use of which depends on the relative density of prey within 

each habitat type (Pena et al. 2003; Heisler et al. 2013).  Furthermore, owl pellets remain 

intact for months, providing estimates of assemblage composition averaged across 

months to years (Hadly 1999; Terry 2010), increasing the likelihood of capturing rarer 

species. Lastly, in this review owls depredated larger species and a greater range of body 

sizes than those caught by traps (average prey size in pellet samples = 117 g ± 38 g SD, 

average prey size in trapping estimates = 73 g ± 16 g SD). Thus, the prey remains within 

owl pellets are a better representation of small mammal assemblage composition from a 

landscape perspective than that estimated by conventional trapping studies. 

Owl pellets provide an excellent opportunity to investigate small mammal 

assemblages across entire biogeographic regions. Strigidae and Tytonidae owls are found 

worldwide with some species exhibiting global and continental distributions, making owl 

pellet analysis applicable across most continents (Mikkola 2014). Owl pellet analysis is 

also non-invasive, ethically beneficial, and samples are cost efficient to collect compared 

to conventional trapping, making this method more logistically appealing. Considerable 

time and expense are required to quantify mammal remains; however, single pellet 

collections include hundreds to thousands of individuals spatiotemporally averaged 

across habitats within the foraging ranges of individual owls, providing a unique 

perspective on species-habitat associations across entire biogeographic regions. Given 
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these advantages, owl pellets can be used as a powerful tool to investigate landscape-

level small mammal assemblage composition (McDonald et al. 2013), including 

compositional changes in response to climatic variation (Hadly 1999; Heisler et al. 2014), 

species-habitat associations and habitat change (Pena et al. 2003; Heisler et al. 2013), 

species distributional changes, as well as monitoring distributions of endangered or exotic 

species (Clark and Bunck 1991).  

Owl pellets offer tremendous opportunities for enhancing small mammal studies; 

however, we do not advocate the replacement of conventional trapping with owl pellet 

analysis for all types of investigations. There are landscapes uninhabited by owls, and 

thus owl pellets are not a suitable sampling method in these areas. Owls may also exhibit 

habitat preferences within landscapes that can influence the location and habitat 

composition from which owl pellet samples will be available. Owl species distributions 

and their habitat preferences should be investigated prior to adopting owl pellets as a 

sampling method. Lastly, the spatiotemporal averaging of mammal assemblages 

associated with owl pellets effectively dampens the influence of site-specific 

perturbations that are typically evident in investigations using conventional trapping. This 

local perspective has provided valuable insight into the volatility of local populations that 

would not necessarily be evident in estimates from owl pellets (Ernest et al. 2000; Brown 

and Ernest 2002). Thus, while trapping estimates can be spatiotemporally averaged to 

provide a similar landscape-level perspective to what owl pellets provide (albeit at a 

much higher logistical cost; e.g., Grant and Birney 1979; Reed et al. 2006; Rowe et al. 

2007), owl pellets cannot be scaled down to replace conventional trapping for site-

specific investigations of local small mammal communities. In general, we encourage 
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researchers interested in monitoring small mammal assemblages across broad geographic 

regions or landscape-level studies of small mammals to consider using owl pellets as a 

sampling approach. 
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3. HABITAT SPECIALIZATION DOES NOT RELIABLY PREDICT RODENT 

SPECIES’ RESPONSES TO HABITAT LOSS OR FRAGMENTATION ON THE 

NORTHERN GREAT PLAINS 

3.1. Introduction 

Agriculture is the leading cause of biodiversity loss worldwide. It requires the 

conversion of habitat into new land-use types for crop and livestock forage production, 

which reduces vegetation structure and simplifies composition (Benton et al. 2003; 

Connor et al. 2000; Tews et al. 2004; Fahrig et al. 2011). Loss of a single habitat patch 

results in species loss inside and outside the patch itself, reverberating as widespread 

biodiversity loss throughout the surrounding landscape (Burns & Grear 2008; Wilson et 

al. 2016). Over 75% of Earth’s terrestrial land mass shows evidence of land modification 

(Ellis and Ramunkutty 2008), of which 39-50% is due to modern agricultural and urban-

industrial uses (Vitousek et al. 1997; Chapin et al. 2000; Foley et al. 2005). Globally, 

current rates of species extinction are 100-1000x higher than expected from the fossil 

record, indicating Earth’s 6th mass extinction may be underway (Tilman et al. 1994; 

Pimm et al. 1995; Barnosky et al. 2011; Dirzo et al. 2014). A crisis has also been 

identified in which ecological function is threatened in many biomes while under limited 

protection (Hoekstra et al. 2005). Global human population and food demand are 

expected to double by 2050, leading to the need for further land modification and further 

intensification of biodiversity loss and failing biome functions (Tilman et al. 2001; Foley 

et al. 2005; Green et al. 2005; Diaz et al. 2006; Tilman et al. 2011; Cardinale et al. 2012; 

Baudron and Giller 2013; Haddad et al. 2015).  

 The effects of fragmentation, the process by which remaining habitat patches 

become smaller and more isolated as land modification proceeds, on biodiversity is more 
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complex. Fragmentation influences species’ habitat use, dispersal capabilities, 

reproductive fitness, and population persistence differentially (Henle et al. 2004; Wilson 

et al. 2016). Thus, fragmentation changes the composition and spatial configuration of 

habitats at the landscape level (Fahrig 2003; Ewers and Didham 2005). Observed 

population responses to fragmentation are often inconsistent within and among 

taxonomic groups (Bender et al. 1998; Debinski and Holt 2000; Ewers and Didham 2005; 

Tylianakis et al. 2008; Fahrig 2017; Keinath et al. 2017). A recent meta-analysis found 

almost 75% of significant fragmentation effects indicate positive correlations with 

species abundances, further identifying the variable influence of fragmentation on species 

responses to land modification (Fahrig 2017). Fragmentation is also highly correlated 

with habitat loss (Fahrig 2003); species may not respond to fragmentation until a 

sufficient amount of habitat loss occurs to make the change in landscape configuration 

relevant to the species of interest (Andren et al. 1994; Hanski and Ovaskeinan 2002; 

Betts et al. 2007). Population responses to one fragmentation metric may also be 

confounded with habitat loss or other fragmentation metrics. For example, area and edge 

effects can be both synergistic (Ewers and Didham 2007) and independent (Banks-Leite 

et al. 2010), but are often confounded because of their high collinearity (Fletcher et al. 

2005) and scale dependency (Comfort et al. 2016). Population responses among species 

are also interdependent and indirect (e.g., competitive interactions, multi-trophic 

relationships, pathogen infection intensities, mutualisms between plants and animals; 

Tylianakis et al. 2008; Didham et al. 2012; Wilson et al. 2016). Despite this, recent 

assessments of fragmentation effects on biome-wide ecosystem function indicate the 
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immediate need to better understand and act to reduce these effects where they negatively 

affect biodiversity (Haddad et al. 2015). 

 Land modification may homogenize plant and animal communities by favouring 

habitat generalists at the expense of habitat obligates. Habitat specialization is an 

evolutionary strategy for resource acquisition within heterogeneous landscapes. Species 

adapt to either acquire resources within one or a few habitat types and maintain resource 

availability through competition (i.e., habitat obligate), or use a diverse resource base 

across multiple habitats and maintain access through colonization (i.e., habitat generalist; 

Futuyma and Moreno 1988; McKinney and Lockwood 1999; Marvier et al. 2004; 

DeVictor et al. 2008; DeVictor 2010; Clavel et al. 2011). Communities maintaining 

populations of both obligates and generalists are resilient to environmental change 

because species loss from some functional groups are counterbalanced by gains in other 

groups (McNaughton 1977; Chapin et al. 2000; Diaz et al. 2006). This also maintains 

ecosystem function by maintaining redundancy among groups experiencing loss during 

periods of environmental change (Chapin et al. 2000; Virginia and Wall 2001; Hector and 

Bagchi 2007). However, land modification permanently and rapidly homogenizes habitat 

mosaics into highly productive crop monocultures that experience consistent, intra-annual 

disturbances (Benton et al. 2003). Habitat generalists may be more capable of taking 

advantage of this high productivity because of their ability to colonize consistently 

disturbed habitats (Tilman et al. 1994; Wright et al. 2012). In contrast, habitat obligates 

are less flexible in the resource base they can use, and so are more vulnerable to 

disturbances that eliminates habitat (Tilman et al. 1994; DeVictor et al. 2008; Reino et al. 

2014). The resulting generalist-dominated communities may synchronize assemblage 
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responses to environmental change, with implications for ecosystem resilience 

(McKinney and Lockwood 1999; Chapin et al. 2000; Diaz et al. 2006; Clavel et al. 2011; 

Cardinale et al. 2012). 

 Here, I use rodent species responses to land modification to examine whether 

habitat specialization predicts sensitivity of rodent assemblages to habitat loss and 

fragmentation on the northern Great Plains of Canada. Little is known regarding how 

rodent assemblages respond to the fragmentation of remaining habitat in agroecosystems, 

with implications for the ecosystem processes they maintain, including predator 

population regulation (Korpimäki et al. 2004; White et al. 2013), disease and parasite 

prevalence (Ostfeld and Holt 2004), plant diversity through foraging habits (Sieg 1987), 

and soil conditions, nutrient flow, and habitat availability through burrowing activities 

(Grant and French 1980). Population abundance or density is typically estimated using 

conventional trapping, which has logistic constraints that limit studies to patch area and 

isolation effects (Hanser et al. 2011). Few studies have identified rodent species’ 

responses to fragmentation at the landscape level at which fragmentation affects 

population persistence (e.g., Pena et al. 2003; Heisler et al. 2013; Massa et al. 2013; 

Torre et al. 2015). The northern Great Plains of Canada experienced spatially non-

random land modification post-European settlement (Samson and Knopf 1994; Samson et 

al. 2004), resulting in landscapes currently differing in magnitude of grassland loss and 

fragmentation (Gage et al. 2016), which provide ideal conditions for this study.  

I hypothesized that rodent species will respond differently to fragmentation 

depending on the degree of grassland specialization each species exhibits. I predict 

grassland and vegetation obligates will respond negatively to increased loss and isolation 
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of remaining grassland patches, while habitat generalists will either 1) show no response 

because individuals perceive no difference among habitat and land modified for 

agricultural use, or 2) exhibit positive responses to the introduction of highly productive, 

new land-use types and edge habitat providing access to additional resources. 

3.2. Materials and Methods 

3.2.1. Study Area 

Samples were collected across almost 2 million km2 of the mixed-grass prairie 

and aspen parkland of the northern Great Plains in Canada (Figure 3.1). Vegetation of the 

mixed-grass prairie consists mostly of grasses (e.g.,, Agropyron sp., Bouteloua sp., Stipa 

sp.), sedges (i.e., Carex sp.), forbs, club moss (i.e., Selaginella densa), and intermittent 

patches of small shrubs (i.e., Symphoribarpus, Elaiagnus, Prunus, Amelanchier) and trees 

(i.e., Populus, Salix) where moisture permits (Coupland 1961). The aspen parkland 

represents the transition zone between the southern mixed-grass prairie and northern 

boreal forest and is characterized by aspen bluffs (i.e., Populus) and fescue prairie (i.e., 

Stipa festuca; Coupland 1961; Barker and Whitman 1988). Vegetation composition in the 

study area is heavily influenced by local topography, boulder clay soil deposits of varying 

texture, and a continental climate of extreme variation in temperature and precipitation 

with a short growing period of 3-5 months (Coupland 1950).  

Both ecoregions are heavily altered by land modification, through which 

heterogeneous grasslands were converted into a few agricultural land use types of mostly 

crop monocultures, thus decreasing vegetative species composition and structure and 

increasing bare ground (Smoliak 1988). Only 6% and 27% of the aspen parkland and 

mixed-grass prairie, respectively, remain intact (Roch and Jaeger 2014). Most 
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modification occurred between the 1880s and 1940s (Smoliak 1988; Samson et al. 2004), 

but continues today at lower rates. An average annual 2% loss has occurred since 2009 in 

some regions of the Canadian prairies, resulting in an additional 13% loss of grasslands 

remaining (Gage et al. 2016). Land modification was not evenly distributed across the 

study area. Large tracts of grassland remain intact in southeast Alberta and southwest 

Saskatchewan, while over 90% of the grasslands in other regions, such as south of Regina 

Saskatchewan, are heavily modified (Roch and Jaeger 2014; Figure 3.1). This variation in 

agricultural intensification provides an opportunity to examine landscape-level rodent 

species’ responses to grassland loss and fragmentation, with comparisons of responses 

among grassland obligates and habitat generalists. 

3.2.2. Rodent Abundance Estimates 

Rodent species abundances were estimated from great horned owl (Bubo 

virginianus) and burrowing owl (Athene cunicularia) pellets collected across the study 

area. Over the last 20 years, owl nests and ssociated roosts were visited once to several 

times during the breeding season, and all accessible pellets were collected. Great horned 

owl pellets were collected from 207 locations by Alberta’s Environment & Sustainable 

Resource Development Fish & Wildlife division in 2000 and 2001 (Morcus and Engley 

2001), and from an additional 436 locations by the Royal Saskatchewan Museum from 

2008 until 2016. Burrowing owl pellets were collected from 1,179 locations by the Royal 

Saskatchewan Museum and the Canadian Wildlife Service from 1997 until 2016. 
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Figure 3.1 Distribution of burrowing owl (grey dots) and great horned owl (black dots) pellet collection locations in grasslands 

(green) and agricultural land-use types (yellow) in Alberta, Saskatchewan, and Manitoba (lines = provincial boundaries). 

Major cities (i.e., Calgary, Regina, Saskatoon) are given for reference. White areas represent regions outside the study area. 

Inset map provides study area location (black) within North America (grey). Landsat 5 and 7 raster thematic data collected 

circa-2005 reflects the distribution on remaining grassland patches within the agricultural matrix (Canada Centre for Remote 

Sensing 2013). Pellet samples were collected between 1997 and 2016.
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 All pellets were processed to clean the bones and teeth in one of two ways: (1) 

soaked in 10% sodium hydroxide solution for 2 – 3 hours to dissolve the fur from the 

pellets; or (2) soaked in water and manually separated. Prey species were then identified 

by the diagnostic characteristics of craniomandibular elements (i.e., teeth, mandibles, 

skulls), using reference collections from the Royal Saskatchewan Museum and Royal 

Alberta Museum. Species’ abundances were quantified for each collection based on the 

maximum number of right or left mandibles, or the total number of skulls present (i.e., 

minimum number of individuals). The resulting dataset includes 84,196 individuals of 11 

grassland rodent species. 

Owl pellets accumulated over differing amounts of time at each pellet collection 

location, thus requiring standardizing to account for differential sampling effort. Great 

horned owl pellet collection locations were visited once and likely represent owl foraging 

efforts for that year. In contrast, burrowing owl pellet collection locations were visited 

once to several times during the breeding season, and some locations were visited over 

multiple years. To account for these differences, rodent abundances were summed when 

more than one visit was made each year to the same pellet collection location. Each pellet 

sample therefore represents all pellets collected from a single location within a single 

year, hereafter referred to as a sample. To reflect rodent community composition 

accurately and be included in subsequent statistical analyses, each pellet sample also met 

a threshold of the minimum number of individuals identified necessary to reach the 

average prey species richness represented in pellet collections for both owl species (great 

horned owl average prey richness = 4 species; burrowing owl average prey richness = 3 

species; Appendix 3.1). I therefore used great horned owl pellet samples with 30 or more 
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individuals, and burrowing owl pellet samples with 10 or more individuals. A total 323 

great horned owl and 1,061 burrowing owl samples were used in subsequent statistical 

analyses (Appendix 3.1; Table 3.1).  

 Each rodent species was categorized as a grassland obligate or a habitat generalist 

according to its habitat description in Eder and Kennedy (2011; Table 3.1). Grassland 

habitats are dominated by herbaceous and shrub vegetation maintained by fire, grazing, 

drought, and freezing temperatures (Axelrod 1985; White et al. 2000). Vegetation 

composition and structure is largely determined locally by topography, precipitation, and 

soil texture (Epstein et al. 1997; Lane et al. 1998; Hooke and Burke 2000). Here, I use 

species natural history accounts from Eder and Kennedy (2011) to characterize grassland 

obligates as those species selecting for habitat vegetated with a combination of native 

grasses, forbs, and short woody plants, and habitat generalists as those species that 

occupy a variety of habitat types and are not limited by vegetation cover (McKinney and 

Lockwood 1999; Marvier et al. 2004; DeVictor et al. 2008; DeVictor et al. 2010; Clavel 

et al. 2011). 
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Table 3.1 Frequency of presence among samples (N) and abundance of rodent species 

estimated from great horned (GHOW) and burrowing owl (BUOW) pellet samples. 

Characterization as grassland obligates (Grass) or habitat generalists (General) based on 

habitat descriptions in Eder and Kennedy (2011). 

Common Name Habitat 

Specialization 

N Total BUOW GHOW 

Deer mouse 

(Peromyscus maniculatus) 

General 1,363 48,348 24,205 24,143 

Meadow vole 

(Microtus pennsylvanicus) 

Grass 1,182 15,270 8,695 6,575 

Sagebrush vole 

(Lemmiscus curtatus) 

Grass 729 7,790 5,198 2,592 

Northern grasshopper mouse 

(Onychomys leucogaster) 

General 488 2,738 525 2,213 

Olive-backed pocket mouse 

(Perognathus fasciatus) 

Grass 377 1,926 829 1,097 

Richardson’s ground squirrel 

(Urocitellus richardsonii) 

Grass 242 471 230 241 

Northern pocket gopher 

(Thomomys talpoides) 

General 126 648 179 469 

Thirteen-lined ground 

squirrel 

(Ictidomys tridecemlineatus) 

Grass 70 302 26 276 

Prairie vole 

(Microtus ochragaster) 

Grass 29 170 2 168 

Ord’s kangaroo rat 

(Dipodomys ordii) 

Grass 9 27 7 20 

Long-tailed vole 

(Microtus longicaudatus) 

General 6 7 0 7 
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3.2.3. Metrics of habitat loss, fragmentation, and abiotic conditions 

I used several metrics to characterize habitat composition, grassland loss and 

fragmentation, and abiotic conditions surrounding pellet collection locations. Habitat 

composition (i.e., relative proportions of habitat types within landscapes), percent habitat 

loss, and several metrics of grassland fragmentation were quantified across the northern 

Great Plains of Canada from vectorized raster thematic data generated from Landsat 5 

and Landsat 7 ortho-images collected circa-2000 (Centre for Topographic Information 

2010), which were re-rasterized, reclassified to 6 broad land use (i.e., crop, tame forage, 

urban) and habitat categories (i.e., grass, woody, riparian), and resampled to 5 m 

resolution.  

Habitat composition was estimated using the proportion of each habitat type (i.e., 

grassland (GRASS), forest and shrub (WOOD), riparian (RIPARIAN)), and agricultural 

land-use type (i.e., cropland (CROP), tame forage (TAME), urban (URBAN)) within the 

foraging range surrounding each owl pellet collection location (Table 3.2). The influence 

of habitat loss was estimated using the cumulative percentage of the landscape comprised 

of crop, tame forage, and urban developments (LOSS; Table 3.2). Habitat fragmentation 

was characterized using measures of grassland edge density (km/km2; ED), average 

grassland patch perimeter-area ratio (i.e., shape complexity in m/km2; PAREA), average 

grassland patch size (km2; AREA), grassland patch density (number of patches per km2; 

PD), and grassland patch cohesion (i.e., a monotonic index of patch connectivity; COH; 

Table 3.2). 
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Table 3.2 Average (+/- standard deviation) percent habitat loss (LOSS), habitat 

fragmentation (i.e., average grassland patch area (AREA), grassland edge density (ED), 

average grassland patch shape edge to area ratio (PAREA), grassland patch density (PD), 

and grassland patch cohesion (COH)), habitat composition (cropland (CROP), grassland 

(GRASS), perennial livestock forage (TAME), urban development (URBAN), riparian 

areas (WET), and woody vegetation (WOOD), climate (total growing degrees >5 ⁰C 

(GDD5), summer rainfall (RAIN), and winter snowfall (SNOW)), and soil texture (sand 

(SAND)) within a 2.5 km radius from each burrowing owl and great horned owl pellet 

collection location. Fragmentation metrics were taken from VanDerWal 2015. 

Environmental Conditions 

Burrowing 

Owl Foraging 

Range 

Great Horned 

Owl Foraging 

Range 

All  

Pellet Samples 

Habitat 

composition 

GRASS (%) 34.1 (36.1) 17.3 (23.6) 30.2 (34.3) 

CROP (%) 51.9 (34.5) 63.8 (24.2) 54.4 (33.7) 

TAME (%) 11.1 (13.3) 15.3 (17.6) 12.1 (14.5) 

URBAN (%) 2.0 (9.4) 0.6 (2.4) 1.7 (8.3) 

WET (%) 0.5 (1.6) 0.9 (5.6) 0.6 (3.1) 

WOOD (%) 0.4 (1.4) 0.9 (3.3) 1.5 (2.1) 

Habitat 

configuration 

LOSS (%) 65.0 (36.4) 79.8 (26.0)  68.4 (37.8) 

AREA (km2) 1.0 (1.1) 0.5 (0.7) 0.9 (1.03) 

ED (km/km2) 1.1 (1.1) 1.2 (1.2) 1.1 (1.1) 

PAREA (km/km2) 26.6 (54.1) 38.0 (52.8) 29.3 (54.0) 

PD (#/km2) 0.15 (0.18) 0.3 (0.5) 0.2 (0.3) 

COH 7.3 (4.4) 7.2 (4.4) 7.3 (4.4) 

Abiotic 

SAND (%) 30.9 (23.3) 36.7 (19.5) 32.2 (22.6) 

GDD5 (⁰C) 1529.9 (46.6) 1448.4 (106.8) 1510.9 (74.2) 

RAIN (mm) 235.5 (23.8) 242.2 (30.6) 237.1 (25.7) 

SNOW (mm) 116.9 (13.0) 117.8 (17.4) 117.1 (14.1) 
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I used other abiotic variables known to influence small mammal assemblage 

composition across the study area to produce more complete statistical representations of 

landscape-level habitat associations for each rodent species within the study area (1997 – 

2016). I compiled soil texture variables from existing soil survey maps by Agriculture 

and Agri-Food Canada (Soil Landscapes of Canada Working Group 2010; Heisler et al. 

2013). Soil texture was characterized from existing digitized soil survey maps using the 

mean proportion of sand (SAND) in the soils of each owl foraging range surrounding owl 

pellet collection locations (Centre for Land and Biological Resources Research 1996; 

Table 3.2).  

I generated three climate variables from monthly precipitation and temperatures 

averaged over a 30-year period (i.e., 1971-2000; Agriculture and Agri-Food Canada 

2013; Heisler et al. 2013; Heisler et al. 2014). Growing degree days were generated as the 

cumulative temperature above 5 °C from May to September averaged from 1971 to 2000 

(GDD5), while the total annual precipitation from May to September and from October to 

April averaged from 1971 to 2000 characterized summer rainfall (RAIN) and winter 

snowfall (SNOW), respectively (Table 3.2). Lastly, I included habitat composition as the 

proportions of each land-use and habitat type (Heisler et al. 2013). 

 Metrics were calculated within radii varying in distance (i.e., 1 - 4 km at 0.5 km 

intervals) from pellet collection locations to estimate the appropriate scale of effect 

reflecting the foraging distances of burrowing owls and great horned owls from nests and 

associated roosts (Heisler et al. 2013; Appendix 3.2). I used generalized additive models 

(GAMs) with a negative binomial distribution including the most abundant species (i.e., 

deer mouse) as the response and all fragmentation metrics as splines for each radius (see 
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below for model structure). I chose a scale of effect with the least amount of information 

loss, or low Akaike Information Criterion (AIC), in both the burrowing owl and great 

horned owl GAMs so that all further statistical analysis can be done in a single GAM for 

each rodent species. Each metric was therefore estimated within a 2.5-km radius of each 

owl pellet collection location (Appendix 3.2; Burnham and Anderson 2002).  

 I did all rasterizing, reclassifying, resampling, data preparation, and metric 

calculation in R Project for Statistical Computing 3.4.0 (R Development Core Team 

2017). I used the package raster (Hijmans 2016) to read and mosaic tiles, reclassify, re-

rasterize, and resample land cover, as well as prepare soil and climate data. I used 

packages rgdal (Bivand et al. 2017) and raster to read and prepare owl pellet, soil, and 

climate data. I used package spatialEco (Evans 2017) to calculate landscape metrics. 

3.2.4 Statistical analyses 

Non-linear responses of rodent species to fragmentation were identified using 

generalized additive models (GAMs). Land modification for agricultural use is a highly 

correlated, spatially explicit, sometimes non-linear process (Fahrig 2002) that may be 

reflected in rodent species’ responses to fragmentation. GAMs examine both linear and 

non-linear relationships using generalized regression of multiple predictors (Hasti and 

Tibshirani 1990; Wood 2006; Zuur et al. 2009; Zuur 2012). I fit GAMs for each species 

starting with a Poisson distribution and log link to account for positive integers: 

Ri ~ Poisson(µi), where log(µi) = α + f1(LOSSi) + f2(EDi) + f3(log 

AREAi) + f4(PAREAi) + f5(PDi) + f6(COHi) + f7(EDi, LOSSi) + 

f8(AREAi, LOSSi) + f9(PAREAi, LOSSi) + f10(PDi, LOSSi) + f11(COHi, 

LOSSi) + f12(WETi) + f13(WOODi) + f14(SANDi) + f15(GDD5i) + 

f16(RAINi) + f17(SNOWi) + f18(YEARi) + log(IDEDi) 
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where Ri is rodent abundance in the ith observation (pellet sample). The terms f1 – f18 are 

smooth functions of habitat loss (LOSS), grassland edge density (ED), average grassland 

patch size (AREA), average grassland patch shape complexity (PAREA), grassland patch 

density (PD), grassland patch cohesion (COH), percent riparian (WET), percent 

woodland (WOOD), percent sand in soils (SAND), average annual growing degree days 

>5 °C (GDD5), average summer rainfall (RAIN), average winter snowfall (SNOW), and 

the year samples were collected (YEAR). The natural log-transformed sample size 

(IDED) was also included as an offset variable. The restricted maximum likelihood 

(REML) was used to avoid overfitting while estimating smoothing parameters. 

Parameters were penalized to zero and removed from the model during smoothing 

parameter estimation when they had little to no effect on rodent abundance. 

Overdispersion was accounted for by changing distributions to a negative 

binomial distribution when necessary (Zuur et al. 2009; Zuur 2012; Appendix 3.3). 

Species abundance was included as the response. Species absences were included only 

when they were located within the species’ geographic range. To account for high 

concurvity between LOSS and fragmentation metrics (i.e., ED, AREA, PAREA, PD, and 

COH), each fragmentation metric was included as a tensor product (i.e., synergistic 

effect) and tensor product interaction with LOSS (i.e., independent effect; Wood 2006). 

Habitat composition, and soil and annual climate conditions were included to improve 

model fit (Heisler et al. 2013; Heisler et al. 2014). Year was included to account for 

variable environmental conditions among years samples were collected. Total rodent 

individuals per sample was included as a log-transformed offset to account for differing 

sampling effort. Concurvity among all predictors was then assessed; one of each pair 
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showing high concurvity with LOSS or fragmentation metrics was removed from the 

model (Ramsay et al. 2003). 

 Null models for each species included smooth functions of soil texture, annual 

climate conditions, habitat composition, year, and the offset term. Comparisons of the 

fitted and null models using AIC tested for statistical influence of habitat loss and 

fragmentation (Burnham and Anderson 2002). Only models >10 delta AIC units (i.e., 

competing models) from the null model were considered. The variance explained by 

fragmentation of each fitted model was estimated by subtracting the deviance explained 

of the null model from that of the fitted model. Inferences were made only from 

statistically significant predictors using p < 0.001 to account for variability in estimated p 

values (Zuur et al. 2009; Zuur 2012).  

 I did all statistical analyses in R Project for Statistical Computing 3.4.0 (R 

Development Core Team 2017). Generalized additive models were conducted with the 

mgcv package (Wood 2004) or gamlss package (Rigby and Stasinopoulos 2005). 

3.3. Results 

Nine of eleven rodent species responded to metrics of habitat loss and 

fragmentation on the northern Great Plains of Canada. GAMs for long-tailed voles and 

Ord’s kangaroo rats were competitive with their corresponding null models, suggesting 

they did no better at explaining variance in species abundances than random chance 

(Table 3.3). Null models were not competitive for the remaining nine species (Table 3.3; 

see Appendix 3.3 for validation of fitted models of eleven species), of which six were 

grassland and vegetation obligates (i.e., meadow voles, sagebrush voles, olive-backed 

pocket mice, Richardson’s ground squirrels, thirteen-lined ground squirrels, and prairie 
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voles) and three were habitat generalists (i.e., deer mice, northern grasshopper mice, and 

northern pocket gophers). Three species responded to LOSS (i.e., meadow voles, 

northern grasshopper mice, and northern pocket gophers), while all nine species 

responded to at least one metric of fragmentation (Table 3.4). Fitted models accounted 

for <15% of variance in abundance of each species (Table 3.3). 

Only three species (n=9) responded to percent grassland habitat loss (LOSS), 

characterized here by the summed proportions of annual cropland, perennial livestock 

forage, and urban development. Meadow voles, considered a habitat obligate because 

they require vegetative cover, responded negatively to habitat loss, declining linearly in 

abundance as LOSS increased (Figure 3.2a). All other grassland obligates (i.e., sagebrush 

voles, olive-backed pocket mice, Richardson’s ground squirrels, thirteen-lined ground 

squirrels, prairie voles, and Ord’s kangaroo rats) showed no response to LOSS. 

Predictably for a habitat generalist, northern grasshopper mice increased linearly in 

abundance as LOSS increased (Figure 3.2b). Northern pocket gophers, another habitat 

generalist, responded unimodally to LOSS, unexpectedly declining in abundance as 

LOSS increased to 50% and then shifting to an increase in abundance in landscapes 

containing >50% LOSS (Figure 3.2c).
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Table 3.3 Model performance of fitted generalized additive models estimating rodent 

species responses to habitat loss and fragmentation on the northern Great Plains of 

Canada. The number of samples used to model each species’ response (n) differed among 

species because only samples within each species’ geographic range were used. Model fit 

for each species was estimated by subtracting the Akaike Information Criterion (AIC) of 

each fitted model from the AIC of each corresponding null model (∆AIC). Only models 

>10 ∆AIC units from the null model were considered. The strength of each fitted model 

was estimated by deviance explained (DE). The strength of habitat loss and 

fragmentation effects alone in each model was estimated by subtracting the DE of each 

null model from that of each corresponding fitted model (∆DE).  

Species 

Habitat 

specialization n ∆AIC 

∆DE 

(%) 

DE 

(%) 

Deer mouse General 1,384 162 10.5 47.1 

Meadow vole Grass 1,384 60 2.8 51.6 

Sagebrush vole Grass 1,327 141 6.0 37.9 

Northern grasshopper mouse General 1,372 29 2.1 55.1 

Olive-backed pocket mouse Grass 1,094 123 14.6 47.6 

Richardson’s ground squirrel Grass 1,384 16 3.3 25.4 

Northern pocket gopher General 1,384 91 13.3 72.6 

Thirteen-lined ground squirrel Grass 1,384 67 4.7 82.0 

Prairie vole Grass 654 46 4.5 96.6 

Ord’s kangaroo rat Grass 263 -6 n/a n/a 

Long-tailed vole General 265 -1 n/a n/a 
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Table 3.4 Summary statistics for generalized additive models of the influence of habitat loss and fragmentation on rodent 

species abundances across the northern Great Plains of Canada. Predictors include habitat loss (LOSS), grassland edge density 

(ED), average grassland patch size (AREA), average grassland patch shape complexity (PAREA), grassland patch density 

(PD), and grassland patch cohesion (COH). ED, AREA, PAREA, PD, and COH were included in models as interactions with 

LOSS to account for the dependence of fragmentation effects on the presence of habitat loss. Bolded predictors are significant 

at p < 0.001 as identified by the F-statistic (F) and estimated degrees of freedom (EDF). These models form the analytical basis 

for Figures 3.2-3.11. 

Species Predictor Main Effects  Effect Mediated by LOSS 

edf F p value  edf F p value 

Deer mouse LOSS 0.45 0.24 0.11  n/a n/a n/a 

 ED 3.90 3.99 <0.001  7.31 1.45 <0.001 

 AREA 3.00 1.40 0.034  4.35 1.42 <0.001 

 PAREA <0.001 0.00 0.69  13.79 2.60 <0.001 

 PD 1.69 1.54 0.0087  1.19 1.08 0.0017 

 COH <0.001 0.00 0.83  6.44 1.46 <0.001 

Meadow vole LOSS 0.93 13.18 <0.001  n/a n/a n/a 

 ED <0.001 0.00 0.59  <0.001 0.00 0.84 

 AREA 0.91 2.97 0.027  1.18 4.07 0.017 

 PAREA <0.001 0.00 0.61  2.79 6.86 0.030 

 PD 1.028 10.41 <0.001  <0.001 0.00 1.00 

 COH <0.001 0.00 0.60  <0.001 0.00 0.35 

Sagebrush vole LOSS <0.001 0.00 0.37  n/a n/a n/a 

 ED 1.53 7.64 <0.001  6.53 1.35 <0.001 

 AREA <0.001 0.00 0.41  0.0028 0.00 0.24 
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 PAREA <0.001 0.00 0.47  1.044 0.097 0.20 

 PD 0.62 0.40 0.12  <0.001 0.00 0.86 

 COH <0.001 0.00 0.65  5.63 1.69 <0.001 

Northern grasshopper mouse LOSS 0.97 29.44 <0.001  n/a n/a n/a 

 ED 1.54 17.99 <0.001  1.48 2.32 0.11 

 AREA <0.001 0.00 1.00  <0.001 0.00 0.79 

 PAREA <0.001 0.00 0.45  <0.001 0.00 0.50 

 PD <0.001 0.00 0.82  <0.001 0.00 1.00 

 COH <0.001 0.00 0.77  <0.001 0.00 1.00 

Olive-backed pocket mouse LOSS <0.001 0.00 0.56  n/a n/a n/a 

 ED <0.001 0.00 0.35  4.28 14.083 <0.001 

 AREA 0.94 15.83 <0.001  <0.001 0.00 0.62 

 PAREA <0.001 0.00 0.46  3.89 23.91 <0.001 

 PD <0.001 0.00 0.65  1.35 4.90 0.011 

 COH <0.001 0.00 0.95  7.68 40.94 <0.001 

Northern pocket gopher LOSS 1.38 12.49 <0.001  n/a n/a n/a 

 ED <0.001 0.00 0.20  6.41 47.47 <0.001 

 AREA <0.001 0.00 0.94  <0.001 0.00 0.61 

 PAREA 2.16 8.74 0.0071  0.26 0.21 0.39 

 PD <0.001 0.00 0.77  <0.001 0.00 0.55 

 COH <0.001 0.00 0.16  4.063 15.56 <0.001 

Richardson’s ground squirrel LOSS <0.001 0.00 0.38  n/a n/a n/a 
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 ED 1.71 16.97 <0.001  <0.001 0.00 0.89 

 AREA <0.001 0.00 0.99  <0.001 0.00 1.00 

 PAREA 0.60 1.48 0.10  0.47 0.83 0.16 

 PD 0.89 4.72 0.013  0.46 0.82 0.15 

 COH 0.80 3.81 0.89  <0.001 0.00 0.51 

Thirteen-lined ground squirrel LOSS <0.001 0.00 0.36  n/a n/a n/a 

 ED <0.001 0.00 0.82  5.098 22.40 <0.001 

 AREA <0.001 0.00 0.50  0.48 0.70 0.090 

 PAREA 0.064 0.062 0.29  <0.001 0.00 0.70 

 PD 2.24 14.47 <0.001  3.59 11.43 <0.001 

 COH 0.39 0.65 0.092  1.74 8.56 <0.001 

Prairie vole LOSS <0.001 0.00 0.61  n/a n/a n/a 

 ED <0.001 0.00 0.48  <0.001 0.00 0.70 

 AREA <0.001 0.00 0.70  <0.001 0.00 0.57 

 PAREA <0.001 0.00 0.65  <0.001 0.00 0.83 

 PD <0.001 0.00 0.35  2.23 38.61 <0.001 

 COH <0.001 0.00 1.00  <0.001 0.00 0.86 
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Figure 3.2 Estimated effect of percent habitat loss (y axis) on (a) meadow vole, (b) 

northern grasshopper mouse, and (c) northern pocket gopher abundances across the well-

represented range of percent habitat loss observations (x axis). Habitat loss includes 

annual cropland, perennial livestock forage, and urban and industrial development. Solid 

lines are modeled trends on the scale of the linear predictor, shaded grey areas are 95% 

confidence intervals, dotted line represents average abundance across the study area, and 

black ticks along the x axis are observed values of percent habitat loss.  
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Most species (excluding meadow voles and prairie voles) responded to the 

synergistic or independent effects of grassland edge density, or both, which includes only 

edge habitat adjacent to grassland patches. Four grassland obligates (n=6) responded 

unimodally to a gradient of increasing grassland edge density (ED). Sagebrush voles and 

Richardson’s ground squirrels both increased in abundance with increasing ED until a 

threshold of ~2–3 km/km2 ED was reached, above which their abundances declined 

(Figure 3.3). One notable exception was found when edge effects on sagebrush vole 

abundance were estimated independent of LOSS. Higher sagebrush vole abundance was 

observed in landscapes containing >5 km/km2 ED and 20-60% LOSS, suggesting 

mediation between synergistic and independent edge effects on sagebrush vole 

populations (Figure 3.4a). Oddly enough, ED appears to mediate olive-backed pocket 

mouse and thirteen-lined ground squirrel responses to increasing LOSS. In landscapes 

containing >3 km/km2 ED, olive-backed pocket mouse abundance was relatively low 

until ~20% LOSS, increased between 20-70% LOSS, and then declined to zero again at 

>70% LOSS (Figure 3.4b). Thirteen-lined ground squirrel abundance can also be 

characterized by an undulating pattern of consistently below-average abundance in 

landscapes containing 2-5 km/km2 ED (Figure 3.4c).  
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Figure 3.3 Estimated effect of grassland edge density (y axis) on (a) sagebrush vole and 

(b) Richardson’s ground squirrel abundances across the range of observed grassland edge 

densities present in this study area (x axis). Solid lines are modeled trends on the scale of 

the linear predictor, shaded grey areas are 95% confidence intervals, dotted line 

represents average abundance across the study area, and black ticks along the x axis are 

observed values of grassland edge densities. 
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Figure 3.4 Estimated effect of grassland edge density, independent of percent habitat loss 

(y axis), on (a) sagebrush vole, (b) olive-backed pocket mouse, and (c) thirteen-lined 

ground squirrel abundances across the range of observed grassland edge densities in the 

study area (x axis). Black contour lines represent modeled trends on the scale of the linear 

predictor, positive effects on species abundance are shaded light grey and negative effects 

are shaded dark grey.  
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 All three habitat generalists responded to grassland edge density. Deer mouse 

abundance held relatively constant until a threshold ~3 km/km2 ED, above which their 

abundance unexpectedly declined (Figure 3.5). When edge effects were examined 

independent of habitat loss, average deer mouse abundance occurred in most landscapes 

regardless of ED or LOSS, except where >5 km/km2 ED and 40-70% LOSS occurred 

(Figure 3.6). Similarly, northern pocket gopher abundance was average to below-average 

regardless of ED or LOSS except in landscapes containing >6 km/km2 ED and 50-70% 

LOSS (Figure 3.7). Northern grasshopper mice responded unimodally to ED synergistic 

with LOSS; their abundance was above average in landscapes containing ~3 km/km2 ED 

(Figure 3.8). 
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Figure 3.5 Estimated effect of grassland edge density (y axis) on deer mouse abundance 

across the range of observed grassland edge densities in the study area (x axis). Solid line 

represents modeled trend on the scale of the linear predictor, grey shade is 95% 

confidence intervals, and black ticks along x axis are observed grassland edge densities.   
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Figure 3.6 Estimated effect of grassland edge density, independent of percent habitat 

loss (y axis), on deer mouse abundance across the range of observed grassland edge 

densities in the study area (x axis). Black contour lines represent modeled trends on the 

scale of the linear predictor, positive effects on species abundance are shaded light grey 

and negative effects are shaded dark grey.  

  



82 

 

 
Figure 3.7 Estimated effect of grassland edge density, independent of percent habitat 

loss (y axis), on northern pocket gopher abundance across the range of observed 

grassland edge densities in the study area (x axis). Black contour lines represent 

modeled trends on the scale of the linear predictor, positive effects on species abundance 

are shaded light grey and negative effects are shaded dark grey.  
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Figure 3.8 Estimated effect of grassland edge density (y axis) on northern grasshopper 

mouse abundance across the range of observed grassland edge densities in the study area 

(x axis). Solid line represents modeled trend on the scale of the linear predictor, gray 

shade is 95% confidence intervals, dotted line represents average abundance across the 

study area, and black ticks along x axis are observed grassland edge densities.  
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Several species also showed mixed responses to decreasing grassland patch 

cohesion (COH), an index estimating the level of connectivity among remaining 

grassland habitat patches, which increases monotonically from zero (i.e., a single 

contiguous grassland landscape) as grassland habitat is subdivided and isolated until an 

asymptote is reached at which no grassland habitat remains (i.e., 100% LOSS; McGarigal 

et al. 2002). Three habitat obligates responded to COH. Sagebrush vole abundance where 

COH = 3-8 (i.e., some degree of connectivity) shifted from below average in landscapes 

containing <40% LOSS to above average where 40-80% LOSS occurred (Figure 3.9a). 

Thirteen-lined ground squirrel abundance was below average regardless of COH or 

LOSS, but especially in landscapes containing >90% LOSS (Figure 3.9b). Olive-backed 

pocket mouse abundance where COH = 2-9 (i.e., some degree of connectivity) declined 

from above average in landscapes containing <20% LOSS to average abundances where 

>20% LOSS occurred, falling below-average where >80% LOSS occurred (Figure 3.9c). 

I observed similar responses among habitat generalists, with each species responding 

differently to COH. Deer mouse abundance where COH = 2-8 increased from below 

average where <20% LOSS occurred to above average where >40% LOSS occurred 

(Figure 3.10a). In contrast, northern pocket gopher abundance where COH = 4-7 shifted 

from above average in landscapes containing <90% LOSS to below average where >90% 

LOSS occurred (Figure 3.10b).  
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Figure 3.9 Estimated effect of grassland patch cohesion, independent of percent habitat 

loss (y axis), on (a) sagebrush vole, (b) thirteen-lined ground squirrel, and (c) olive-

backed pocket mouse abundances across the range of observed grassland patch cohesion 

(x axis). Black contour lines represent modeled trends on the scale of the linear predictor, 

positive effects on species abundance are shaded light grey and negative effects are 

shaded dark grey. 
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Figure 3.10 Estimated effect of grassland patch cohesion, independent of percent habitat 

loss (y axis), on (a) deer mouse and (b) northern pocket gopher abundances across the 

range of observed grassland patch cohesion (x axis). Black contour lines represent 

modeled trends on the scale of the linear predictor, positive effects on species abundance 

are shaded light grey and negative effects are shaded dark grey. 
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Predictably, habitat generalists did not respond to grassland patch density (PD), 

but three grassland obligates responded to its synergistic effects or its effects independent 

of LOSS. Meadow voles responded unimodally with their highest abundances occurring 

where PD = ~2 patches/km2 (Figure 3.11a). Thirteen-lined ground squirrels responded 

unimodally to PD as well, but their abundances were lowest where PD = ~2 patches/km2 

(Figure 3.11b). When examined independent of LOSS, thirteen-lined ground squirrel 

abundance was below average regardless of COH or LOSS but elevated in landscapes 

containing at most 1 patch/km2 PD (Figure 3.12). Prairie voles responded to the 

independent effects of PD alone, exhibiting below average abundance across both PD and 

LOSS gradients except where >3 patches/km2 PD and 70-90% LOSS occurred (Figure 

3.13).  
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Figure 3.11 Estimated effect of grassland patch density (y axis) on (a) meadow vole and 

(b) thirteen-lined ground squirrel abundances across the range of observed grassland 

patch densities (x axis). Solid line represents modeled trend on the scale of the linear 

predictor, grey shade is 95% confidence intervals, dotted line is average abundance 

across the study area, and black ticks along x axis are observed grassland edge densities.   
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Figure 3.12 Estimated effect of grassland patch density, independent of percent habitat 

loss (y axis), on thirteen-lined ground squirrel abundances across the range of observed 

grassland patch densities (x axis). Black contour lines represent modeled trends on the 

scale of the linear predictor, positive effects on species abundance are shaded light grey 

and negative effects are shaded dark grey. 
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Figure 3.13 Estimated effect of grassland patch density, independent of percent habitat 

loss (y axis), on prairie vole abundances across the range of observed grassland patch 

densities (x axis). Black contour lines represent modeled trends on the scale of the linear 

predictor, positive effects on species abundance are shaded light grey and negative effects 

are shaded dark grey. 
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The last two fragmentation metrics, average grassland patch size (AREA) and 

average grassland patch perimeter-to-area ratio (PAREA), elicited population responses 

from olive-backed pocket mice and deer mice alone. Olive-backed pocket mice 

responded to the synergistic effects of AREA by unexpectedly decreasing in abundance 

with increasing grassland patch size (Figure 3.14). Deer mouse abundance shifted in 

landscapes containing 1-3 km2 sized grassland patches from above average where <40% 

LOSS occurred to below average where >90% LOSS occurred (Figure 3.15).  

Increasing PAREA characterizes increasing shape complexity of remaining 

grassland patches (McGarigal et al. 2002). In landscapes containing 100-300 m/km2 

PAREA, olive-backed pocket mouse abundance undulated between below and above 

average along a gradient of LOSS increasing by ~20% intervals (Figure 3.16a). Similarly, 

in landscapes containing >400 m/km2 PAREA, deer mouse abundance undulated between 

above average in 0% LOSS and 70-90% LOSS and below average in 20-50% LOSS and 

100% LOSS (Figure 3.16b). 
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Figure 3.14 Estimated effect of average grassland patch size (y axis) on olive-backed 

pocket mouse abundance across the range of observed average grassland patch sizes (x 

axis). Solid line represents modeled trend on the scale of the linear predictor, grey shade 

is 95% confidence intervals, and black ticks along x axis are observed grassland edge 

densities.   
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Figure 3.15 Estimated effect of average grassland patch size, independent of percent 

habitat loss (y axis), on deer mouse abundance across the range of observed average 

grassland patch sizes (x axis). Black contour lines represent modeled trends on the scale 

of the linear predictor, positive effects on species abundance are shaded light grey and 

negative effects are shaded dark grey. 
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Figure 3.16 Estimated effect of average grassland patch shape (i.e., perimeter-area ratio), 

independent of percent habitat loss (y axis), on (a) olive-backed pocket mouse and (b) 

deer mouse abundances across the range of observed average grassland patch shapes (x 

axis). Black contour lines represent modeled trends on the scale of the linear predictor, 

positive effects on species abundance are shaded light grey and negative effects are 

shaded dark grey. 
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3.4. Discussion 

I found that rodent population dynamics on the northern Great Plains respond 

more to habitat composition and abiotic environmental variation than habitat loss or 

fragmentation at the landscape level. This is the first study to distinguish fragmentation 

effects from those of habitat loss on rodent assemblages. My results found the combined 

effects of habitat loss and fragmentation explained almost 7x less variation in rodent 

species responses relative to habitat composition, soil texture, and annual weather 

variation. Additionally, only three species responded to habitat loss (i.e., meadow voles, 

northern grasshopper mice, and northern pocket gophers) while all species responded to 

at least one metric of habitat fragmentation. The only two studies comparable to mine 

found lower rodent diversity in fragmented landscapes (Massa et al. 2013) and shifts in 

assemblage composition with increasing habitat fragmentation (Pena et al. 2003). Studies 

not including fragmentation effects per se also found strong associations between rodent 

dynamics and habitat composition at the landscape-level (e.g., Heisler et al. 2013; 

Rodriguez and Peris 2007; Torre et al. 2015). However, too few fragmentation studies on 

rodent assemblages have been conducted at the landscape-level to draw definitive 

conclusions, but on the northern Great Plains changeS in habitat configuration appear to 

play minor roles in delineating rodent population responses to landscape-level habitat 

modification for agricultural production. 

Habitat specialization does predict population responses to habitat loss and 

fragmentation among some rodent species. Abundance of meadow voles and thirteen-

lined ground squirrels responded negatively to habitat loss and fragmentation as predicted 

by their higher affinity towards unmodified grasslands, while northern grasshopper mice 
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responded positively as expected for habitat generalists. These results provide further 

evidence that modifying natural habitats for agricultural production has potential to 

threaten some grassland obligate rodents with regional extirpation as landscapes are 

simplified in habitat composition and configuration, shifting rodent assemblages towards 

generalist-dominated communities. This threat persists on the northern Great Plains as 

remaining habitat is converted up to an average 3.5% per year in some regions (Gage et 

al. 2016). Reduced rodent diversity in heavily modified landscapes has implications for 

the ecosystem functions they facilitate among higher trophic levels. For example, 

meadow vole irruptions in this study area are now dampened and less consistent (Poulin 

et al. 2001; Heisler et al. 2014), likely negatively affecting the persistence of many prairie 

predators, including the endangered burrowing owl (Todd et al. 2001) and the short-eared 

owl, a species of special concern (Colvin and Spaulding 1983). Habitat generalists such 

as deer mice and northern grasshopper mice appear to benefit from land modification, 

potentially increasing the prevalence of zoonotic diseases in populated rural areas (Mills 

and Childs 1998; Ostfeld and Holt 2004; Mills 2005; Hjelle and Torres 2010; Jonsson et 

al. 2010). Further research on how landscape-level population responses inform the 

spatial distributions of these rodent species and affect their functional roles in highly 

modified landscapes is needed in this study area and elsewhere. 

Several species responded to fragmentation metrics characterizing habitat 

heterogeneity in landscapes where grasslands remain intact (i.e., <20% LOSS). In these 

landscapes, fragmentation metrics estimate heterogeneity in grassland patch 

configuration amongst a mosaic of other natural habitats (i.e., wetlands, shrubland, aspen 

bluffs, forest patches; Li and Reynolds 1995) instead of fragmentation per se (Andren et 
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al. 1994; Hanski and Ovaskeinan 2002; Fahrig 2003; Betts et al. 2007). For example, 

olive-backed pocket mice responded negatively to intact and heterogeneous landscapes 

(i.e., higher edge density and complex patch shapes) in which grassland patches are 

proximate to each other, while deer mice responded positively to heterogeneous grassland 

landscapes containing larger, less proximate grassland patches. These and several other 

species also responded positively to increasing grassland fragmentation where habitat 

loss occurred, identifying similar responses among rodent species between heterogeneous 

and fragmented landscapes, which has been observed in other studies (e.g., Jonsen and 

Fahrig 1997; Holland and Fahrig 2000; Thies et al. 2003; Holzschuh et al. 2010). This 

may be because the structural complexity of habitat composition in heterogeneous 

landscapes provides a greater diversity of habitat niches through which a higher diversity 

of rodent species can exploit environmental resources (Bazzaz 1975; Tews et al. 2004; 

Stein et al. 2014). Several studies of local-level fragmentation effects on biodiversity also 

observed higher biodiversity in agroecosystems (e.g., MacArthur and Wilson 1967; Lack 

1969; Bazzaz 1975; Allouche et al. 2011). Additionally, Fahrig (2017) recently found 

over half of all significant fragmentation effects were positive, suggesting these effects 

may not be uniformly negative on biodiversity. 

Habitat specialization may not be a definitive indicator of sensitivity to habitat 

fragmentation among some grassland obligate species in this study area. All grassland 

obligates except meadow voles failed to respond to increasing percent habitat loss, while 

meadow voles, sagebrush voles, olive-backed pocket mice, and Richardson’s ground 

squirrels responded positively to increasing grassland fragmentation. These anomalies 

may be due to assuming all habitat obligates are dependent on the availability of a single 
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habitat type. Habitat specialization is a proxy for the trade-off between a species’ ability 

to exploit a range of resources relative to its capacity to use each resource (i.e., ecological 

specialization, or the ‘jack of all trades is a master of none’ hypothesis; MacArthur 1972; 

Clavel et al. 2010). Use of this proxy requires the assumption that the habitat(s) occupied 

by obligates encompass all their required biotic and abiotic conditions, while unoccupied 

habitats are missing key conditions for population persistence (DeVictor et al. 2010). 

Some taxonomic groups exhibit highly ordered responses to habitat fragmentation 

according to each species’ position along habitat specialization gradients (Patterson and 

Atmar 1986; Wright et al. 1988; Nupp and Swihart 2000; Presley et al. 2010), identifying 

habitat specialization as an effective proxy for ecological specialization in some cases. 

Depending on which aspect of fragmentation is under scrutiny, using habitat 

specialization as a proxy for susceptibility to deleterious effects of habitat loss and 

fragmentation may not be appropriate. 

Fragmentation effects inconsistent with predictions of habitat specialization 

gradients may indicate a mismatch between what constitutes habitat for each species and 

how habitat is defined in studies. Habitat is one of the most ambiguous terms used in 

ecology (Hall et al. 1997; Kearney 2006; Bamford and Calver 2014), referring to all 

biotic and abiotic conditions influencing population persistence of a species (Morris 

2003). Comparisons of habitat use among species is facilitated by Hutchinson’s concept 

of the ecological niche, defined as the n-dimensional hypervolume of resources used, 

each of which is represented by an axis (i.e., food, water sources, shelter, parturition sites, 

etc.; Hutchinson 1957). Along each axis, each species displays a wide or narrow 

tolerance or pattern of use relative to other species. A species can therefore be generalist 
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in the use of some resources but specialist in others (Futuyma and Moreno 1988; Clavel 

et al. 2010). Within this context, the use of habitat specialization as a proxy for ecological 

specialization is problematic for some species. Habitat is often used synonymously with 

natural vegetation cover in fragmentation studies (Almeida-Gomez et al. 2015), which 

may not encompass the gradients of resource use most limiting to the species of interest 

in highly fragmented agroecosystems (Fischer and Lindenmeyer 2007; Presley et al. 

2010; Betts et al. 2014). For example, olive-backed pocket mice are thought to be 

restricted to unmodified grassland habitat throughout their geographic range (Hayward 

and Killpack 1956; Banfield 1974; Lampe et al. 1974; Wilhelm et al. 1981) but elevated 

abundances were observed in modified landscapes with high grassland edge densities. 

Large populations of this species may therefore be limited to grassland vegetation in less 

modified landscapes but released from that limitation in modified landscapes where 

individuals may take advantage of increased seed production along grassland-cropland 

edges. Similarly, northern pocket gophers responded negatively to increasing habitat loss 

despite being characterized as a habitat generalist. This fossorial species may not select 

specific habitat type(s) per se but are limited to those that do not experience intra-annual 

soil disturbances like annual cropland (Salt 2000). Future studies should carefully 

consider which dimension of the ecological niche defines specialization for all species 

under study prior to assuming the natural vegetation of the study area appropriately 

characterizes resource limitation among all species (Franklin et al. 2005; Fischer and 

Lindenmeyer 2007; Flynn et al. 2009; Betts et al. 2014). 

The use of habitat specialization as a proxy for ecological specialization may have 

significant implications for biodiversity conservation when used to inform land 
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modification policies in developing countries. The amount of land modified for global 

agricultural production is expected to increase 10–50% by 2050 (Tilman et al. 2001; 

Tilman et al. 2011), most likely in developing countries where the world’s biodiversity 

hotspots remain (Myers et al. 2000; Green et al. 2005). Two strategies, or a combination 

of both, have been proposed to conserve these remaining hotspots: 1) promoting 

agricultural intensification in existing agroecosystems considered low priority for 

biodiversity conservation to save remaining high biodiversity hotspots from land 

modification (i.e., land sparing approach; Green et al. 2005; Phalan et al. 2011; Tilman et 

al. 2011), or 2) preventing further habitat loss by improving crop yields instead of 

continued land modification, maintaining mosaics of natural habitats interspersed among 

agricultural land-use types where biodiversity conservation is a priority (i.e., land sharing 

approach; Foley et al. 2011; Wright et al. 2012; Mendenhall et al. 2014). Habitat 

specialization is now being used to predict biodiversity responses to different 

conservation strategies, with little to no empirical research to assess its reliability for use 

to inform global biodiversity conservation (Green et al. 2005; Cardinale et al. 2012; 

Baudron and Giller 2013). For example, Phalan et al. (2011) found more bird and tree 

species showed lower densities in 1 km2 plots of modified habitat and advocate for land 

sparing to conserve large expanses of intact natural habitat elsewhere. In contrast, Wright 

et al. (2012) found not all species maintain high population densities in natural habitats, 

but some species are now reliant on agricultural land-use types showing high densities in 

heavily modified agricultural areas. Both studies fail to recognize those species whose 

population persistence is limited by biotic or abiotic conditions not defined by vegetation, 

including grassland habitats and agricultural land-use types. My study finds species 
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exhibit complex, sometimes contradictory responses to habitat fragmentation dependent 

on the magnitude of habitat loss that has occurred that may not be predicted by habitat 

specialization. Use of habitat specialization to predict anthropogenic impacts on 

biodiversity should be done with caution considering the finality of land modification. 
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3.6. Appendices 

3.6.1. Appendix 1: Minimum Sample Size 

Representative community composition estimates depend on sampling enough of 

the community to capture each species’ abundance relative to all other co-existing 

species. Each sample used in statistical analyses therefore must meet a threshold 

representing the minimum sample size necessary to estimate the average rodent richness 

making up the vertebrate diet of both owl species. Average rodent richness was 2.59 +/- 

0.03 SE species and 3.39 +/- 0.07 SE species among burrowing owl (Athene cunicularia) 

and great horned owl (Bubo virginianus) samples, respectively. Averages were rounded 

up to the nearest integer because species can be counted only as such and average 

richness was likely under-estimated here. These averages were used as thresholds 

identifying the minimum number of individuals needed in each sample to estimate rodent 

assemblage composition at that location. This was done by plotting rodent richness 

against increasing sample size (i.e., 0 to 400 individuals by intervals of 10 individuals) 

and identifying where sample size intersects average rodent richness in each owl’s diet 

(Figure 3.9). I therefore used burrowing owl samples with a minimum 10 or more 

identified individuals and great horned owl samples with a minimum 30 or more 

identified individuals in subsequent statistical analyses.  
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Figure 3.17 Change in average rodent richness with increasing sample size of burrowing 

owl (black) and great horned owl (grey) samples. Solid lines indicate average rodent 

richness observed at each sample size interval. Dashed lines indicated average rodent 

prey richness among samples from each owl species. 
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3.6.2. Appendix 2: Scale Optimization 

Environmental conditions vary spatiotemporally; those most limiting to a species’ 

population(s) are of greatest concern for the conservation of that species. Identifying 

which conditions are most limiting requires assessing their effects at the appropriate 

temporal and spatial scale(s) (Wiens 1989; Blackburn & Gaston 2002; Wheatley and 

Johnson 2009; McGill 2010; DeCesare et al. 2012). This involves comparing the fit of 

statistical models differing only in spatial resolution (i.e., scale optimization; Mayor et al. 

2009; Wheatley and Johnson 2009; McGarigal et al. 2016). Spatial resolution refers to 

the ratio of the grain of individual observations to the extent of the study (i.e., scale), 

which needs to be relevant to the ecological process of interest. In this chapter, I used 

abundance estimates of several rodent species from prey remains in owl pellets to 

identify population responses to habitat loss and fragmentation. My ability to detect these 

responses relies on estimating fragmentation effects using the spatial scale within which 

species’ responses occur (i.e., scale of effect), otherwise I risk missing or 

misappropriating the most limiting fragmentation effects (McGarigal et al. 2016).  

I identified the scale of effect for each owl species by comparing measures of 

model fit among 9 generalized additive models (GAMs; Zuur et al. 2012) differing only 

in the spatial resolution at which fragmentation metrics were estimated (Mayor et al. 

2009; McGarigal et al. 2016). I rasterized 60 ESRI land cover shapefiles (circa-2000; 

Centre for Topographic Information 2010) and resampled each to a 5 m pixel size, the 

smallest possible with the computational power available to me, which is well within the 

dispersal capabilities of all rodent species considered here (Bowman et al. 2000). The 25 

land cover types of the original shapefiles were then reclassified into 6 broad land use 
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and habitat categories (Table 3.5) and mosaiced into a single raster layer. Habitat 

fragmentation was estimated from the habitat raster within radii increasing at 500 m 

intervals around each owl pellet collection location from 500-4000 m (Heisler et al. 

2013), producing eight datasets in which each sample has a corresponding list of 

environmental conditions estimated within scales of decreasing spatial resolution. These 

scales represent the range of distances both owl species are likely to fly to forage, 

depending on the distribution of their prey (Baumgartner 1939; Haug and Oliphant 1990; 

Bennett and Bloom 2005). 

To produce each GAM, I used deer mouse abundance as the response variable 

because this species occurred in the largest number of samples. All fragmentation metrics 

were included as penalized splines; no interactions were included. The response was 

offset by the total number of individuals identified per sample to account for differing 

sampling effort among samples. The relationship between deer mouse abundance and the 

environmental conditions included was modeled as a negative binomial distribution. 

Akaike Information Criterion (AIC) were extracted from each model and subtracted from 

the model with the lowest AIC value of the candidate set (Burnham and Anderson 2002). 

I plotted the scale (i.e., radius from pellet collection location) used to estimate each set of 

metrics against its ΔAIC value. One of the lowest ΔAIC was then chosen as the scale of 

effect for both owl species (Figure 3.10). I therefore chose a 2.5 km spatial scale for both 

owl species. 
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Table 3.5 List of original land cover circa-2000 categories (Centre for Topographic 

Information 2010) reclassified into six broad habitat categories for estimating landscape 

composition and configuration metrics. 

Broad Habitat Category Land Cover circa-2000 Category and Description 

Grassland 100:  >20% ground cover, >33% of which is herbaceous 

110:  Uncultivated, native grassland 

Cropland 120:  Cultivated and reseeded to annual or perennial crops 

121:  Cultivated to annual crops 

Tame grass 122:  Cultivated to perennial crops 

Forest 50:    Shrub cover <2m tall 

51:    >20% ground cover, >33% of which is shrub cover ≥2m  

52:    >20% ground cover, >33% of which is shrub cover ≤2m 

210:  Forested or treed areas  

211:  Coniferous forest 

212:  Dense coniferous forest (>60% crown closure) 

213:  Open coniferous forest (26-60% crown closure) 

220:  Sparse coniferous forest (<25% crown closure) 

221:  Deciduous forest 

222:  Dense deciduous forest (>60% crown closure) 

223:  Open deciduous forest (26-60% crown closure) 

230:  Sparse deciduous forest (<25% crown closure) 

231:  Mixed forest 

232:  Dense mixed forest (>60% crown closure) 

233:  Open mixed forest (26-60% crown closure) 

Riparian 80:    Wetland 

81:    Wetland in coniferous, deciduous, or mixed forest 

82:    Wetland in shrubs 

83:    Wetland in herbaceous vegetation 

Urban 34:    Developed land and associated vegetation, including 

roads, railways, paved surfaces, industrial sites, mines, 

farmsteads, and urban areas 
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Figure 3.18 Change in ΔAIC (i.e., lowest AIC subtracted from AIC of all other models) 

with increasing distance from (a) burrowing owl and (b) great horned owl pellet 

collection locations. Lower ΔAIC represents a better model fit; dotted lines represent the 

spatial scale chosen for each owl species.

(a) (b) 
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3.6.3. Appendix 3: Fitting each species’ model 

 Generalized additive models require fitting the most appropriate distribution to 

the observed data to maximize predictive accuracy. Distributions provide templates for 

the mean and variance of the fitted values (i.e., values making up the regression line) 

derived from the observed data included in each model (Zuur et al. 2009; Zuur 2012). 

The distribution of each model was chosen based on characteristics of the observed data. 

A Poisson distribution is used to fit positive integer data, such as abundance, which 

assumes the variance of the observed data is equal to its mean. Where variance is greater 

than the mean (i.e., overdispersed), a negative binomial is used (Zuur et al. 2009; Zuur 

2012). Model fit can be assessed by examining the distribution of model residuals (i.e., 

difference between fitted and observed values). Residuals should be normally distributed 

around each fitted value along the length of the regression line, indicating each observed 

data point falls within an acceptable deviance from its corresponding fitted value (Zuur et 

al. 2010). 

 Models were fit starting with a Poisson distribution, including species abundance 

as the response and all metrics of habitat composition, habitat loss and fragmentation, soil 

texture, climate conditions, and year as predictors. Sample size was included as an offset 

to account for differences in sample size (Zuur et al. 2009; Zuur 2012). The distribution 

was changed to negative binomial if model residuals were dispersed >2 standard 

deviations (Zuur et al. 2009), or a generalized additive model for location, scale, and 

shape (GAMLSS; Stasinopoulos et al. 2017) Concurvity between grassland loss (LOSS) 

and each fragmentation metric (i.e., ED, AREA, PAREA, PD, and COH) was accounted 

for by including them as tensor product interactions with LOSS as well as synergistic 
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effects (Zuur 2012). Percent grassland habitat (GRASS) was removed from all models 

because it showed high concurvity with LOSS and most fragmentation metrics (Ramsay 

2003). Percent annual cropland (CROP), perennial livestock forage (TAME), and urban 

and industrial development (URBAN) were removed because they were cumulatively 

included as LOSS. Basis dimensions were doubled if significant (p << 0.001) and the 

estimated degrees of freedom were similar to the maximum possible (Zuur et al. 2009). 

The overall fit of each model was examined for patterns, kurtosis, and skew in the 

distribution of residuals (Wood 2017). Patterns in residuals indicate some conditions are 

not accounted for in the model (Zuur et al. 2010). Kurtosis indicates the relative influence 

residuals larger than expected will have on the predictive capacity of the model, while 

skew will identify whether those larger residuals are mostly positive or negative (Kim 

2013). 

Eight models were overdispersed and fit best using a negative binomial 

distribution, while the remaining three models fit best using the Poisson distribution 

(Table 3.6). All residual distributions are right skewed, indicating each model likely 

under-predicts species’ abundance (Figure 3.11). Residual distribution for meadow voles 

is more mesokurtic than other species, indicating relatively good model fit (Figure 3.11a). 

Residual distributions of the other ten models are leptokurtic, indicating more residuals 

occur in the tails of each distribution than expected (Figure 3.11). The deer mouse 

(Figure 3.11b) and sagebrush vole (Figure 3.11c) models show similar leptokurtic 

distributions, while the remaining four overdispersed models (i.e., northern grasshopper 

mouse (Figure 3.11d), olive-backed pocket mouse (Figure 3.11e), Richardson’s ground 

squirrel (Figure 3.11e), and northern pocket gopher (Figure 3.11f)) are similar but show 
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increasing right-skew with decreasing sample size per model. Residual distributions of 

the remaining four models (i.e., thirteen-lined ground squirrel (Figure 3.11g), prairie vole 

(Figure 3.11h), Ord’s kangaroo rat (Figure 3.11i), and the long-tailed vole (Figure 3.11j)) 

are under-dispersed in which residual variance is lower than the residual mean. 
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Table 3.6 Summary of the best fitted probability distributions for rodent species 

responses to grassland loss, grassland fragmentation, habitat composition, and soil and 

climate conditions. Choice of distribution (P = poisson (mgcv); NB = negative binomial 

(mgcv); NBI (gamlss)) was based on ∆AIC of global model; distribution of model with 

lower AIC score was chosen (i.e., negative ∆AIC = Poisson; positive ∆AIC = negative 

binomial). Sample size (N) and mean (+/- standard error) of fitted values for each fitted 

model (mu) also provided.  

Species N 

∆AIC 

(P – NB) 

Chosen 

Distribution mu (SE) 

Deer mouse 1,363 11,910 NBI 31.78 (0.67) 

Meadow vole 1,182 5,889 NB 10.13 (0.37) 

Sagebrush vole 729 4,144 NBI 5.66 (0.24) 

Northern grasshopper mouse 488 1,038 NB 1.81 (0.095) 

Olive-backed pocket mouse 377 655 NB 1.71 (0.19) 

Richardson’s ground squirrel 242 162 NB 0.32 (0.0079) 

Northern pocket gopher 126 120 NB 0.50 (0.067) 

Thirteen-lined ground squirrel 70 -4 P 0.22 (0.048) 

Prairie vole 29 3 NB 0.25 (0.068) 

Ord’s kangaroo rat 9 -2 P 0.10 (0.041) 

Long-tailed vole 6 -2 P 0.026 (0.0059) 
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Figure 3.19 Residual distribution of the best fitted (a) meadow vole and (b) deer mouse, (c) sagebrush vole, (d) northern 

grasshopper mouse, (e) olive-backed pocket mouse, (f) Richardson’s ground squirrel, (g) northern pocket gopher, (h) thirteen-

lined ground squirrel, (i) prairie vole, (j) Ord’s kangaroo rat, and (k) long-tailed vole models. 

(a) (b) (c) (d) (e) (f) 

(g) (h) (i) (j) (k) 
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4. OVERLAPPING DIET COMPOSITION INDICATES BURROWING OWLS ARE 

COMPETING WITH GREAT HORNED OWLS FOR VERTEBRATE PREY ON 

THE CANADIAN MIXED-GRASS PRAIRIE 

4.1. Introduction 

Population trends of sympatric species burrowing owls (Athene cunicularia) and 

great horned owls (Bubo virginianus) are inconsistent with one another in the mixed-

grass prairie of Canada. Burrowing owls are a small ground-dwelling owl that occupies 

open habitats with few visual obstructions (Poulin et al. 2011). In 1995, they were listed 

as Endangered by the Committee on the Status of Endangered Wildlife in Canada 

(COSEWIC) following a 90% decrease in populations, a decline that started in the 1990s 

and continues today (Wellicome and Haug 1995; COSEWIC 2017; 2005-2015 BBS trend 

estimate for prairie pothole region = -5.36 (-12.34, 1.73 CI); Sauer et al. 2017). They face 

several threats in Canada, including land modification, agricultural practices, vehicle 

collisions, severe weather, energy and mineral extraction, and problematic interspecific 

interactions (COSEWIC 2017). In contrast, great horned owls are large apex predators 

that forage in the same open habitats, but from higher vantage points such as trees or 

buildings (Schowalter et al. 2002; Bailey 2003; Schowalter et al. 2003; Artuso et al. 

2013). Great horned owl populations remained stable in the prairie pothole region during 

the same period (2005-2015 BBS trend estimate = 0.38 (-1.99, 2.78 CI); Sauer et al. 

2017), suggesting factors driving burrowing owl population decline are not affecting 

great horned owls in the same way. 

Population growth of burrowing owls and great horned owls is affected by prey 

availability, especially during the post-fledgling period. Changing prey density largely 

determines relative prey consumption and reproductive output among both species 
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(burrowing owl: Gleason and Johnson 1978; Silva et al. 1995; Poulin et al. 2001; 

Moulton et al. 2006; Duvall and Whitford 2012; great horned owl: Rusch et al. 1972). In 

the mixed-grass prairie of Canada, previous experimental studies have found that low 

prey abundance limited burrowing owl fledgling survival and yearling recruitment in 

subsequent breeding seasons (Wellicome et al. 1997; Todd et al. 2003; Wellicome et al. 

2013). Houston and Francis (1995) also identified a correlation between great horned owl 

yearling survival and snowshoe hare (Lepus americanus) abundance during the fledgling 

period that affected population growth up to 5 years later. These numeric responses in 

conjunction with diverging population trends indicate prey availability for burrowing 

owls may be affected by factors other than prey abundance within their foraging ranges. 

Great horned owls may contribute to burrowing owl population declines by 

competitively excluding adults from high prey-density habitats in agricultural landscapes 

during the breeding season. Less than 30% of the mixed-grass prairie remains 

unmodified; in many regions this is as isolated patches interspersed throughout an 

agricultural matrix (Samson et al. 2004; Gage et al. 2016; Roch and Jaeger 2014a, b). The 

high yield, simplified vegetation structure of the agricultural matrix homogenizes prey 

communities (i.e., small mammals, songbirds, invertebrates) to a few species that tend to 

occur in high densities on these land-use types (Heisler et al. 2013). Predators, including 

burrowing owls and great horned owls, likely respond by increasing foraging efforts in 

the agricultural matrix relative to grassland patches (Hennin et al. 2010). However, 

burrowing owls may be poor competitors in these landscapes because of their relatively 

small size and low trophic position. These interspecific interactions could play an 

important role in burrowing owl population declines if competitive exclusion is 
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sufficiently widespread to affect fledgling success and subsequent population growth in 

the region.  

Potential for competitive interactions between burrowing owls and great horned 

owls is high in the mixed-grass prairie of Canada. Both owl species have been observed 

nesting within several hundred meters of each other (unpublished observation, LM 

Heisler). Under these circumstances, burrowing owls may avoid competing with great 

horned owls by segregating diel activity or habitat use, or both (i.e., exploitative 

competition). Great horned owls are also capable of taking larger prey (Janes and Barss 

1985) and exhibit intraguild predation (Baumgartner 1939; Nordell et al. 2017), further 

segregating prey based on body size and trophic position (i.e., interference competition). 

These differences in predator morphology (i.e., body size) and behavior (i.e., diel 

activity, trophic position, habitat use) are often reflected in the composition of prey items 

in owl diets (e.g., Marti 1969; Marti 1974; Jaksic and Marti 1981; Knight and Jackman 

1984; Meserve et al. 1987; Marti et al. 1993; Reed 2005; Figuera et al. 2012) and can be 

assessed through pellet analysis (Bird and Bildstien 2007; Heisler et al. 2016).  

Here, I estimate the potential for great horned owls to competitively limit prey 

availability to burrowing owls by estimating the amount of overlap in vertebrate diversity 

and composition between their diets in the mixed-grass prairie of Canada. I also identify 

whether body size, diel activity, or trophic position play a role in segregating what prey 

are available to burrowing owls and great horned owls. I hypothesize that burrowing owl 

diets are less diverse and made up of greater proportions of small, diurnal-crepuscular 

vertebrate prey from low trophic levels relative to the diets of great horned owls (Marti 

1969; Marti 1974; Jaksic et al. 1981; Marti et al. 1993). Finding non-overlapping 
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vertebrate composition would suggest these owl species can co-exist on the same prey 

without direct competition, while overlap would identify the potential for great horned 

owls to competitively exclude burrowing owls from areas of high prey-density, further 

limiting prey availability to this endangered species where home ranges overlap.    

4.2. Materials and Methods 

4.2.1. Study Area 

This study took place in the mixed-grass prairie of southeast Alberta and southern 

Saskatchewan, Canada (Figure 4.1). The region experiences a continental climate of 

extreme variation in average annual temperature (Δ = ~30 ⁰C) and an average annual 

precipitation of 357 mm, with a short annual growing period of 3 – 5 months 

(Environment Canada 2018). Dark brown soils occupy the northern one-third of the 

region, while light brown soils occupy the southern two-thirds, all of which supports 

wheatgrasses (Stipa, Agropyron), forbs, and deciduous shrubs including snowberry 

(Symphoricarpos occidentalis), rose (Rosa spp.), chokecherry (Prunus virginiana), 

Saskatoon (Almelanchier alnifolia), and wolfwillow (Elaeagnus commutata). Blue grama 

grass (Bouteloua gracilis) is also found in the southern mixed-grass prairie (Coupland 

1950; Coupland 1961; Barker and Whitman 1988). This region is heavily modified for 

annual crop and seeded perennial livestock forage; <30% remains as native grassland, 

most of which also supports livestock production (Samson and Knopf 2004). 

4.2.2. Owl Pellet Collection and Standardization 

Owl nests and associated roosts were visited at least once (median = 2; max = 13) 

during the summer breeding season from 1996 to 2016. Pellet collection efforts were 

inconsistent between owl species. Great horned owl pellets were recovered from nests 
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and roosts once per year, likely representing foraging efforts for several months of that 

year. In contrast, burrowing owl nests and associated roosts were visited at least once 

during the breeding season with some locations visited over multiple years (median = 4 

visits per year; max = 23 visits per year). All accessible pellets were collected from each 

location. Alberta’s Environment & Sustainable Resource Development Fish & Wildlife 

division (Mrocos and Engley 2001) and the Royal Saskatchewan Museum collected great 

horned owl pellets from 480 locations between 2000 and 2001. The Canadian Wildlife 

Service and the University of Regina collected burrowing owl pellets from 1,847 

locations between 1996 and 2016. 

Owl pellets were examined to determine prey composition in burrowing owl and 

great horned owl diets. Only vertebrate prey taxa were included in this analysis. 

Invertebrate prey made up negligible proportions of both owls’ diets and were not 

identified to the finest taxonomic resolution in my dataset, and therefore were excluded 

from this analysis. Bones and teeth were separated from the fur in the pellets for easier 

prey identification. This was done by either (1) soaking the pellets in 10% sodium 

hydroxide solution for 2 - 3 hours (Heisler et al. 2013; Heisler et al. 2014), or (2) soaking 

the pellets in water and manually teasing them apart (Bird and Bildstein 2007). Prey 

species were then identified to the finest taxonomic resolution possible by the diagnostic 

characteristics of craniomandibular elements (i.e., teeth, mandibles, skulls) using a 

reference collection provided by the Royal Saskatchewan Museum or Royal Alberta 

Museum. Total abundance was quantified for each location based on the maximum 

number of right or left mandibles, or the total number of skulls present (i.e., minimum 

number of individuals). Mammalian prey that could not be identified to the finest 
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taxonomic resolution made up negligible proportions of either owl species’ diet 

(burrowing owl = 3.4%, great horned owl = 9.2%) and were excluded from analysis.  

Owl pellets accumulated over differing amounts of time at each pellet collection 

location, requiring standardizing to account for differential sampling effort. Rodent 

abundances were summed when more than one visit was made each year to the same 

pellet collection location (Heisler et al. 2013; Heisler et al. 2014). Each datapoint 

therefore represents all pellets collected from a single location within a single year, 

hereafter referred to as a sample. Each sample also differed in the number of individual 

prey identified, some of which likely did not include a sufficient number of prey 

individuals to accurately represent prey composition at that location. Only samples that 

met a threshold for the minimum number of individuals necessary to reach the average 

prey species richness for both owl species (burrow owl average prey richness per sample 

= 4 species; average great horned owl prey richness per sample = 6 species) were 

included in statistical analysis. These samples were identified by calculating average prey 

richness at sample size intervals increasing by 10 individuals until the average species 

richness was reached. I therefore used burrowing owl and great horned owl samples with 

10 and 30 or more individuals, respectively (Appendix 4.1). I then standardized samples 

for uneven sampling effort by dividing each prey abundance by the total number of 

individuals identified in each sample and multiplying by 100 (i.e., percent abundance per 

sample).  
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Figure 4.1 Distribution of burrowing owl (grey circles) and great horned owl (black circles) pellet collection locations in the mixed-

grass prairie (shaded grey) of southeast Alberta and southern Saskatchewan (lines = provincial borders) in Canada, collected between 

1997 and 2016. Major cities (triangles) in Alberta (i.e., Calgary) and Saskatchewan (i.e., Regina and Saskatoon) are given for 

reference. White area indicates ecoregions not representative of the prairie ecotype (i.e., Cypress upland). Inset map provides study 

area location (black) within North America (grey).  
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4.2.3. Statistical Analyses 

I used five metrics to compare prey composition between burrowing owl and 

great horned owl diets: 1) rarefied richness, 2) the compliment of Simpson diversity, 3) 

Jaccard similarity, 4) Spearman’s  correlation coefficient, and 5) Bray-Curtis similarity 

index. Rarefied richness provided a direct comparison of the difference in prey species 

eaten between owl species by standardizing sample sizes to 50 identified individuals 

(Gotelli and Colwell 2001). The compliment of Simpson diversity (1 – D), the value of 

which ranges from 0 to 1, estimated the probability of identifying two different species 

among two randomly chosen individuals (Peet 1974; Magurran 2004). It is sensitive to 

changes in the relative abundance of dominant species. Jaccard similarity and Spearman’s 

 correlation was used to assess congruence in prey species presence and rank 

abundance, respectively. Taxonomic composition through percent abundance was 

assessed using the Bray-Curtis similarity index (Magurran 2004). Jaccard and Bray-

Curtis similarity range from 0 to 1, while Spearman’s  ranges from 1 (perfect positive 

correlation) to   -1 (perfect negative correlation). Prior to estimating each of these 

metrics, differences in the total number of samples collected from each owl species were 

standardized by dividing the total abundance of each prey species in the diet by the total 

number of prey individuals identified in the owl diet multiplied by 100 (i.e., percent 

abundance per diet). Two one-sided tests (TOST) of equivalence with a 25% range of 

similarity were used to detect significant similarity among owl diets in prey species 

richness and species dominance (Cole and McBride 2004; Robinson and Froese 2004). 

Principal coordinate analysis (PCoA) was used to visualize the dispersions of variance 

using Euclidean distances (Anderson 2006). The principal coordinates were used in a 
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non-parametric test with 999 permutations to identify significant differences in dispersion 

between owl diets (Anderson and Walsh 2013). 

Average percent abundance across samples of each prey species, average adult 

body mass (g) of each prey species, and the proportion of species characterized by 

activity time (i.e., nocturnal, diurnal, irregular) and trophic level (i.e., herbivorous, 

omnivorous, carnivorous) in the diets of each owl species were also compared (Jones et 

al. 2009; Eder and Kennedy 2011). TOST of equivalence with a 25% range of similarity 

was used to detect similarity among owl diets in average adult body mass of prey (Cole 

and McBride 2004; Robinson and Froese 2004). Tests of equal proportions were used to 

detect significant similarity in diel activity and trophic position of prey between owl diets 

(Newcombe 1998). 

I used R Project for Statistical Computing (R Core Team 2013) for statistical 

analyses. I used the Vegan package (Oksanen et al. 2013) to calculate diversity and 

composition metrics and assess homogeneity of dispersions. I used the Equivalence 

package (Robinson 2016) to conduct TOSTs of equivalence. 

4.3. Results 

A total 84,710 prey items from 1,450 samples were identified to the finest 

taxonomic classification possible (i.e., class, order, or species), of which 55.7% (n = 

1,172) individuals were eaten by burrowing owls and the remaining 44.3% (n = 278) 

individuals were eaten by great horned owls. House mice (Mus musculus) were found in 

both owl diets but excluded from analysis because they were used in supplemental 

feeding studies on burrowing owls in the study area (Wellicome et al. 1997; Todd et al. 

2003; Wellicome et al. 2013). Both owl species ate mostly mammals, the majority of 
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which were rodents (Table 4.1). Eighty-four percent and 96% of the diets of burrowing 

owls and great horned owls were rodents respectively, while shrews made up another 0.9 

– 1.2%. Rabbits and hares, and carnivores each made up <1% of either owl’s diet, but 

great horned owls ate 87x more carnivores and 4x more rabbits and hares relative to 

burrowing owls (Table 4.1). In contrast, burrowing owls ate 16x more bats (Table 4.1). 

Prey items not identified as mammals made up an additional 15% of the burrowing owl 

diet, but <3% of the great horned owl diet (Table 4.1). Burrowing owls ate 12x more 

birds, 6x more reptiles, 5x more amphibians, and 3x more fish than great horned owls 

(Table 4.1). 
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Table 4.1 Percent of total prey identified in burrowing owl (BUOW) and great horned owl (GHOW) diets after standardizing 

samples for differential sampling effort. Differences in percent abundance of each taxon are provided as a ratio of the highest 

abundance divided by the lowest abundance per taxon (Ratio). Prey items were identified to the finest taxonomic resolution 

possible (i.e., class, order, species). Mammal order is provided where applicable. Mean adult body size (g), activity time (i.e., 

N = nocturnal, D = diurnal, I = irregular), and trophic level (i.e., H = herbivore, O = omnivore, C = carnivore) were taken from 

Jones et al. (2009) or Eder and Kennedy (2011).  

Taxonomic resolution Total Body size 

(g) 

Activity 

time 

Trophic 

level 

Ratio BUOW 

 

GHOW 

 

Rodents 84,300       

Deer mouse  

(Peromyscus maniculatus) 

47,744 20 N O 1.2 51.3 62.0 

Meadow vole  

(Microtus pennsylvanicus) 

14,556 43 I O 1.0 15.2 15.6 

Sagebrush vole  

(Lemmiscus curtatus) 

7,957 28 I H 2.0 12.3 6.2 

Northern grasshopper mouse  

(Onychomys leucogaster) 

2,651 28 N O 5.2 1.2 6.2 

Olive-backed pocket mouse  

(Perognathus fasciatus) 

1,921 11 N H 1.5 2.1 3.2 

Northern pocket gopher  

(Thomomys talpoides) 

651 105 I H 2.0 0.6 1.2 

Richardson’s ground squirrel  

(Urocitellus richardsonii) 

453 325 D H 1.1 0.7 0.8 

Norway rat  

(Rattus norvegicus) 

182 283 I H 2.0 0.1 0.2 

Northern red-backed vole  

(Myodes gapperi) 

50 20 N O 11.1 0.009 0.1 

Muskrat  

(Odantra zibethicus) 

49 991 I O - 0.0 0.2 
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Thirteen-lined ground squirrel  

(Ictydomys tridecemlineatus) 

47 175 D O 1.1 0.8 0.9 

Western jumping mouse  

(Zapus princeps)  

33 27 N O 2.0 0.05 0.02 

Ord’s kangaroo rat  

(Dipodomys ordii) 

30 50 N O 3.0 0.02 0.06 

Prairie vole  

(Microtus ochragaster) 

11 43 N O - 0.0 0.05 

Long-tailed vole  

(Microtus longicaudus) 

4 45 N H - 0.0 0.02 

Meadow jumping mouse  

(Zapus hudsonicus) 

2 18 N O - 0.004 0.0 

Red squirrel  

(Tamisciurus vulgar) 

2 333 I O - 0.0 0.004 

Western harvest mouse  

(Rheithrodontomys megalotis) 

2 11 N O - 0.0 0.001 

Shrews 1,088       

Hayden’s shrew  

(Sorex haydeni) 

808 4 I O 1.1 0.7 0.8 

Cinereus shrew  

(Sorex cinereus) 

142 4 I C 2.0 0.1 0.2 

Dusky shrew  

(Sorex montanus) 

66 7 I O 1.1 0.07 0.08 

Pygmy shrew  

(Sorex hoyi) 

35 3 I C 1.5 0.02 0.03 

Northern short-tailed shrew  

(Blarina brevicauda) 

28 19 N O 3.0 0.02 0.06 

Arctic shrew  

(Sorex arcticus) 

6 8 I C 2.7 0.003 0.008 
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Northern water shrew  

(Sorex palustris) 

3 13 I O - 0.0 0.001 

Carnivores 135       

Least weasel  

(Mustela nivalis) 

95 78 I C 11.1 0.004 0.2 

Short-tailed weasel 

(Mustela erminea) 

27 285 I C - 0.0 0.08 

Long-tailed weasel 

(Mustela frenata) 

9 190 I C - 0.0 0.04 

Domestic cat  

(Felis catus) 

2 2885 I C - 0.0 0.01 

Striped skunk  

(Mephitis mephitis) 

2 2400 N O - 0.0 0.01 

Hares & rabbits 172       

Nuttall’s cottontail rabbit  

(Sylvilagus nuttalii) 

126 802 I H 4.3 0.07 0.3 

White-tailed jackrabbit 

(Lepus townsendii) 

36 3372 N H 2.0 0.05 0.1 

Snowshoe hare 

(Lepus americanus) 

10 1568 N H - 0.0 0.02 

Other 6,995       

Amphibians 3,861 - - - 5.0 8.0 1.6 

Birds 2,871 - - - 12.5 6.7 0.5 

Bats 192 - - - 16.1 0.4 0.02 

Reptiles 68 - - - 6.1 0.2 0.02 

Fish 3 - - - 2.7 0.002 0.0009 

Total 92,690       
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Three metrics of diversity and similarity indicate moderate to high congruence in 

prey diversity and composition between owl diets. Both owl species ate an average of 4 

species when rarefied to 50 individuals (Figure 4.2a) but were statistically dissimilar (Δ 

average = -0.76, df = 383, p > 0.99). Species dominance was significantly similar 

between owl diets (Δ average = -0.01, df = 426, p < 0.001; Figure 4.2b). Moderate 

agreement in taxonomic similarity was also observed (Jaccard = 0.68), indicating 68% of 

prey species that were eaten by both owl species. Great horned owls ate all the same 

burrowing owl prey species except meadow jumping mice, plus an additional 11 species 

(i.e., domestic cats, snowshoe hares, striped skunks, long-tailed voles, prairie voles, long-

tailed weasels, short-tailed weasels, muskrats, western harvest mice, red squirrels, and 

northern water shrews; Table 4.1). High positive agreement was observed in rank 

abundance (Spearman  = 0.79, p < 0.001) and overall community composition (Bray-

Curtis = 0.81). A principal coordinate analysis (PCoA) identifies the complete overlap of 

the great horned owl diet by the burrowing owl diet (Figure 4.3). A permutation test of 

homogeneity in group dispersions found a significant difference in dispersion between 

owl diets (F = 119, p < 0.001). 
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Figure 4.2 Comparison of (a) average prey richness (+/- standard error) rarefied to 50 

individuals and (b) prey taxa dominance (+/- standard error) standardized to 100 

individuals between burrowing owl (BUOW) and great horned owl (GHOW) diets.
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Figure 4.3 Multivariate homogeneity of dispersions of Euclidean distances representing 

differences in vertebrate prey composition between burrowing owl and great horned owl 

diets. Small circles represent the spread of individual samples from burrowing owl (grey) 

and great horned owls (black), while the distance between the large circles indicate 

average difference between burrowing owl and great horned owl diets. Dashed lines 

indicate total multivariate spread of burrowing owl and great horned owl diets. 
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Great horned owls ate larger prey, but prey in both owl species’ diets were similar 

in diel activity and trophic position. The average size of great horned owl prey were 

statistically larger than the prey of burrowing owls (Δ average = -175.8, df = 45, p = 

0.78). Great horned owls ate prey an average 1.6x larger than burrowing owls (burrowing 

owl = 267 g +/- 168 SE, great horned owl = 443 +/- 152 g). Average prey body size in 

burrowing owl diets was likely over-estimated because they are not capable of 

depredating adult white-tailed jackrabbits or mountain cottontail rabbits; however, the 

results did not change when average adult body size was replaced with average juvenile 

body size for these 2 species in the burrowing owl diet (Δ average = -343.90, df = 35, p = 

0.98). Great horned owls also ate 2x the range in prey sizes relative to burrowing owls 

(Figure 4.4). Despite these differences, median prey size was below 50 g for both owl 

species, indicating most great horned owl and burrowing owl vertebrate prey were the 

same relative size. No statistical difference was found among prey diel activity (2 = 

0.12, df = 2, p = 0.94) or trophic position (2 = 1.25, df = 2, p = 0.54) between owl diets. 

Both owl species ate ~43% nocturnal prey, ~10% diurnal prey, and ~47% prey active at 

irregular times of the day (Figure 4.5a). Proportions of herbivorous and omnivorous prey 

were similar between owl diets as well, but great horned owls ate 2x as many carnivores 

(i.e., diet comprised only of vertebrate or invertebrate prey, or both; Figure 4.5b). 
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Figure 4.4 Boxplots of average prey size (g) in burrowing owl (BUOW) and great 

horned owl (GHOW) diets, including median (solid black line), minimum (lower 

whisker), maximum (upper whisker), first quartile (box below median), and third quartile 

(box above median). Abundances of two prey species lay outside the extremes of the 

burrowing owl boxplot (i.e., white-tailed jackrabbit, mountain cottontail rabbit), while six 

prey species lay outside the extremes of the great horned owl boxplot (i.e., domestic cat, 

snowshoe hare, white-tailed jackrabbit, striped skunk, muskrat, mountain cottontail 

rabbit). 
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Figure 4.5 Stacked barplots comparing (a) diel activity and (b) trophic position between 

burrowing owl and great horned owl diets. 
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4.4. Discussion 

There is considerable overlap in the diets of burrowing owls and great horned 

owls despite differences in body size, diel activity, and trophic position. I expected the 

diet of burrowing owls to be significantly lower in prey diversity and comprising greater 

proportions of small, diurnal-crepuscular vertebrate prey from low trophic levels relative 

to the diets of great horned owls (Marti 1969; Marti 1974; Jaksic et al. 1981; Marti et al. 

1993). This was not the case; in this study both owl diets were comprised of >80% 

rodents and most similarity metrics and diversity comparisons were in moderate to high 

agreement. These results indicate burrowing owls eat the same prey as great horned owls, 

identifying the potential for competitive exclusion of burrowing owls from areas of high 

prey-density where their home ranges overlap with great horned owls.  

Some differences in the presence and percent abundance of prey species were 

observed. Little to no overlap in geographic range occurs between burrowing owls and 

two great horned owl prey species (i.e., prairie vole, northern water shrew), explaining 

their absence from the burrowing owl diet. Sagebrush voles are more abundant in the 

burrowing owl diet and likely contributed to the significant difference in diet dispersions. 

The habitat selection of sagebrush voles is not well studied, but they are typically 

associated with short-grass prairie in moderately sandy soils in the study area (Poulin 

2003; Heisler et al. 2013). The prevalence of this species in the diet of burrowing owls, 

which limits nest selection to burrows excavated by mammals in remaining grassland 

patches (Clayton and Schmutz 1999; Poulin et al. 2005), exemplifies the opportunistic 

foraging of this predator (Jaksic et al. 1981; Bellocq and Kravetz 1994; Silva et al. 1995; 

Andrade et al. 2010). In addition, the lack of selection of any foraging habitat type per se 
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observed among great horned owls (Bennett and Bloom 2005; Grossman et al. 2008) 

makes them less likely to encounter sagebrush voles while foraging from high perches 

relative to burrowing owls hovering closer to the ground. This may also explain why 

muskrats and red squirrels, in combination with their relatively large size, were present 

only in the great horned owl diet.   

Why there is greater abundance of western jumping mice and bats in the 

burrowing owl diet and the absence of meadow jumping mice from the great horned owl 

diet is less obvious. Their size, trophic position, diel activity, or the habitats they 

associate with (i.e., grasses and forbs along riparian and wooded edges; Whitaker 1972; 

Hart et al. 2004) provide no discernible reasons for why these prey species are more 

prevalent in the burrowing owl diet. In fact, their saltorial movement should attract the 

attention of ‘sit and wait’ predators such as great horned owls (Martinez and Jaksic 

1997). However, both jumping mouse species evade depredation attempts through a 

series of zig zag hops ~1 m long (Sheldon 1934; Quimby 1951). This evasive maneuver 

in combination with their small size (i.e., 18 – 27 g) may be less effective against 

burrowing owls because this owl species uses a greater diversity of hunting strategies, 

including running prey down on foot (Marti 1974), increasing the availability of jumping 

mice to burrowing owls as prey.  

I can also provide no explanation for why considerably more bats were found in 

the burrowing owl diet. Great horned owls occupy habitats where bats are likely to roost 

(i.e., trees, buildings), have sharper nocturnal vision than burrowing owls (Dice 1945; 

Marti 1974; Braekevelt 1993), and can catch volant prey mid-flight (Baker 1961; Jung et 

al. 2011). Bats should therefore be more available to great horned owls as prey. Bats are 
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not a staple of the burrowing owl diet, but they do depredate them opportunistically. 

Hoetker and Gobalet (1999) found one to several bats per pellet from a pair of burrowing 

owls in California, indicating they took advantage of an accessible supply of bats from a 

nearby building. A future research endeavour could explore the potentially opportunistic 

use of bat roosts as a prey source by burrowing owls in this study area. 

  These results suggest burrowing owls and great horned owls eat differently sized 

prey on the mixed-grass prairie of Canada. Great horned owls eat prey an average 1.6x 

larger than that of burrowing owls, including several large species absent from the 

burrowing owl diet (i.e., domestic cat, snowshoe hare, striped skunk, short-tailed weasel, 

long-tailed weasel, muskrat). This was expected; great horned owls are ~6x larger than 

burrowing owls (Poulin et al. 2011; Artuso et al. 2013) and exhibit sex-size dimorphism 

(McGillivray 1989). Larger predators take advantage of the greater diversity of prey sizes 

available to them (Janes and Barss 1985) while smaller predators are limited to species 

whose sizes are not too energetically costly to subdue and transport (Reed 2005). 

Interestingly, the larger prey eaten by great horned owls did not influence differences 

with burrowing owls in prey species dominance, rank abundance, or percent composition. 

Median prey size of both owl species was also low (i.e., <50 g), indicating that prey eaten 

by burrowing owls and great horned owls are generally of similar small size. Low 

abundance of larger prey species in the study area may limit great horned owls to small-

sized prey (Jaksic and Marti 1981). In the 1970s, great horned owl diets were dominated 

by rabbits and hares in the study area and exhibited numerical responses to changes in 

their abundances (Rusch et al. 1972; Houston 1975; Adamcik et al. 1978). Now, deer 

mouse biomass alone is ~3x higher than the summed biomass of rabbits and hares in the 
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great horned owl diet, suggesting the low availability of rabbits and hares may have led 

great horned owls to eating a greater proportion of small rodent prey.   

Prey diel activity did not differ between burrowing owl and great horned owl 

diets. Both owl diets were composed of mostly nocturnal prey and prey active at irregular 

times of the day. These results were somewhat unexpected; burrowing owl vision is less 

acute in low light conditions (Dice 1945; Marti 1974; Martin 1985; Braekvelt 1993) and 

they have a less pronounced facial ruff for sound amplification relative to great horned 

owls. These sensory adaptations suggest segregation of diurnal and nocturnal prey 

between owl species but overlap in crepuscular prey. Interestingly, previous studies 

(Sissons et al. 2001; Poulin and Todd 2001; Andrade et al. 2010) and results presented 

here find burrowing owls on the mixed-grass prairie do not forage in diel periods that 

optimize the use of their visual acuity, but instead may be foraging when prey availability 

is highest (i.e., crepuscular-nocturnal; Marti et al. 1993). 

Opportunistic foraging on a diverse prey base is an evolutionary strategy that 

burrowing owls may use to persist in variable environments (Cavalli et al. 2014; Scobie 

2015). Here, burrowing owl diets were diverse, including 28 vertebrate species from 5 

taxonomic classes, which is likely an under-estimate because non-mammal species were 

identified to a resolution of class only (Marti 1969; Bird and Bildstein 2007). Numerical 

responses in burrowing owls have been observed following prey irruptions in the study 

area, indicating this predator may follow changes in prey availability closely within its 

foraging range (Poulin et al. 2001). Prey diversity prior to European colonization likely 

consisted of a greater diversity of different-sized prey whose availability differed by 

habitat use and diel activity, remnants of which can be observed in remaining grassland 
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patches (Poulin 2003; Hennin 2010; Heisler et al. 2013). Small vertebrate prey densities 

likely fluctuated among habitat types depending on how weather variation, fire 

frequency, and large herbivore grazing (i.e., plains bison) affected the composition and 

structure of their vegetative habitat (Axelrod 1985; Samson and Knopf 1994; Samson et 

al. 2004; Henwood 2010). This foraging strategy likely insulated burrowing owl 

populations against divergent prey responses to environmental change and stochasticity. 

Agricultural intensification in combination with opportunistic, generalist foraging 

among burrowing owls may facilitate direct competition with great horned owls. 

Declining diurnal small vertebrates (i.e., black-tailed prairie dogs (Cynomys 

ludovicianus), grassland songbirds, Richardson’s ground squirrels; Brennan and 

Kovlesky 2005; Fortney 2013) in grassland patches coupled with elevated densities of 

nocturnal rodents (i.e., deer mice) in the surrounding agricultural mosaic (Poulin 2003; 

Hennin 2010) may shift burrowing owls from diurnal-crepuscular foraging among 

habitats with shorter grasses towards crepuscular-nocturnal generalist foraging in 

agricultural land-use types where prey availability is highest. This shift combined with 

concurrent declines in rabbit and hare abundances (Smith 2004) may also facilitate direct 

competition with great horned owls for the same small-sized mammal prey, especially 

within agricultural landscapes where home ranges overlap (e.g., Jaksic and Marti 1981; 

Jaksic et al. 1981; Knight and Jackman 1984). Great horned owls exhibit intraguild 

predation and sometimes eat burrowing owls and other raptors (Errington 1940; Nordell 

et al. 2017). The remains of burrowing owls were found in great horned owl samples 

from three locations all collected in 2008 (n = 225), indicating depredation is low in this 

study area. Marsh et al. (2014) found burrowing owls forage longer in grassland patches 
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where prey capture rates are low but perform short foraging bouts into cropland where 

capture rates are higher, suggesting a potential trade-off between depredation and 

successful foraging. One possible explanation for this in concert with complete dietary 

overlap is that burrowing owls avoid nesting in great horned owl territories altogether 

(Chang and Wiebe 2018), which are established prior to burrowing owls arriving on the 

breeding grounds (i.e., February – March; Knight and Jackman 1984). Fire suppression 

and the introduction of shelterbelts and agricultural buildings may have improved nest 

and roost site availability for great horned owls across the study area (Murphy 1993). 

Future research may investigate whether burrowing owls avoid great horned owl 

territories and the potential implications for prey availability and subsequent fledgling 

survival in agricultural landscapes. 

Efforts to improve prey availability for burrowing owls may put them at risk of 

competitive exclusion or depredation by great horned owls and other predators in 

modified habitats of predominately grassland landscapes. Burrowing owls are depredated 

by many raptors and mammals including great horned owls, Swainson’s hawks (Buteo 

swainsonii), American badgers (Taxidea taxus), coyotes (Canis latrans), red foxes 

(Vulpes vulpes), and weasels (Wellicome et al. 1997; Clayton and Schmutz 1999; 

Moulton et al. 2006). These predators forage opportunistically in habitats where prey 

availability is highest and are often in higher densities in agricultural land-use types (e.g., 

Šálek et al. 2010). Many conservation programs advocate for reseeding cropland to 

permanent cover of perennial tall grasses and forbs to improve prey availability near 

burrowing owl breeding grounds (Hennin 2010). The effectiveness of these programs will 

likely depend on habitat composition surrounding those breeding grounds. Permanent 
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cover supports higher prey diversity in lower abundance relative to cropland but lower 

diversity in higher abundance relative to remaining grassland patches (Hennin 2010). 

Reseeding cropland may be most effective in industrialized agricultural landscapes where 

patches of permanent cover will support a diverse prey base of low abundance that is less 

likely to attract larger predators relative to the surrounding agricultural mosaic. If placed 

strategically near locations consistently used by breeding pairs, permanent cover may 

increase prey capture rates while reducing foraging flight distances for individual 

burrowing owls (Marsh et al. 2014). In contrast, reseeding cropland to permanent cover 

in landscapes containing remaining large grassland patches may concentrate high prey 

densities in patches near burrowing owl breeding grounds, attracting both burrowing owls 

and their predators. Instead, burrowing owl conservation programs in these landscapes 

may consider identifying and possibly removing vertical structures that may be used as 

roosts or nests by great horned owls to reduce the potential for competition or 

depredation, or both (Clayton and Schmutz 1999). 
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4.6. Appendices 

4.6.1. Appendix 1: Minimum sample size 

 

 

Figure 4.6 Change in species richness with increasing sample size.
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5. INFLUENCE OF PERCENT FOREST COVER NEAR AGRICULTURAL 

BUILDINGS ON THEIR USE AS DIURNAL ROOSTS BY GREAT HORNED 

OWLS 

5.1. Introduction 

Great horned owls (Bubo virginianus) fill a trophic niche that was likely 

unoccupied in treeless regions of the northern Great Plains prior to agricultural 

settlement. Great horned owls are nocturnal raptors capable of subduing large prey 

relative to their size (1-2 kg), hunt from vertical perches, and are silent upon approach 

(Artuso et al. 2013). Field studies describe them as non-migratory residents whose strong 

territoriality reduces interspecific competition and maintains density-dependent 

populations regulated by fluctuating prey abundance (Baumgartner 1939; Rusch et al. 

1972; Houston and Francis 1995; Rohner and Hunter 1996). They exhibit little preference 

among prey species, the composition of their diet typically reflects prey availability 

within their foraging range (Rusch et al. 1972; Heisler et al. 2016). No other raptor 

occupying this region fills this trophic niche. Only two other nocturnal tree-dwelling 

raptors co-exist with great horned owls (i.e., long-eared owl (Asio otus) and northern 

saw-whet owl (Aegolius acadicus)), both of which are much smaller predators; great 

horned owl = 950 – 2000 g (Artuso et al. 2013), long-eared owl = 220-435 g (Marks et al. 

1994), and northern saw-whet owl = 75-100 g (Rasmussen et al. 2008). The home ranges 

of several species at risk intersect those of great horned owls, including burrowing owls 

(Athene cunicularia), ferruginous hawks (Buteo regalis), sage grouse (Centrocercus 

urophasianus), swift fox (Vulpes velox), black-tailed prairie dogs (Cynomys 

ludovicianus), and Ord’s kangaroo rats (Dipodomys ordii; Finley and Finley 2002; 

Schowalter et al. 2002; Gerard et al. 2009; Nordell et al. 2017). These species may not be 
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accustomed to the presence of great horned owls and therefore may have an inordinate 

impact on their population persistence where home ranges overlap. 

Great horned owls expanded their distribution onto the previously treeless 

northern Great Plains following woodland encroachment during agricultural settlement. 

The Great Plains are a semi-arid temperate grassland that historically supported little to 

no forest cover, conditions previously maintained by cyclical droughts, fire regimes, and 

keystone herbivores such as the plains bison (Bison bison bison) and black-tailed prairie 

dogs (Cynomys ludovicianus; Axelrod 1985; Hart and Hart 1997). By the early 20th 

century, both keystone species were extirpated from the region, fire regimes were 

disrupted, and trees and shrubs were planted around farmsteads (i.e., shelterbelts; Samson 

and Knopf 1994; Samson et al. 2004; Henwood 2010). All these activities increased 

forest cover across the northern Great Plains (Archibold and Wilson 1980). An increase 

in great horned owl abundance occurred shortly after. Historical accounts found owl 

abundance increased from rare before the 1940s (i.e., 1 to 4 individuals observed during 

winter) to common by the 1970s (i.e., 10-15 resident individuals; Murphy 1993), and 

remained common thereafter (1966-2015 breeding bird survey (BBS) trend estimate for 

prairie pothole region =       -0.04 (-0.92, 0.81 CI); Sauer et al. 2017). Great horned owls 

are now associated with most farmsteads across the region (e.g., Schowalter et al. 2002; 

Bailey 2003; Schowalter and Court 2003; Poulin and Schowalter 2011). 

The broad resource use characterizing great horned owl habitat selection may 

facilitate roosting in buildings and continued range expansion into remaining treeless 

regions of the northern Great Plains. Great horned owls appear to exhibit plasticity in 

habitat use, occupying all habitat types south of arctic and alpine tree lines in North 
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America (Artuso et al. 2013). Habitat selection studies often find inconclusive or 

conflicting results (e.g., Morell and Yahner 1994; Zimmerman et al. 1996; Ganey et al. 

1997; Smith et al. 1999), suggesting instead the configuration of open and forest habitats 

as important limits on their distribution (Grossman et al. 2008; Atuo and O’Connell 

2017). In addition, great horned owls are relatively insensitive to anthropogenic activity, 

occupying habitat within suburban and industrial environments (Smith et al. 1999; 

Shonfield and Bayne 2017). On the mixed-grass prairie, great horned owls roost in 

buildings dispersed as farmsteads or stand-alone features (Finley and Finley 2002), 

offering additional roosting habitat where forest cover is potentially insufficient.  

Here, I estimated the effect of forest cover on great horned owl selection of 

buildings for roosting. I surveyed buildings for roosting owls within active great horned 

owl territories along 18 100-km transects and estimated percent forest cover within 500 

m of each building. I then compared percent forest cover between used and unused 

buildings and estimated their probability of use relative to available forest cover nearby. I 

hypothesize that great horned owls use buildings for nesting and roosting where forest 

cover is insufficient and predict a decline in building use with increasing percent forest 

cover. 

5.2. Materials and methods 

5.2.1. Study area 

I surveyed buildings for roosting great horned owls in active territories throughout 

the aspen parkland of Saskatchewan, Canada (Figure 5.1) in 2015 and 2016. The 

potential negative effects of great horned owls roosting in buildings is higher on the 

mixed-grass prairie, but forest cover is marginal here and not likely to vary enough for 
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reliable inference. I chose the aspen parkland for my study area because woodlands are 

more prevalent and variable in this ecoregion. This ecoregion experiences an average 

annual temperature range of 34 °C and an average annual 250 mm of rain during a short 

annual growing period of 3 to 5 months (Environment Canada 2018). The aspen parkland 

is a thin (<100 km wide in some areas) transitional zone of trembling aspen (Populus 

tremuloides) bluffs dispersed across fescue grasslands between the northern boreal forest 

and southern mixed-grass prairie (Coupland 1961; Barker and Whitman 1988). This 

region appears to be optimal habitat for great horned owls, which roost in forest patches 

and forage in adjacent open habitats (Bennett and Bloom 2005). 

The fertile black soils of this ecoregion attracted substantial land modification for 

agricultural production in the late 19th century. Over 75% of the fescue grasslands were 

modified for annual crop or perennial livestock forage production (Samson et al. 2004). 

Recent changes in the agricultural sector have promoted farmland consolidation under 

fewer corporate entities and clearing obstructions for efficient use of large equipment, 

producing industrialized landscapes with less forest habitat and fewer vertical structures 

other than farms containing buildings and other infrastructure (Finley and Finley 2002; 

Demarais et al. 2017). Abandoned town sites, farm yards, houses, churches, schools, 

barns, grain bins, and equipment sheds are now interspersed throughout the ecoregion. 

These are ideal conditions for quantifying the effects of available forest cover on great 

horned owl building use for roosting. 
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Figure 5.1 Distribution of buildings surveyed along 100 km north-south transects in 2015 (dark grey points) and 2016 (black points) 

for presence of great horned owls in the aspen parkland (light grey shade) of Saskatchewan, Canada (lines = provincial borders). 

Major cities and towns (i.e., Lloydminster, Regina, Saskatoon, Weyburn, Yorkton) are given for reference.



170 

 

5.2.2. Great horned owl surveys 

Buildings were surveyed for evidence of roosting owls along 18 100 km north-

south transects across the study area in April – May 2015 and March – April 2016. 

Transects were limited to paved highways or gravel roads for efficiency. Each transect 

was >5 km apart to avoid surveying the same owl territories on more than one transect. 

All buildings within 800 m of each transect were considered, but only those accessible 

from the road or within walking distance (~800 m) were approached. Buildings that 

lacked openings large enough for an adult owl to fly through (1x1 m2) were not surveyed.  

Each building was surveyed twice in 24 hours: once at night in reverse order to 

identify buildings in active owl territories and once during the day to identify which 

buildings owls roost in.  Evidence of owls occupying buildings diurnally included the 

presence of an owl or its pellets, large and compact regurgitated prey remains that are 

oblong and grey in color, inside the building or immediately adjacent to entrances (i.e., 

doors, windows, holes in walls). Owl pellets are distinguishable from other raptor pellets 

or mammal feces by their size, shape, and composition (Marti 1973). Surfaces in all 

accessible rooms of each building were searched for pellets. Only intact pellets were used 

as evidence of building use to exclude buildings used more than a year previous to my 

sample year. 

 Each building was surveyed again the following evening by broadcasting a 

territorial call to identify buildings outside great horned owl territories and unavailable 

for roosting. At least one hour elapsed between building surveys and nocturnal 

broadcasts, which began a half hour after sunset and occurred only on nights with 

minimal or no precipitation and average wind velocities <20 km/hr (Takats et al. 2001). 
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Buildings where owls were observed were not surveyed the following night to reduce 

further disturbance. All broadcasts were conducted from the transect directly adjacent to 

each building. Each broadcast consisted of 3 minutes of silent listening, followed by 3 

minutes of broadcasting a great horned owl territorial call in four cardinal directions 

every 45 sec using a FoxPro portable broadcast stereo, followed by another 3 minutes of 

silent listening (Takats et al. 2001). In optimal conditions, broadcasts could be heard up 

to 400 m away from the survey location. The interval (i.e., pre-call, during call, post-call) 

and cardinal direction of all owls detected within the 9-minute broadcast were recorded.  

All diurnal survey and nocturnal broadcast protocols were approved by the 

University of Regina President’s Committee on Animal Care (#15-05). 

5.2.3. Statistical analyses: factors affecting great horned owl detection 

Environmental conditions may have reduced my ability to detect great horned 

owls during nocturnal broadcasts. Ambient noise and the number of vehicles passing 

during broadcasts may have masked calling owls (Takats et al. 2001). Broadcasts also 

occurred perpendicular to buildings from the nearest location along the transect. 

Increasing distance from each building may have reduced the broadcast’s ability to reach 

owls defending territories on the other side of the building. I considered the effects of 

these environmental conditions on owl detection prior to further statistical analysis. 

After each broadcast, I recorded ambient noise level (i.e., 4 levels; intermittent 

soft, intermittent loud, chronic soft, and chronic loud), the number of vehicles that drove 

by during the broadcast, recorded the distance between each building and broadcast 

location. I then fit a generalized additive model (GAM) with a binomial distribution and 
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logit link to estimate the effect of these broadcast conditions on owl detection (Hasti and 

Tibshirani 1990; Wood 2017): 

Pi ~ Binomial(µi), where E(pi) = E(µi) = α + βnoise + f1(disti) + f2(traffici) 

where Pi is the probability of detecting an owl in the ith observation (broadcast survey). 

Ambient noise level (noise) is categorical and therefore included in the model as a 

parametric term (βnoise; 4 levels). The terms f1 and f2 are smooth functions of distance 

between broadcast and building locations (dist) and the number of vehicles interrupting 

the survey (traffic), respectively. Restricted maximum likelihood (REML) was used to 

avoid overfitting while estimating smoothing parameters. Inference was made if 

predictors were statistically significant at p < 0.05. 

I estimated percent forest cover and the GAM in R Project for Statistical 

Computing (R Core Team 2017). I used packages raster (Hijmans et al. 2017), rgdal 

(Bivand et al. 2018), and spatialEco (Evans 2017) to estimate percent forest cover 

surrounding surveyed buildings, and the mgcv package (Wood et al. 2004) to estimate the 

GAM. 

5.2.4. Statistical analyses: effect of forest cover on roosting in buildings 

I quantified forest cover within 500 m of each building using raster thematic data 

collected from Landsat 5 and Landsat 7 orthoimages in 2010 at a 30 m resolution (AAFC 

2015), representing the distance at which my survey is no longer audible. All categories 

of treed and forest habitat were reclassified across the study area into either a ‘forested’ 

or ‘unforested’ habitat category. I then estimated percent forest cover within a 250 m 

radius from each building. Each building, and its corresponding observation of presence 
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or absence of roosting owls, now has a corresponding estimate of percent forest cover 

within 500 m.  

Non-linearity between forest cover and building use was expected, and so were 

differences in environmental conditions between transects, prompting the use of a 

generalized additive mixed model (GAMM). I fit this model using a binomial distribution 

and logit link: 

Bi ~ Binomial(µi), where logit(µi) = f1(foresti) + transecti 

where Bi, the probability of an owl roosting in a building in the ith observation (estimated 

through diurnal surveys), is estimated using percent forest cover as a smooth function and 

transect as a random intercept to account for variable conditions between transects. The 

model was estimated using REML to select the smoothness parameter without 

overfitting. Unused buildings, defined as those available to a nearby owl but not in use 

for roosting (Wiens 1989), are indistinguishable from buildings outside active great 

horned owl territories and therefore may confound forest cover effects on owls selecting 

against some buildings (estimated through diurnal surveys) with the unavailability of 

other buildings for use as roosts (estimated through nocturnal broadcast surveys). 

Buildings outside an owl territory and unused for roosting were therefore excluded from 

further statistical analysis. Buildings at which nocturnal broadcasts were inconclusive 

because of survey conditions were also excluded. The effect of forest cover on building 

use was significant at p < 0.05. The GAMM was built using the mgcv package (Wood 

2004). 

5.3. Results 
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84 buildings were outside active owl territories (identified through nocturnal 

broadcast surveys) and were not used as roosts; these were excluded from further 

statistical analysis. Another 26 buildings were inside active owl territories but remained 

unused, while the remaining 25 buildings inside active territories were used by roosting 

great horned owls. These 51 buildings were used in further statistical analysis, of which 

32% (n = 8) were small storage sheds, grain bins, barns, or abandoned houses and the 

remaining 68% (n = 17) were in yards containing >1 building type. I did not conduct 

nocturnal broadcast surveys at six buildings because I observed owls using them during 

diurnal surveys and wanted to avoid disturbing those owls at night when they are most 

active. 

I used 45 nocturnal broadcasts to identify the effects of ambient noise, traffic, and 

distance between broadcast and building locations on my ability to detect calling owls. 

Median distance between buildings and survey locations was 35 +/- 42 m IQR (Figure 

5.2) and did not significantly affect great horned owl detection during broadcasts (Table 

5.1). A single broadcast occurred >300 m from the target building (Figure 5.2); removal 

of this data point from the model did not change my results (edf = 4.1, 2 = 7.1, p = 0.2).  

Almost half of all nocturnal broadcasts (n = 25) were uninterrupted by traffic, while the 

remaining 44% (n = 20) were interrupted by 1 to 4 passing vehicles (Figure 5.3a). 

Vehicular interruptions also did not significantly affect owl detection during broadcasts 

(Table 5.1). Intermittent ambient noise (e.g., soft: birds, insects, small mammals; loud: 

barking dogs, coughing cows, howling coyotes) was present during 87% (n = 39) of 

broadcasts, while chronic ambient noise (e.g., soft: chorus frogs, running water, rustling 

grass or trees; loud: powerlines, oil rigs, farm machinery, nearby highways) was present 
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during the remaining 13% (n = 6) of broadcasts (Figure 5.3b). Soft chronic noise did 

significantly affect owl detection during nocturnal broadcasts (Table 5.1), but loud 

chronic noise did not (Table 5.1). This discrepancy is likely due to my detecting no owls 

during broadcasts interrupted by loud chronic ambient noise; buildings where broadcasts 

were affected by both soft (n = 4) and loud (n = 2) chronic ambient noise were therefore 

excluded from further statistical analysis.  
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Figure 5.2 Boxplot of distance between nocturnal broadcast and building locations. 
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Table 5.1 Summary statistics for the generalized additive model of the influence of 

ambient noise level (i.e., soft intermittent, loud intermittent, soft chronic, loud chronic), 

traffic count (traffic), and distance between survey and building locations (distance) on 

great horned owl detection during nocturnal broadcast surveys. The estimated degrees of 

freedom (edf), 2 value, and p value are reported for smooth terms and coefficient (+/- 

standard error), z value, and p value are reported for parametric terms. Predictors were 

considered significant at p < 0.05 and bolded.    

Smooth Terms 

 edf 2 p value 

Distance 4.10 6.36 0.27 

Traffic 1.00 0.46 0.50 

Parametric Terms 

 coef (+/- SE) z value P value 

Soft Intermittent 2.98 (2.22) 1.34 0.27 

Loud Intermittent -1.92 (1.14) -1.69 0.091 

Soft Chronic -3.75 (1.90) -1.97 0.049 

Loud Chronic -72.46 (4.75x107) 0.00 1.00 
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Figure 5.3 Percent frequency of surveys affected by (a) zero to four vehicles passing by 

and (b) ambient noise level (i.e., 1 = soft intermittent, 2 = loud intermittent, 3 = soft 

chronic, 4 = loud chronic). 
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All 51 diurnal surveys were used to estimate the effect of percent forest cover on 

the probability of great horned owls roosting in buildings during the day. By removing 

the buildings at which owl presence inside or nearby could not be identified, I confirmed 

the availability of each building as a potential roost to at least one owl nearby. Percent 

forest cover within 500 m of buildings varied 0-28% with a median 4.02% (Figure 5.4) 

and was an average 2.22% (+/- 0.18% SE, n = 45) lower at used buildings (average forest 

cover = 5.48% +/- 1.35% SE) relative to unused buildings (average forest cover = 7.71% 

+/- 1.29% SE). The estimated effect of percent forest cover on building use was not 

statistically significant (edf = 1.75, 2 = 1.42, p = 0.54), but building use does appear to 

decline with increasing percent forest cover until ~15% cover is reached, above which 

building use increases (Figure 5.5). Three of the 45 buildings were surrounded by 4x 

more forest cover than all other buildings with potential to disproportionately influence 

the results of this analysis (Figure 5.4). However, removing these buildings from the 

model did not change the results (edf = 1.00, 2 = 2.21, p = 0.14).    
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Figure 5.4 Boxplot of percent forest estimated within 500 m of surveyed buildings. 
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Figure 5.5 Estimated effect of percent forest cover (y axis) on great horned owls 

selecting buildings for roosting across the range of percent forest cover observation (x 

axis). Solid line represents modeled trend on the scale of the linear predictor, grey shade 

is 95% confidence intervals, and black ticks along x axis are observed grassland edge 

densities.  
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5.4. Discussion 

Little evidence that great horned owls roost in buildings when forest cover is not 

sufficiently available nearby was found. My results were inconclusive, showing a 

negligible, insignificant decline in building use with increasing forest cover up to 15%. 

Post-hoc power analyses suggest my dataset had an 85% probability of detecting a 

significant difference in percent forest cover between used and unused buildings (n = 25, 

Δ = 2.22%, SD = 2.58%, α = 0.05). This may be due to either too little variation in 

percent forest cover or too small a sample size, suggesting forest cover between used and 

unused buildings needed to differ by an additional 0.46% (60% probability of 

significance: Δ = 2.22%, 80% probability of significance: Δ = 2.68%), or an additional 11 

useable samples needed to be collected (60%: n = 25; 80%: n = 11), or both (McDonald 

2014; R Core Team 2017). Therefore, I cannot definitively identify the amount of forest 

cover near buildings as a factor affecting great horned owl building use for roosting 

during the day.  

My inconclusive results may be the result of failing to consider edge effects in 

addition to, or independent of, forest cover on roost site selection. Previous studies are 

inconsistent in determining which is most limiting to great horned owl roost selection: 

forest cover or forest edge (Smith et al. 1999; Grossman et al. 2008; Rullman and 

Marzloff 2014). Each serves a different purpose for these owls. Forest cover is used for 

nesting and roosting during the day while forest edge is used for foraging in adjacent 

open habitat at night (Baumgartner 1939; Morell and Yahner 1994; Ganey et al. 1997). 

Individual responses to either, or both, depend on forest configuration in the landscape 

under study (Grossman et al. 2008). Most of the buildings I surveyed were adjacent to 
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annual cropland or perennial livestock forage fields where rodent densities are artificially 

elevated (Hennin 2010; Heisler et al. 2013). Buildings may substitute as additional roost 

habitat in areas with high prey availability, serving as staging locations for nocturnal 

foraging. Unfortunately, I could not assess the relationship between building use and 

forest edge because it is highly colinear with percent forest cover in this study area, 

potentially confounding edge effects with forest cover effects (Fahrig 2003; Ewers et al. 

2007; Banks-Leite et al. 2010). Future studies should consider the interactive effects of 

forest cover and forest edge and interpret the results within the context of the forest 

configuration the study occurs in. 

Conditions within buildings may also better predict building use. Buildings 

insulate against variable weather conditions, provide shelter from extreme weather 

events, and limit exposure to mobbing by other bird species during the day (Andrusiak 

1994). Owls appeared to roost in most building types other than abandoned farm houses, 

and more than two-thirds of owls roosted in yards containing several building types, 

suggesting most accessible buildings can serve as roosts. One commonality among all 

buildings was the presence of stable, horizontal structures owls could roost on (e.g., roof 

trusses, wall braces, partial internal walls, window sills), suggesting owls do select 

among buildings by their internal conditions (Atuo and O’Connell 2017). However, many 

factors affecting internal environments differed among buildings that were not considered 

here, including but not limited to the material composition, structure, design, intended 

use, current use, number of access points, nearby human activity, and number of other 

species using the building. These differences may cause internal conditions to vary 

among buildings, including temperature, humidity, wind velocity, ambient lighting, and 



184 

 

interspecific interactions. Buildings may also serve as biodiversity hotspots near which 

prey availability is higher (Hiron et al. 2013; Rosin et al. 2016; Šálek et al. 2018). Owls 

may roost in buildings based on these conditions as well, examining the effects of which 

will provide insight into which buildings are likely candidates for roosting, as well as 

how great horned owls, a notorious habitat and predatory generalist, select habitat in 

general. 

This is the first study to attempt to identify those environmental conditions that 

encourage diurnal roosting in buildings among great horned owls, a generalist predator 

whose presence on the northern Great Plains has significant implications for many 

species at risk. Several studies suggest great horned owls are associated with landscapes 

heterogeneous in both open and forest habitat (Smith et al. 1999; Grossman et al. 2008; 

Rullman and Marzloff 2014), indicating they should not reside in landscapes where there 

is little to no forest cover. Regardless, they are now common residents of many buildings 

and yards across the mostly treeless mixed-grass prairie, suggesting behavioral plasticity 

in roost selection facilitated a range expansion into the region where little forest cover 

occurred before (Bailey 2003). My results were inconclusive, showing an insignificant 

but negligible increase in building use with decreasing forest cover availability. More 

surveys in landscapes containing greater percent forest cover may be needed to improve 

statistical power, but these may be difficult to find in the aspen parkland, which is 

intensively modified for agricultural production (Henwood 2010). Otherwise, future 

studies should consider the influence of forest edge effects and internal building 

conditions on great horned owl building use for roosting.  
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6. GENERAL CONCLUSIONS 

6.1. Research summary 

Biodiversity is thought to be integral to maintaining ecological resilience in 

periods of environmental change by maintaining a network of spatiotemporally defined 

interactions between organisms and their abiotic environments facilitating ecological 

multi-functionality (Virginia and Wall 2001; Hector and Bagchi 2007; Gamfeldt et al. 

2008; Zavaleta et al. 2010; Mace et al. 2011; Lefcheck et al. 2015). Heterogeneous 

landscapes support biodiversity by providing a diverse array of resources abundant 

enough to maintain population persistence among multiple species (Hunter and Price 

1992; Allouche et al. 2012; Tews et al. 2004; Stein et al. 2014). Modifying land for 

agricultural production homogenizes landscapes and isolates remaining habitat as smaller 

patches, a process that erodes the network of ecological processes supporting biodiversity 

and mechanisms through which functioning ecosystems are maintained, with significant 

implications for human well-being (Erb et al. 2009; Kastner et al. 2014; Hoekstra and 

Mekonnen 2012). 

Selection pressures driving rodent population dynamics across broad spatial 

extents are largely under-studied, especially on the northern Great Plains, because the 

conventional sampling method (i.e., trapping) is logistically inefficient at these 

spatiotemporal resolutions (Hanser et al. 2011). In Chapter 2, I proposed owl pellet 

analysis as an alternative sampling method and assessed its validity by conducting a 

meta-analytic literature review comparing small mammal diversity and composition 

between owl pellets and traps when the two methods were used simultaneously. Using 32 

comparisons involving 15 species, I found owls sampled greater diversity in similar 
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composition compared to traps, which remained consistent across owl genera and habitat 

type, confirming owl pellet analysis as an effective sampling method for landscape-level 

assessments of small mammal communities (Heisler et al. 2016). This research 

demonstrates that owl pellet analysis is a powerful tool that can be used to investigate 

landscape-level small mammal population dynamics (McDonald et al. 2013), including 

compositional changes in response to climatic variation (Hadly 1999; Heisler et al. 2014), 

species-habitat associations and habitat change (Pena et al. 2003; Heisler et al. 2013), 

species distributional change, and even the capacity to monitor endangered or exotic 

species distributions (Clark and Bunck 1991).  

In the next three chapters, I used owl pellet analysis to estimate rodent species 

responses to gradients of increasing habitat loss and fragmentation in the agriculture-

dominated northern Great Plains and assessed the implications of those changes on two 

raptor species. Rodent species’ responses to habitat fragmentation independent of habitat 

loss have not been examined at a landscape level, despite the broad implications 

fluctuating rodent community composition at this level has for the distributions of many 

prairie predators in the study area. Most small mammal research is limited to patch-level 

effects, results from which confound fragmentation effects with those of habitat loss 

(Fahrig 2003). In Chapter 3, I used a dataset of >10,000 owl pellet samples collected 

from landscapes varying in agricultural intensity to estimate rodent population responses 

to habitat loss and fragmentation. I hypothesized that rodent species would respond 

relative to the degree of grassland specialization each species exhibits, predicting 

negative responses from grassland and vegetation obligates and positive or neutral 

responses from habitat generalists. I found several rodent species did not respond as 
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predicted by their affinity towards grassland habitat, indicating habitat specialization may 

not be a universal proxy for species sensitivity to land modification after all. I suggest 

future studies carefully consider which dimension of the ecological niche defines 

specialization for all species under study (Franklin et al. 2005; Fischer and Lindenmeyer 

2007; Flynn et al. 2009; Betts et al. 2014).  

Habitat specialization does predict population responses to habitat loss and 

fragmentation among several relatively abundant grassland obligates and habitat 

generalists on the northern Great Plains of Canada. These results signal that continued 

land modification in prairie Canada (Gage et al. 2016) may threaten grassland obligate 

rodent species with regional extirpation, and shift rodent assemblages towards generalist-

dominated communities (Heisler et al. 2013). This may limit the ecosystem functions 

grassland obligate rodent species facilitate on the northern Great Plains (Poulin et al. 

2001; Heisler et al. 2014), such as prey availability for several prairie predators federally 

listed as species at risk. Further research on how landscape-level population responses 

inform the spatial distributions of these rodent species and affect their functional roles in 

highly modified landscapes is needed in the northern Great Plains and elsewhere. 

If land modification for agricultural production altered rodent distributions on the 

northern Great Plains of Canada, there are potential consequences for the persistence of 

burrowing owl populations, and other predatory species at risk, in prairie Canada. The 

agricultural matrix is characterized by elevated abundances of a few generalist rodent 

species, most notably the prairie deer mouse (Poulin 2003; Hennin 2010; Heisler et al. 

2013). High prey densities in the matrix likely attract predators, increasing predator 

densities and their interspecific interactions in intensively managed landscapes (Hennin 
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2010). Great horned owls represent a threat to burrowing owls because of their large size, 

generalist foraging habits, and intraguild depredation (Nordell et al. 2017). In Chapter 4, I 

investigated the potential for great horned owls to exclude burrowing owls competitively 

from high prey-density foraging habitats by comparing the vertebrate composition of 

their diets, estimated through owl pellet analyses. I hypothesized that non-overlapping 

diets indicate co-existence without direct competition for food, whereas overlapping diets 

suggest competitive exclusion is possible where home ranges overlap. I predicted their 

diets would not overlap because of differences in their size, diel activity, and trophic 

position (Poulin et al. 2011; Artuso et al. 2013). However, I found both owl diets were 

dominated by small mammal prey in similar species composition with no difference in 

diel activity, indicating the potential exists for great horned owls to exclude burrowing 

owls from productive foraging habitats competitively in intensively managed landscapes.  

Great horned owls have become common residents of many buildings across the 

northern Great Plains, suggesting behavioral plasticity in roost selection facilitated a 

range expansion into regions where natural roosting habitat may not have been available 

(i.e., where there are no trees; Smith et al. 1999; Grossman et al. 2008; Rullman and 

Marzloff 2014). This has significant implications for many prairie species susceptible to 

great horned owl depredation, against which they would have few defenses given the 

short evolutionary history of great horned owls in this region. In Chapter 5, I used a 

combination of 51 diurnal pellet surveys in buildings and nocturnal territorial broadcast 

surveys nearby to estimate the effect forest cover has on great horned owls roosting in 

buildings. My results were inconclusive; I observed a potentially biologically relevant but 

statistically insignificant decline in building use with increasing percent forest cover. 
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There are two explanations for this: 1) my dataset was not powerful enough to estimate a 

statistically significant effect, or 2) other environmental conditions (e.g., internal 

conditions, forest edge, prey availability near buildings) are responsible for great horned 

owls selecting buildings for roosts. This is the first study to attempt identifying which 

environmental conditions encourage diurnal roosting in buildings among great horned 

owls, a generalist predator whose presence on the northern Great Plains has significant 

implications for many species at risk.  

6.2. Broad implications 

My thesis research is the first landscape-level perspective of rodent responses to 

land modification and their implications for two sympatric raptor species on the northern 

Great Plains. Prior to addressing these objectives, I confirmed that prey remains in owl 

pellets can be quantified and used to estimate small mammal community composition 

across entire landscapes with relative efficiency (Heisler et al. 2016). I conclude that 

habitat specialization is not a universal proxy for rodent species sensitivity to land 

modification because intraspecific responses to fragmentation effects were not consistent 

with their affinity towards grassland habitat. Each species responded as predicted to some 

fragmentation effects and unexpectedly to others. On the northern Great Plains of 

Canada, the summed effect of these population responses appears to change the spatial 

composition of rodent communities (Heisler et al. 2013) in a way that may facilitate 

direct competition between the endangered burrowing owl and its much larger 

competitor, the great horned owl, highlighting the potential for interspecific interactions 

to play a deterministic role in burrowing owl population persistence in prairie Canada. 

Globally, these results inform a broader debate regarding which conservation strategy, 
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land sparing (Green et al. 2005; Phalan et al. 2011; Tilman et al. 2011) or land sharing 

(Foley et al. 2011; Wright et al. 2012; Mendenhall et al. 2014), will be most effective at 

meeting global biodiversity targets while increasing food production to feed a growing 

human population (Myers et al. 2000; Tilman et al. 2001).  
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